

[image: image]





Spanish Journal of Soil Science eBook Copyright Statement

The copyright in the text of individual articles in this eBook is the property of their respective authors or their respective institutions or funders. The copyright in graphics and images within each article may be subject to copyright of other parties. In both cases this is subject to a license granted to Frontiers. 

The compilation of articles constituting this eBook is the property of Frontiers. 

Each article within this eBook, and the eBook itself, are published under the most recent version of the Creative Commons CC-BY licence. The version current at the date of publication of this eBook is CC-BY 4.0. If the CC-BY licence is updated, the licence granted by Frontiers is automatically updated to the new version. 

When exercising any right under the CC-BY licence, Frontiers must be attributed as the original publisher of the article or eBook, as applicable. 

Authors have the responsibility of ensuring that any graphics or other materials which are the property of others may be included in the CC-BY licence, but this should be checked before relying on the CC-BY licence to reproduce those materials. Any copyright notices relating to those materials must be complied with. 

Copyright and source acknowledgement notices may not be removed and must be displayed in any copy, derivative work or partial copy which includes the elements in question. 

All copyright, and all rights therein, are protected by national and international copyright laws. The above represents a summary only. For further information please read Frontiers’ Conditions for Website Use and Copyright Statement, and the applicable CC-BY licence.

ISSN 2253-6574
ISBN 978-2-8325-2608-8
DOI 10.3389/978-2-8325-2608-8





Current Research on Soil Science and Related Aspects of Environmental Sciences in Galicia

With this Special Issue, the Spanish Journal of Soil Science starts a series of regionally- and/or country-focused Special Issues. In this Special Issue, Galician researchers, and/or researchers from any country working on Soil Science (and/or related aspects of Environmental Sciences) dealing with Galicia have published manuscripts.

This geographic area shares borders with Portugal, the Spanish Autonomous Communities of Castilla-León, and Asturias, and the Atlantic Ocean, and has a marked diversity in geology, climate, geomorphology, landscapes, soils, forests, crops, fauna, and the whole environment, as well as specific social, cultural, industrial and economy aspects.



[image: image]






Table of Contents



Editorial: Current Research on Soil Science and Related Aspects of Environmental Sciences in Galicia

DOI: 10.3389/sjss.2023.11485

Avelino Núñez-Delgado, Xosé Lois Otero-Pérez and Esperanza Álvarez-Rodríguez

Influence of pH, Humic Acids, and Salts on the Dissipation of Amoxicillin and Azithromycin Under Simulated Sunlight

DOI: 10.3389/sjss.2022.10438

Lucía Rodríguez-López, Vanesa Santás-Miguel, Avelino Núñez-Delgado, Esperanza Álvarez-Rodríguez, Paula Pérez-Rodríguez and Manuel Arias-Estévez

Occurrence of Nine Antibiotics in Different Kinds of Sewage Sludge, Soils, Corn and Grapes After Sludge Spreading

DOI: 10.3389/sjss.2022.10741

Ana Barreiro, Raquel Cela-Dablanca, Carolina Nebot, Lucía Rodríguez-López, Vanesa Santás-Miguel, Manuel Arias-Estévez, María Fernández-Sanjurjo, Avelino Núñez-Delgado and Esperanza Álvarez-Rodríguez

Soil Bacterial Community Tolerance to Three Tetracycline Antibiotics Induced by Ni and Zn

DOI: 10.3389/sjss.2023.10799

Vanesa Santás-Miguel, Laura Rodríguez-González, Avelino Núñez-Delgado, Esperanza Álvarez-Rodríguez, Montserrat Díaz-Raviña, Manuel Arias-Estévez and David Fernández-Calviño

Nitrate and Phosphorus Transport in a Galician River (NW Iberian Peninsula): Insights From Fourteen Years of Monitoring

DOI: 10.3389/sjss.2023.11108

M. L. Rodríguez-Blanco, M. M. Taboada-Castro and M. T. Taboada-Castro

Mercury Content and Pools in Complex Polycyclic Soils From a Mountainous Area in Galicia (NW Iberian Peninsula)

DOI: 10.3389/sjss.2023.11192

Antía Gómez-Armesto, Melissa Méndez-López, Andrea Parente-Sendín, Noemi Calvo-Portela, Xabier Pontevedra-Pombal, Eduardo García-Rodeja, Flora Alonso-Vega and Juan Carlos Nóvoa-Muñoz

Agricultural Use of Pesticides in Galicia (NW Spain) During the 20th Century: Inventory of Active Substances and Their Geographic Distribution

DOI: 10.3389/sjss.2023.11197

Raquel Chaves and Carmela Monterroso

Forms of Toxic and Trace Metals in Grassland Soils of Galicia, Spain

DOI: 10.3389/sjss.2023.11201

Cristina López-Mateo, Raúl Marcos-Rodríguez, Florentino Díaz-Rodríguez and Maria Luisa Fernandez-Marcos

Microbial Communities as Affected by Clarithromycin Addition in Four Acid Soils (NW Iberian Peninsula)

DOI: 10.3389/sjss.2023.11319

Laura Rodríguez-González, Elena García-Campos, Ángela Martín, Montserrat Díaz-Raviña, Manuel Arias-Estévez, David Fernández-Calviño and Vanesa Santás-Miguel

Blue Carbon Stock in Zostera marina Meadows in the Ría de Ferrol (NW Iberian Peninsula)

DOI: 10.3389/sjss.2023.11352

María del Carmen de la Cerda-Marín, Guillermo Díaz-Agras, Ramiro Rodríguez Tato, María Candás Romero, Marcos Pérez Señarís, Andrés de Solaun Eimil and Xosé Luis Otero



		EDITORIAL
published: 12 May 2023
doi: 10.3389/sjss.2023.11485


[image: image2]
Editorial: Current Research on Soil Science and Related Aspects of Environmental Sciences in Galicia
Avelino Núñez-Delgado*, Xosé Lois Otero-Pérez and Esperanza Álvarez-Rodríguez
Department of Soil Science and Agricultural Chemistry, University of Santiago de Compostela, Santiago de Compostela, Spain
Edited by:
Irene Ortiz-Bernad, University of Granada, Spain
* Correspondence: Avelino Núñez-Delgado, avelino.nunez@usc.es
Received: 17 April 2023
Accepted: 25 April 2023
Published: 12 May 2023
Citation: Núñez-Delgado A, Otero-Pérez XL and Álvarez-Rodríguez E (2023) Editorial: Current Research on Soil Science and Related Aspects of Environmental Sciences in Galicia. Span. J. Soil Sci. 13:11485. doi: 10.3389/sjss.2023.11485

Keywords: editorial, current research, soil science, environmental sciences, Galicia
Editorial on the Special Issue 
Current Research on Soil Science and Related Aspects of Environmental Sciences in Galicia


As recently as under 200 years ago, soil was almost unknown as subject of scientific study, and its status was far from being part of the disciplines taught at universities (Brevik, 2005; Brevik and Hartemink, 2010; Díaz-Raviña and Caruncho, 2022; Reyes-Sánchez and Irazoque, 2022). Nowadays, however, Soil Science is a consolidated field of knowledge, with clear recognition at academic, scientific, and technical levels. In Spain, the Spanish Society of Soil Science (Sociedad Española de la Ciencia del Suelo, SECS) has reached 75 years of history, while in Galicia, Soil Science is commemorating 70 years. Throughout all this time, many professors and researchers have contributed their dedication and efforts to promote Soil Science in Spain and Galicia. Among them, Dr. E. Huguet del Villar, Dr. J. M. Alvareda, Dr. F. Guitián Ojea, and many others who followed them and who unfortunately are no longer with us. Those of us who continue to work in this field, as heirs to their legacy, will try to maintain and transmit their in-depth knowledge and impression to the next generations.
The first studies on the soils of Galicia date back to the 1930s, carried out by Huguet del Villar, with his publications on the types of soils in Galicia (Huguet del Villar, 1935) and the Soil Map of the Lusitano-Iberian Peninsula (Huguet del Villar, 1938). After various other studies that followed those original ones, more recently several books were also published on the types of soils in Galicia, such as the one focusing on Soils in A Coruña province (Macías and Calvo, 1992), a chapter on Galician soils (Macías and Calvo, 2001), or the review on the soils of a wider area (the temperate-humid zone of Spain) carried out by Carballas et al. (2016).
Soil has played a crucial role throughout human history. Regarding Soil Science, the knowledge generated by soil scientists has contributed to alleviating hunger in many parts of the world, has favored the restoration of degraded ecosystems, and currently helps us to face new challenges, such as the fight against global warming or the eutrophication of surface waters. However, we must also bear in mind that many soil scientists have the perception that soil and Soil Science do not receive the same social recognition as other related areas. For this reason, while advancing in scientific knowledge, we should also move ahead in the dissemination of our science. In this sense, the present SI of the SJSS aims to collect the results of research lines that address relevant and/or novel aspects related to Galician soils and other environmental compartments, ranging from the incidence of antibiotics in agricultural soils to the quantification of Blue C in Zostera soils in the Ría of Ferrol, among others. In fact, we take into account that, as artistic shows do, Science must go on and must be continuously updated and fed with the latest findings. The Editors of this Special Issue hope that all the papers included in it will contribute to showing what could be seen as a kind of interesting and stimulating performance focused on hot topics in Soil and Environmental Sciences, which take place in this geographic area, but are also relevant at a global level.
Specifically, the paper by Barreiro et al. focused on quantifying a variety of antibiotics present in sewage sludge, soils, corn, and grape samples after the spreading of sludge, whereas the one by de la Cerda-Marin et al. dealt with the study of blue carbon stock in Zostera marina meadows in the Ría of Ferrol. In turn, the study by Chaves and Monterroso reported details on the agricultural use of pesticides in Galicia during the 20th century, providing an inventory of active substances and their geographic distribution, while the research by Gómez-Armesto et al. was directed towards determining mercury content and pools in complex polycyclic soils from a mountainous area in Galicia. López-Mateo et al. investigated toxic and trace metals in grassland soils of Galicia, while the work by Rodríguez-Blanco et al. was about “Nitrate and Phosphorus Transport in a Galician River (NW Iberian Peninsula): Insights From Fourteen Years of Monitoring.” Rodríguez-González et al. carried out a study on microbial communities affected by clarithromycin addition in four acid soils, whereas Rodríguez-López et al. investigated the “Influence of pH, Humic Acids, and Salts on the Dissipation of Amoxicillin and Azithromycin under Simulated Sunlight.” Finally, the paper by Santás-Miguel et al. studied “Soil Bacterial Community Tolerance to Three Tetracycline Antibiotics Induced by Ni and Zn”.
We really hope that this SI will contribute to stimulating further research on Soil and Environmental Sciences in Galicia, in Spain, and globally, thus continuing the work of our predecessors. We are confident that present and future researchers will be able to reap what these key soil scientists have sowed. To end this editorial piece, just a wish for all of us: May Science be with you!
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This work is focused on the study of the dissipation of the antibiotics amoxicillin (AMX) (an amino penicillin) and azithromycin (AZT) (belonging to the macrolide group), performed at a laboratory scale, under simulated sunlight and in the dark, at pH values 4.0, 5.5, and 7.2, and in the presence of humic acids and different inorganic salts. The results indicate that AMX is more affected than AZT by simulated sunlight, with half-lives ranging 7.7–9.9 h for AMX and 250–456 h for AZT. The lowest half-life values were obtained at pH 7.2 for AMX (7.7 h) and at pH 4.0 for AZT (250 h). Regarding the effect of various salts, the presence of NaNO3 causes that C/C0 decreases from 0.6 to 0 under simulated sunlight, having no effect on the dissipation of AMX in the dark. However, in the presence of FeCl3 at concentrations of 500 mg L−1, AMX suffered total dissipation, both under simulated sunlight and in the dark. For AZT the influence was lower, and the salts that caused a higher increase in its dissipation were NaCl (with C/C0 decreasing from 0.5 to 0.2) and CaCl2 (C/C0 decreasing from 0.5 to 0.3). The presence of humic acids caused a slight increase in the dissipation of AMX, both under simulated sunlight and in the dark, a fact that was attributed to the adsorption of the antibiotic onto these organic substances, which, however, caused a more marked increase in the dissipation of AZT (reaching 68%) under simulated sunlight. The overall results of this research can be considered clearly relevant, mainly to determine the fate of AMX and AZT when these antibiotics reach the environment as pollutants, either as regards their exposure to natural sunlight, or in relation to the use of inactivation/photo-degradation systems in decontamination procedures focused on environmental compartments.
Keywords: amoxicillin, azithromycin, humic acids, inorganic salts, photo-degradation
INTRODUCTION
Antibiotics reaching environmental compartments are considered emerging pollutants, and its presence in soils can cause a variety of public health and environmental issues (Tello et al., 2012; Manyi-Loh et al., 2018; Iwu et al., 2020; Serwecińska, 2020). The passage of antibiotics from soils to surface-, subsurface- and ground-water (and its direct arrival to riverbeds through wastewater), as well as their entry into the food chain through crops or aquatic organisms, is considered a particularly relevant risk (Zhao et al., 2019; Kumar et al., 2020; Muhammad et al., 2020; Hassan et al., 2021). But a particular aspect, specific to the soil, is the potential harmful effects of antibiotics on edaphic microorganisms (Brandt et al., 2015; Cycoń et al., 2019; Santás-Miguel et al., 2020), both due to the direct toxicity on these microorganisms, and to the development of pathogenic antibiotic resistant bacteria (Forsberg et al., 2012; Cycoń et al., 2019). In this regard, as indicated in Salam and Obayori (2019), antibiotic resistance is common in the environment, and the meta-genomic approach has recently shown its increasing relevance, mainly in cultivated soils and environmental compartments affected by anthropogenic activities.
One of the main routes for antibiotics to reach soils and the overall environment is through wastewater and sewage sludge spreading, and since many treatment plants (WWTPs) have low efficiency in removing these compounds (Wang and Wang., 2016; Yang et al., 2016), different additional methods have been tested to inactivate/remove them, among which oxidation processes, adsorption or biological treatments stand out (Han et al., 2019; Han et al., 2021; Nippes et al., 2021). This low purification efficiency reached in WWTPs, is one of the reasons why relevant concentrations of antibiotics appear in both surface and groundwater, and even in drinking water (Kemper, 2008).
Once these antibiotics reach watercourses, their degrees of susceptibility to photo-degradation are of main importance to establishing their persistence, as occurs in soils and other environmental compartments (Cycoń et al., 2019; Nnadozie and Odume, 2019; Arun et al., 2020). This susceptibility to photo-degradation can be studied in the laboratory under simulated sunlight, allowing to determine the persistence of the antibiotics in the environment (particularly in aqueous media), which affects their probability of generating environmental and public health issues (Bilal et al., 2020; Chaturvedi et al., 2021).
Given the complexity and importance of this problem, it would be clearly interesting to obtain new experimental data regarding the degradation of antibiotics that takes place in aqueous media (which could correspond to watercourses, but could also be representative of the soil solution). In a latter step, this would help in modeling the behavior of these compounds in a variety of environmental situations, allowing to predict and fight related pollution and public health issues (Rico et al., 2019; Su et al., 2019; Tang et al., 2019; Khan et al., 2020; Bavumiragira et al., 2022).
In addition, this kind of information on photo-degradation, obtained through laboratory experiments, could be useful to find the most favorable conditions promoting the removal/inactivation of antibiotics present in wastewater, which could be studied in later phases, at pilot scale, before entering the real world scale if justified (Liu et al., 2018; Almansba et al., 2021; Silva et al., 2021).
With the above background in mind, this work was conceived to study the laboratory photo-degradation of two antibiotics: amoxicillin (AMX), a semi-synthetic derivative of penicillin that is among the most widely used antibiotic substances, and has been detected in waters of different countries (Tran et al., 2019; Sodhi et al., 2021; Yang et al., 2021), and azithromycin (AZT), a macrolide which was also detected in different water samples (Yi et al., 2019; Yang et al., 2021). This is the first study on the photo-degradation of both antibiotics in aqueous media in which the pH is modified, as well as the concentrations of different salts and humic acids. The results of this research could shed light on these processes, which are highly relevant at the level of different environmental compartments, public health and the overall environment.
MATERIALS AND METHODS
Chemicals and Reagents
The antibiotics used were Amoxicillin tri-hydrate (AMX) with 95% purity, and Azithromycin (AZT), with 98% purity, both from by Sigma Aldrich (Barcelona, Spain). MilliQ water was used to prepare the AMX solution (at 50 µM), while AZT was prepared at 5 mM in 96% ethanol, and from this a 50 µM concentration was obtained by dilution with MilliQ water. All the reagents used for HPLC analyses (acetonitrile, phosphoric acid and monopotassium phosphate), and the different inorganic salts used, were of high purity analytical grade, supplied by Sigma-Aldrich (Barcelona, Spain). The most relevant physicochemical characteristics of both antibiotics are presented in Table 1.
TABLE 1 | Properties of the antibiotics studied.
[image: Table 1]Antibiotics Quantification
The equipment used for the quantification of the antibiotics was an UltiMate 3000 HPLC (Thermo Fisher Scientific, United States), with a quaternary pump, an auto-sampler, a thermosstatted column compartment and an UltiMate 3000 series ultraviolet-visible detector. This equipment contains a computer with version 7 of the Chromeleon software (Thermo Fisher Scientific, United States). Chromatographic separations were performed on a Luna C18 analytical column (150 mm long; 4.6 mm internal diameter; 5 µm particle size) from Phenomenex (Madrid, Spain), and a security column (4 mm long; 3 mm internal diameter; 5 µm particle size), packed with the same material as the column.
As the quantification limits were 0.01 µM for AMX and 0.5 µM for AZT, the injection volumes were lower for the former (50 µL), while it was 200 µL for AZT. The flow rates were 1.5 ml min−1 for AMX and 1 ml min−1 for AZT. The temperature was kept constant at 25 ± 1°C throughout the analysis. Finally, it should be noted that between each measurement, the syringe was washed with a methanol:water solution (ratio 50:50).
The conditions used to achieve the separation of the antibiotic AZT were the following: the mobile phase was formed by acetonitrile (phase A), and by monopotassium phosphate 0.025 M (phase B). The linear gradient elution program was executed from 5 to 70% for phase A and from 95 to 30% for phase B with a time of 18 min. The initial conditions were restored in 2 min and held for 3 min. The total time for analysis was 25 min, with a retention time of 9.7 min, and the wavelength used for detection was 210 nm.
AMX was separated under the following conditions: the mobile phase was acetonitrile (phase A) as for AZT, but with phase B being 0.01 M phosphoric acid (at pH = 2). The linear gradient elution program was executed from 5 to 15% for phase A and from 95 to 85% for phase B, within 4 min. The initial conditions were restored in 2 min. The total analysis time was 10 min, with a retention time of 3.3 min, and the wavelength used was 230 nm.
Additionally, in the aqueous solutions in which photo-degradation was studied, the total organic carbon (TOC) was determined at times of 0, 2, 16, and 72 h of exposure to light, to determine the degree of antibiotic mineralization. However, it was performed just for AMX, as AZT had been prepared in ethanol, as indicated above. Specifically, the quantification of TOC was carried out by means of a Multi N/C2100 equipment (Analytikjena, Jena, Germany).
Photo-Degradation Experiments
Influence of pH on AMX and AZT Photo-Degradation
The effect of pH on degradation was studied, both under simulated sunlight and in the dark, adjusting the solutions to three pH values (4.0, 5.5, and 7.0) with 0.5 M NaOH and 0.5 M HCl. The following conditions were used to carry out the study in the dark: Six (6) ml of the solution of each antibiotic (at concentrations of 50 µM) were placed in opaque glass EPA vials that were kept at a constant temperature (22 ± 2°C); the concentration of each antibiotic was measured at different times (between 0.1 and 72 h for AMX, and between 0.1 and 192 h for AZT) using the HPLC equipment. In the simulated sunlight experiments, the samples were placed in a Suntest CPS + Atlas cabinet (Germany) equipped with a 550 Wm−2 xenon lamp and quartz filters with a wavelength cut-off at 285 nm. The contact times were the same as those used in the experiments in the dark.
Effects of Inorganic Salts and Humic Acids on AMX and AZT Photo-Degradation
For these experiments, specific samples were prepared with a 50 µM concentration of each antibiotic and with different concentrations of each salt (0, 5, 10, 50, and 500 mg L−1) and humic acids (0, 0.05, 0.1, 0.2, 0.5, 1, and 10 mg L−1). The salts used were NaCl, CaCl2, NaNO3, Na2HPO4, and FeCl3. The solutions were adjusted to pH 4.0 with 0.5 M NaOH and 0.5 M HCl, except for the samples with humic acids, which were adjusted to pH 5.5, since these substances precipitate at more acidic pH values.
The exposure to light or dark conditions took place during a time dependent on the half-life of each antibiotic, calculated from the experimental data of degradation in water at pH 4.0, which were described with an exponential decay model presented below, being 8 h for AMX and 216 h for AZT. All experiments were performed in triplicate.
Decay Model
The experimental data were fitted to an exponential decay model (Eq. 1)
[image: image]
where C/C0 is the fraction of the initial concentration C0 that remains in the suspension after a given time t (expressed in min), and k (min−1) is the kinetic dissipation constant. The half-life (t1/2) of each compound was calculated as per Eq. 2:
[image: image]
RESULTS
Effect of pH on AMX and AZT Photo-Degradation in Absence of Inorganic Salts and Humic Acids
Figure 1 shows the dissipation results for AMX and AZT at different pH values, both under simulated sunlight and in the dark. For AMX, there was no dissipation in the dark at the three pHs studied, keeping the value of the ratio C/C0 close to 1 (Figures 1A–C), while significant degradation occurred under simulated sunlight, although without showing a clear trend as a function of pH (Figures 1A–C), reaching C/C0 values close to 0 after 40 h of contact/exposure.
[image: Figure 1]FIGURE 1 | Degradation kinetics of the antibiotics studied. (A) Amoxicillin at pH 4.0; (B) Amoxicillin at pH 5.5; (C) Amoxicillin at pH 7.0; (D) Azithromycin at pH 4.0; (E) Azithromycin at pH 5.5; (F) Azithromycin at pH 7.0.
The behavior of AZT in dark conditions was similar to that of AMX, keeping the C/C0 values close to 1 for all the contact times considered (Figures 1D–F). However, the degradation under simulated sunlight was much lower than that of AMX, in spite of using longer times of exposure to light (Figures 1D–F), with C/C0 values always above 0.5. In this case, the degradation was higher at pH 4.0 than at pH 5.5 and 7.2 (Figures 1D–F).
The exponential decay model used to calculate half-lives (Eq. 1) proved to be useful for this type of estimation, with R2 scoring between 0.913 and 0.999 (Table 2). For AMX, the kinetic constants (k) did not show clear variation when pH went from 4.0 to 7.2, with just a slight increase at pH 7.2, with the half-life following the same trend, going from 8.8 h (at pH 4.0) to 7.7 h (at pH 7.2), and reaching a value of 9.9 h at the intermediate pH of 5.5 (Table 2).
TABLE 2 | Data corresponding to the exponential decay model showing the behavior of the antibiotics in filtered milliQ water at different pH values; k: rate constant (h−1); t1/2: half-life (h).
[image: Table 2]Furthermore, changing the pH between 4 and 7.2 does not produce significant modifications in the AMX adsorption spectra (Figure 2), an aspect that could also influence its degradation, but it does not seem to be relevant in this case.
[image: Figure 2]FIGURE 2 | Spectra of antibiotics adsorption and speciation at different pH values (4.0, 5.5 and 7.2). (A) Spectrum of Amoxicillin (AMX); (B) Speciation of AMX; (C) Spectrum of Azithromycin (AZT); (D) Speciation of AZT.
Figure 3 presents TOC data corresponding to the experiments with AMX under simulated sunlight at different pHs and at different times of exposition to light. With 2 and 16 h of exposure, TOC does not decrease significantly, despite the fact that the concentration of AMX does reduce by more than 50% at the three pH values studied (Figures 1A–C). After 72 h of simulated sunlight, AMX was below the quantification limit, but the TOC measurements only decreased between 30 and 35%, without significant differences among the three pH values studied (Figure 3).
[image: Figure 3]FIGURE 3 | Total organic carbon (TOC) values (mg L−1) for Amoxicillin (AMX), at times: 0, 2, 16, and 72 h, in the experiments under simulated sunlight. Average values for three replicates (n = 3), with vertical bars corresponding to standard deviations.
The degradation of AZT was different from that of AMX, with much lower kinetic constants (ranging between 0.0016 and 0.0028 h−1) and much longer half-lives (between 250 and 456 h), the lowest values corresponding to pH 4.0. This indicates that AZT suffers higher degradation at acidic pH (4.0) (Table 2), with a minimum degradation at pH 5.5, which corresponds to a longer half-life (Table 2).
Effects of Inorganic Salts and Humic Acids on AMX and AZT Photo-Degradation
The effects of the presence of the inorganic salts NaCl, CaCl2, NaNO3, Na2HPO4, and FeCl3, and of soluble organic matter (humic acids) on the degradation of the two antibiotics studied, both in the dark and under simulated sunlight, are presented in Figures 4, 5.
[image: Figure 4]FIGURE 4 | Amoxicillin (AMX) degradation under simulated sunlight and in the dark, in the presence of the inorganic salts: (A) NaCl; (B) CaCl2; (C) NaNO3; (D) Na2HPO4; (E) FeCl3; and in the presence of (F) humic acids.
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Figure 4 shows the data corresponding to AMX. The results indicate that the degradation of AMX is dependent on exposition to light, as well as on the matrix, and on the characteristics of the antibiotic. In the dark, no effect on the degradation of AMX was found for the different inorganic salts studied, except for FeCl3 at its highest concentration (500 mg L−1), which causes a 100% dissipation of AMX; however, under simulated sunlight, AMX degradation was greatly increased in the presence of NaCl and NaNO3 (Figures 1A,C). The inorganic salt NaCl had an effect favoring the dissipation of AMX, with C/C0 passing from a value of 0.61 in the sample without NaCl to 0.34 in the presence of 500 mg L−1 of NaCl, which means a decrease of 44% for this antibiotic (Figure 4A). The presence of NaNO3 caused the dissipation of practically 100% of AMX for the highest concentration of the salt used (500 mg L−1) (Figure 4C).
The effects of CaCl2 and Na2HPO4 under simulated sunlight were slightly lower, with C/C0 values changing from 0.60 to 0.48, and from 0.65 to 0.57, respectively, which represents 21% and 12% dissipation, respectively (Figures 4B,D). As was the case in the dark, the presence of FeCl3 made AMX degradation very high (Figure 1E).
The effect of the presence of inorganic salts on the dissipation of AZT is shown in Figure 5. In the dark, no significant effect was observed, while under simulated sunlight the salts that had the greatest effect on increasing the degradation of AZT were NaCl, (with C/C0 changing from 0.49 to 0.24, which means a dissipation of 51% for the antibiotic) and CaCl2 (with C/C0 changing from 0.52 to 0.27, which means 47% of dissipation) (Figures 5A,B); NaNO3, Na2HPO4 and FeCl3 did not cause increases in AZT degradation (Figures 5C–E). The fundamental difference of AZT with respect to AMX is the lack of effect of FeCl3, and the effect of NaCl and NaNO3 favoring the degradation for AZT, with respect to AMX (Figures 4, 5).
Finally, the presence of dissolved organic matter (humic acids) had very scarce effect on AMX degradation, both in the dark and under simulated sunlight (Figure 4F). There is a slight dissipation taking place both in the dark and under simulated sunlight (4%–19% of increase in dissipation) that can be related to the adsorption of AMX onto humic acids. However, for AZT the results are similar to those of AMX in the dark (6% of increase in dissipation), whereas under simulated sunlight the dissipation is very intense, reaching 68% (Figure 5F).
DISCUSSION
Effect of pH on AMX and AZT Photo-Degradation
Regarding previous publications, there are few data on the photo-degradation of AMX in aqueous solutions without the intervention of a photo-catalyst, but the trend is that the degradation increases as the pH rises, as has been pointed out in studies using TiO2 nanoparticles (Moosavi and Tavakoli, 2016; Li et al., 2019), or ZnO (Elmolla and Chaudhuri, 2010). However, there are also other studies indicating that changing pH does not affect AMX degradation, such as that of Dimitrakopoulou et al. (2012), who reported that the change in pH from 5 to 7.5 had not effect on AMX degradation, but it did slow down the mineralization of the antibiotic. This increase in degradation as the pH rises is usually related to the different sensitivity of the various species present, which is dependent on pH. Specifically, the zwitterion and negatively charged forms grow as the pH increases (Figure 2), which is determined by their pKa values. The effect of increasing photo-degradation with rising pH has also been highlighted for other antibiotics, such as tetracyclines (Conde-Cid et al., 2018a), sulfonamides (Canonica et al., 2008; Conde-Cid et al., 2018b) and other families of antibiotics (Canonica et al., 2008; Rodríguez-López et al., 2021; Álvarez-Esmorís et al., 2022).
Regarding TOC analyses, the results obtained indicate that the mineralization of AMX is not complete and that intermediate molecules are formed through different degradation pathways, such as hydroxylation, hydrolysis and decarboxylation (Li et al., 2019; Zhang et al., 2019).
The behavior of presenting a maximum stability at pH between 5.0 and 6.5, has already been described for AZT by other authors (Farghaly and Mohamed, 2004; Zhang et al., 2009). In addition, Čizmič et al. (2019) described a lack of effect on the degradation of AZT due to varying pH between 3.0 and 7.0, but they did observe an increase in the degradation of AZT when pH reached 10. The greater or minor degree of photo-degradation in this case is not related to different ionic forms of the molecule, since AZT has a predominantly positive charge in the pH range studied in the current work, due to its very high pKa values (Table 1; Figure 2D). Although it was not possible to verify this fact with TOC measurements, numerous intermediate degradation products have also been detected for AZT, generating different fragments due to modifications in the macrolide ring (Tong et al., 2011).
Effects of Salts and Humic Acids on Photo-Degradation
The effect of Fe favoring the degradation of AMX has already been described by several authors, both through the Fenton reagent (Ay and Kargi, 2010) and through Fe particles (Ghauch et al., 2009), the fundamental mechanism being the formation of OH radicals that favor the degradation of the antibiotic (Buitrago et al., 2020).
Comparing with previous publications, the results regarding the effects of different water matrices on the degradation of the antibiotics are contradictory, which can be attributed to the different experimental conditions and the difference in sensitivity of the antibiotics. In this sense, Canonica et al. (2008) indicate that the effects of photosensitizers on the degradation of antibiotics depended on the type of antibiotic and the light source. Different results are also described even within the same family of antibiotics, as is the case of the various responses due to the presence of dissolved organic matter and nitrates on the degradation of different cephalosporin molecules (Jiang et al., 2010). In general, the presence of nitrates in water has been related to an increase in the photolysis of AZT (Tang et al., 2019). In addition, an increase in ionic strength was related to a higher rate of degradation of AZT (Zhang et al., 2009). Other authors found an inhibitory effect due to the presence of anions such as Cl−, HCO3−, NO3−, and SO42-, which has been observed for AMX (Zhang et al., 2019), while some other authors did not find neither inhibition nor promotion of degradation (Mavronikola et al., 2009).
Regarding the effect of humic acids on the dissipation of antibiotics, it probably depends on the content of these organic substances, since at low concentrations they can work as promoters of the photosensitivity of antibiotics, while at high concentrations they can act as a preventer of photo-degradation by increasing the turbidity of the liquid medium (Thiele-Bruhn, 2003; Xuan et al., 2010). This is one of the reasons why contradictory results are found regarding its effect on the degradation of antibiotic molecules. As example, an effect of increasing the dissipation of sulfonamides has been previously reported (Conde-Cid et al., 2018b), but their presence caused no effect on the dissipation of tetracycline (Chen et al., 2008).
Conclusion
Among the main facts to remark from the current study, it should be noted that the antibiotics AMX and AZT did not show significant dissipation in the dark. AMX presented a half-life under simulated sunlight that ranged between 7.7 and 8.7 h, with the lowest value associated to the highest pH in the range investigated (pH 7.2). On the other hand, AZT presented a higher half-life, with values that ranged between 250 and 456 h, showing the highest value for an intermediate pH (5.5). AMX completely dissipated after 50 h of simulated sunlight, but the evaluation of the TOC values indicates that the mineralization ranged between 30% and 35%, which corresponds to the formation of intermediate compounds. However, AZT did not completely dissipate even for the longest contact time used (216 h) for the three pH values tested (4.0, 5.5, and 7.2). The presence of NaCl had a favorable effect on the dissipation of both antibiotics, with an increase in degradation of 44% and 51% for AMX and AZT, respectively. The presence of CaCl2 increased the dissipation of AMX by 21%, and 47% for AZT. NaNO3 caused the total dissipation of AMX when this salt was present at high concentrations, while it had no effect on AZT. The presence of Na2HPO4 had no effect on the dissipation of the two antibiotics studied, while FeCl3 drastically increased AMX dissipation both in the dark and under simulated sunlight, and had no effect on AZT. The presence of humic acids only slightly increased the dissipation of AMX, both in the dark (17%) and under simulated sunlight (4%), having a similar effect for AZT in the dark (6% increase in dissipation), and being more pronounced under simulated sunlight, with an increase in dissipation of 68% for the highest concentration of these substances (10 mg L−1). These results can be considered relevant to understand and predict the fate of both antibiotics when they reach environmental compartments, and could help to define appropriate conditions to achieve the inactivation/degradation/removal of these emerging pollutants.
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The huge worldwide use of antibiotics triggers the accumulation of these substances in sludge from wastewater treatment plants (WWTP) and the possible contamination of soils amended with it, as well as of crops growing in these soils. In this work we analyzed the presence of the antibiotics amoxicillin (AMO), cefuroxime (CEF), ciprofloxacin (CIP), clarithromycin (CLA), levofloxacin (LEV), lincomycin (LIN), norfloxacin (NOR), sulfadiazine (SUL), and trimethoprim (TRI), in sludge from different WWTPs in Galicia (NW Spain), as well as in sludge technically treated by waste-managers, in soils where treated sludge was applied, and in crops (corn and vineyard) growing in the amended areas. The antibiotics were quantified by means of high resolution HPLC-mass-chromatography. The results indicate that almost all the sludge samples contained antibiotics, being ciprofloxacin and levofloxacin the most abundant reaching maximum values of 623 and 893 ng/g, respectively. The sludge treatment significantly reduced the number and the concentrations of antibiotics. In 12% of the soil samples where sludge was applied, some antibiotics were detected, but always in small concentrations. Regarding the crops, no antibiotic was detected in the roots, stalk, leaves and grain of corn, neither in grapes sampled in vineyards. It can be concluded that the treatments currently applied in the WWTPs under study are not totally effective in removing antibiotics from the sludge, although the findings of this research suggest that the additional specific treatment of the sludge derived from these WWTPs is effective in reducing the risk of environmental pollution due to a variety of antibiotics, and specifically in the case of soils amended with these organic materials and crops growing on it.
Keywords: antibiotics, composting, crop soils, sludge treatment, wastewater treatment plants
INTRODUCTION
Antibiotics have been widely used in human medicine since the discovering of penicillin in 1928, mainly to treat bacterial infections. Their consumption reaches globally up to 15.7 daily doses (DDDs) per 1,000 people (Sriram et al., 2021) with a slightly higher average for Europe, with 16.4 DDD per 1,000 inhabitants (ECDC, 2021). These pharmaceuticals are also provided as food supplement to animals for growth promotion, although this it is banned in Europe (Spielmeyer, 2018), and for animal health control which can lead to the soil persistence of these compounds after repeated application of manure and slurry (Gros et al., 2019). Globally, between the years 2000–2015, 42.3 billion DDD were consumed by humans and the antibiotics consumption rate increased 39%, being higher in high-income countries (Klein et al., 2018), with amoxicillin and amoxicillin/clavulanic acid being the most frequently consumed antibiotics in most countries (Aldeyab et al., 2020). Within the European Union, the antibiotics more consumed are the ones from the group of β-Lactam antibacterial molecules and penicillins (42.3%) and the general consumption pattern has not significantly change in the period 1997–2017 (Bruyndonckx et al., 2021). The country raking of antibiotic consumption in Europe is led by Greece, with Cyprus and Spain in second and third place, respectively (Bruyndonckx et al., 2021).
After its administration, these compounds are partially metabolized and then excreted, reaching the sewage systems and wastewater treatment plants (WWTP). The sludge generated in the WWTP has a great capacity for adsorbing antibiotics, favoring their accumulation, which has been previously described. Specifically, in a study carried out in China, 21 different antibiotics were detected with concentrations up to 5,800 ng g−1 in two WWTPs (Zhou et al., 2013), and in Sweden 9 different antibiotics were detected in 11 WWTPs (Östman et al., 2017). Some of the most relevant antibiotics present in WWTPs are: ciprofloxacin, appearing in 90% of the sampled WWTP effluents in a European survey (Loos et al., 2013); lincomycin, which is among the three main individual pollutants usually found in concentrations over 10 μg L−1 in the sewage influents in Korea (Behera et al., 2011); and clarithromycin, detected in 73% of sludge samples analyzed in Sweden (Östman et al., 2017) and in effluents from WWTPs in Switzerland (Mcardell et al., 2003). Other antibiotics like levofloxacin (Okuda et al., 2009), norfloxacin (Gao et al., 2012) and trimethoprim (Östman et al., 2017) have been detected as well in the sludge of different WWTPs. Amoxicillin has been detected both in wastewater (Henninger et al., 2001) and in WWTP sludge (Kimosop et al., 2016). Namely, the conventional treatments implemented in WWTPs are not efficient in removing antibiotics from both water and sludge, and additional treatments are required (Sabri et al., 2020). These compounds are considered among the most critical pharmaceuticals and personal care products (PPCPs) regarding environmental risk (Verlicchi and Zambello 2015).
According to the Spanish National Sludge Register, 1.2 million tons of sludge (dry matter) are produced annually in Spain and are considered residues, therefore specific residues regulations are applied related to their disposal and agricultural use (MAMRM, 2009). The sludge should be treated before field application, that in Spain represented around 80% of the sludge use (MAMRM, 2009). These treatments can be applied in the WWTP or after transfer to authorized residue managers. The current normative regulates the maximum concentration of heavy metals allowed in the sludge, meanwhile presence of antibiotics is not controlled. Despite the regulations regarding sludge management, antibiotics might end up in agricultural soils amended with the sludge, and therefore available to the crops growing in these soils (Verlicchi and Zambello 2015). The plants would tend to accumulate antibiotics in the roots, after uptake from the soil solution (Azanu et al., 2016). The presence of these pharmaceuticals has been identified as a new threat due to the application of sewage sludge in agriculture (Ivanová et al., 2018), generating risks for the consumers (Buta et al., 2021). Several studies have detected antibiotic uptake in crops like carrot and barley (Eggen et al., 2011), corn, green onion and cabbage (Kumar et al., 2005), lettuce and radish (Bassil et al., 2013) and grass, corn and wheat (Conde-Cid et al., 2018). It has been shown that different antibiotics may also impact on the soil microbial biomass (Santás-Miguel et al., 2020), and that their degradation in the soil environment is affected by variables such as soil pH, humic acids and salts (Rodríguez-López et al., 2022), which could substantially change after sludge spreading.
The aim of the current research is to screen the presence of antibiotics in sludge from different WWTPs in Galicia (NW Spain), as well as in sludge treated by residue managers, in soils where the treated sludge mixtures were applied, and in crops (corn and vine plants) growing on these soils. The study will focus on assessing the eventual success as regards the following aspects: 1) the eventual decrease in the amount of antibiotics present in sewage sludge subjected to technical treatment applied to these residues, and 2) after the spreading of the treated sludge, the concentrations of antibiotics present in soils and crops would remain low. In addition, the research could shed further light on processes taking place and affecting the fate of these emerging pollutants in the environment, which is a matter of real concern as regards environmental and human health.
MATERIALS AND METHODS
Experimental Design
Sludge samples were collected from 30 different WWTPs in Galicia (NW Spain) (Figure 1) during two sampling campaigns, in spring and autumn of 2019. In the spring campaign, 21 urban WWTP, plus 1 industrial WWTP, were sampled. The urban WWTPs were placed in cities with 65,000–248,000 habitants (A Coruña, Ferrol, Pontevedra, Santiago de Compostela), as well as in villages with above 17,000 habitants (A Estrada, Boiro, Ribeira, Teo, Tui, Sanxenxo, Vilagarcía), and in smaller villages (A Guarda, Ares, Betanzos, Cedeira, Curtis, Miño, Ordes, Ribadeo, Ribadumia). In the second sampling campaign (autumn), 28 WWTP sludge samples were taken (the same as for the first sampling, except Cedeira, Ferrol and Teo 2), plus additional WWTPs from Cambados, Cangas, Moaña, Sada, Lugo, and 3 more industrial WWTPs. The industrial ones belong to the agri-food industry, poultry and canned fish production. Regarding configurations adopted in the treatment lines, all urban WWTPs use both primary (gritting, sieving, sedimentation) and secondary treatments (organic matter removal), while tertiary treatments are applied differently in each WWTP (only UV disinfection is applied is most of them, Supplementary Table S1).
[image: Figure 1]FIGURE 1 | Location of the wastewater treatment plants included in the study, all of them in Galicia (NW Spain).
Within Spain, the specific Galician legislation requires the sludge to be treated before being suitable to be used as an amendment in agricultural soils. The sludge generated from different WWTPs is processed by residue managers, generating compost or not composted mixtures. These processed sludge-derived materials were sampled in spring and autumn, from four different residue managers (RM) who produced different mixtures of WWTP sludges with several animal and vegetal by-products (Table 1). These treated mixtures were applied as fertilizers to several agricultural fields, where corn and vineyard were cultivated. Also soils and crops were sampled, as indicated below.
TABLE 1 | Treatments applied by the residue managers (RM) to the wastewater treatment plants (WWTP) sludge, by adding and mixing different by-products during certain time. Sp: spring sampling; Au: autumn sampling.
[image: Table 1]Sludge, Compost, Soil, and Plant Sampling
The WWTP sludge and treated mixtures were sampled at the WWTPs and residue managers facilities, freeze-dried and stored at −4°C until analysis. Soils from amended fields, which had received that kind of fertilization during at least the last 3 years, specifically with the treated mixtures from residue managers (RM) RM1, RM2 and RM4 were sampled at harvest time. A total of 59 amended soils were sampled, 27 under corn (10 amended by RM1, 5 by RM2, and 12 by RM4) and 32 under vineyard (all amended by RM4). The fields were located in different parts of Galicia with (according to the Köppen-Geigen classification) Csb climate (warm temperature with dry and warm summers) and characterized by high precipitations. In each field 10 subsamples were collected in a zigzag transect in the soil surface (depth 0–20 cm) and mixed as a composite sample per field. Soil was dry (at 40°C) until stable weight, sieved (by 2 mm mesh) and stored until analysis. At those same fields vegetal material was sampled at harvest time. In each corn field, three corn plants were randomly selected, and leaves, stem, grains, and roots were taken, making a composite sample per site (Figure 2). In the vineyard fields, three plants were also randomly selected, and several bunches of grapes were sampled from each plant making a composite sample per site. In the laboratory, the roots were washed with distilled water, and in stems and leaves the parts closer to the cob were selected for analysis, discarding the central nerve and the sides in the leaves.
[image: Figure 2]FIGURE 2 | Scheme of plant material sampling. It is shown that all the antibiotics studied in plant samples were below their detection limits using high performance HPLC-mass-chromatography.
Physicochemical Analyses of Soil and Sludge Samples
Standard procedures were used to carry out the analyses (Guitián Ojea and Carballas, 1976; Tan, 1996). Soil texture was determined using the international method of Robison Pipette. For both soil and sludge samples, pH values were obtained in water and KCl (1:2.5), using a pH-meter CRISON, model 2001. Total C and N were determined by elemental analysis using a LECO equipment, model TRUSPEC CHNS. Extractable P was measured in soil samples using the Olsen method (Olsen and Sommers, 1982). Soil exchange cations (Ca, Mg, Na, K, Al) were extracted using NH4Cl 1M (Peech et al., 1947) in 1:10 solution. Ca, Mg and Al were measured by atomic absorption spectrophotometry; Na and K were quantified using emission spectrophotometry. The sum of all this exchange cations was considered the effective cation exchange capacity (eCEC) (Kamprath., 1970). Non-crystalline Al and Fe (Blackmore, 1978) and organic Al and Fe (Bascomb, 1968) were measured by atomic absorption after specific extractions. In sludge samples, total element analysis was performed according to the EPA 3051 method, using ICP-MS for measuring Na, Mg, Al, K, P, Ca, Cr, Mn, Fe, Ni, Cu, Zn, As, Cd, Hg and Pb concentrations.
Chemicals, Reagents, and Stock Solutions for the Quantification of the Antibiotics
Amoxicillin, cefuroxime, ciprofloxacin, clarithromycin, levofloxacin, lincomycin, norfloxacin, sulfadiazine, and trimethoprim (purity >98%) and formic acid (purity >99% for analysis) were bought from Sigma-Aldrich (St. Louis, MO, USA). Acetonitrile and methanol HPLC grade were obtained from Merk (Darmstadt, Germany) and Milli-Q water was obtained from a Millipore system (Bedford, MA, USA) installed in the laboratory.
For each antibiotic, an amount of 20 mg was accurately weight (±0.1 mg) and transferred to a 25 ml volumetric flask containing approximately 10 ml of solvent, the volume was finally made up to the graduation mark and the concentration was calculated taking in consideration the purity of the compound. Specifically, ciprofloxacin was dissolved in methanol:water:formic acid (50:49.95:0.05), amoxicillin in water acidified with formic acid, and the rest of antibiotics in methanol. Each day of the analysis a new standard solution of amoxicillin was prepared as this pharmaceutical is very unstable and it degrades easily. The other standard solutions were stored in the dark at −18°C. These stock solutions were mixed and diluted several times with a mixture of methanol and water (50:50) to obtain a working standard solution mixture of antibiotics at 1 and 10 μg ml−1.
Antibiotics Extraction Protocol
The extraction solvent was not the same for all matrices, however, independently of the matrix type, 2 g of sample was weight in a 15 ml Falcon tube. From roots, leaves and soils, the antibiotics were extracted with a mixture of acetonitrile:water:formic acid (50:49.95:0.05), whereas from grapes and stalk were extracted with acetonitrile acidified with 0.2% of formic acid, and from sewage sludge with acetonitrile. After the addition of the extraction solvent, the falcon tubes were shaken on a rotary shaker for 30 min and centrifuged at 4,500 rpm for 15 min. A portion of 1 ml of the supernatant was filtered through an Acrodisk Syringe Filter (Waters, USA) and transferred to a HPLC amber vial for analysis. For each batch of samples and type of matrix (soil, sludge, stalk, roots, leaves and grapes) a matrix-matched calibration curved with analyte-free sample was prepared. The concentration of each antibiotic in the calibration curved varied with the matrix but in average ranged from 10 to 1,000 ng g−1. These calibration curves were used to identify and correctly quantify each of the antibiotics.
Analyses of the Antibiotics by HPLC-MS/MS
The samples were analyzed in an LC-MS/MS system from Bruker (Bremen, Germany) consisting of a UPLC® Elute with degasser, pump, oven, column and autosampler connected to an Evoq Elite triple quadrupole detector. Analytes were separated on an HPLC column Kinetex biphenyl (2.6 µm, 2.1 × 50 mm) from Phenomenex (Torrance, CA, USA). The temperature of the column was set up at 43°C, and the separation of the analytes was achieved on a gradient mode mixture of phase A (0.1% acidified water with formic acid) and phase B (acetonitrile 0.1% acidified with formic acid). The flow was maintained at 375 μL min−1, the column temperature at 43°C, and the samples at 8°C. The mass spectrometer was calibrated as follows: the capillary voltage at 4,800 V, the cone pressure at 20 psi, the cone temperature at 300°C, the source pressure at 30 psi, the source temperature at 500°C, and the misting gas pressure at 60 psi. The injection volume was 15 µL. The MRM transitions monitored for each compound as well as the collision energy employed are compiled in Table 2.
TABLE 2 | Ionization mode, precursor and product ion and collision energy employed for pharmaceuticals quantification.
[image: Table 2]Statistical Treatment
Mean ± SD values of the general soil properties were used to compare the soils amended with different sludges and under different crops. These data were analyzed by performing a standard analysis of variance (ANOVA 1), and in the cases of significant F statistics, the Tukey’s minimum significant different test was used to separate the means, using the statistical package SPSS 27.0 (IBM, USA). For the sludge and mixtures, the study of Pearson correlations (p < 0.01) among concentrations of antibiotics and total elements and physicochemical properties was performed using the R software package (R studio, version 4.1.0).
RESULTS AND DISCUSSION
Presence of Antibiotics in Sludge From WWTPs
Altogether in both sampling campaigns (spring and autumn of 2019) seven different antibiotics were detected in the WWTP sludge samples analyzed, with concentrations generally bigger in the first than in the second sampling date. In the first sampling 15 out of 22 of the sludge samples (68%) had at least one antibiotic detected, while 7 of the sludge samples had concentrations below the detection level for all the antibiotics analyzed (Table 3).
TABLE 3 | Concentration (ng g−1) of antibiotic in the sludge from the different WWTP at the spring (Sp) and autumn (Au) sampling time. Antibiotic detected: ciprofloxacin (CIP), clarithromycin (CLA), levofloxacin (LEV), lincomycin (LIN), norfloxacin (NOR), sulfadiazine (SUL), trimethoprim (TRI).
[image: Table 3]In the second sampling, which was performed in autumn, just 32% of the samples (9 out of 28) presented some antibiotic at detectable concentrations, even though one the samples showed the highest antibiotic concentration detected in the whole study, which reached 1,573 ng g−1 for ciprofloxacin (Table 3). Previous studies have shown that the presence of antibiotics in WWTP sludge has a seasonal pattern. In this regard, Golovko et al. (2014) found in water from WWTPs higher concentrations of different antibiotics in winter than in the rest of the year. In the northern hemisphere, antibiotics consumption peaks between January and March (Van Boeckel et al., 2014), which can lead to a total daily pharmaceutical load in the sludge as high as 1 kg day−1 in that season (Aydın et al., 2022). In the current study, the higher presence of antibiotics in spring than in autumn might be due to this seasonal consumption pattern.
The number of antibiotics detected in the present study was generally lower than values reported by other authors. Aydın et al. (2022) found ten different antibiotics in WWTP sludge in Turkey, with maximum concentrations detected in the same range that in the current study. In different works carried out in China, the maximum concentration of antibiotic detected in sewage sludge was higher than in our study. Zhou et al. (2013) detected 21 different antibiotics with maximum values up to 5,800 ng g−1, 4-fold higher than our maximum; while Huang et al. (2020) described the presence of 24 different antibiotics in WWTP sludge with maximum concentration of the antibiotics reaching up to 11,000 ng g−1, 7-fold higher than our maximum values. Ivanová et al. (2018) reported the presence of 15 different antibiotics in five WWTP in Slovakia, but the maximum concentration was relatively low, reaching 336 ng g−1 for azithromycin, antibiotic which was not detected in our study. On the other hand, Östman et al. (2017) detected only four different antibiotics in sludge samples in Sweden, but with the maximum concentration being 7-fold higher than for our samples. In the same geographic area of our study, the NW of Spain, Conde-Cid et al. (2018) found 8 different antibiotics in 42% of manure samples analyzed, but with maximum concentration values being more than 60-fold higher than those corresponding to our results for sludge.
The WWTP´s with greater number of antibiotics detected in our first sampling were Boiro, Santiago de Compostela and Vilagarcía (Table 3). Ciprofloxacin was the more frequently detected antibiotic in this sampling, present in 45% of the sampled sludge, with a maximum value of 623 ng g−1 detected in the industrial WWTP (Table 3). This same antibiotic showed the maximum concentration detected in our study, found in the second sampling, with a concentration as elevated as 1,573 ng g−1 in Moaña´s WWTP (Table 3). Several authors have described this antibiotic (ciprofloxacin) as one of the dominant emerging contaminants in all environmental compartments, detecting maximum values of 1,040 ng g−1 in sludge (Huang et al., 2020), or founding it in most of the WWTP effluents, with maximum concentration from 264 ng L−1 (Loos et al., 2013) to 2,733 96 ng L−1 (Nas et al., 2021). In the current study, the second most frequent antibiotic detected in the spring sampling was trimethoprim, which was present in 41% of the samples, with maximum values up to 114 ng g−1 in Ribeira´s WWTP sludge (Table 3). In a previous investigation this antibiotic was detected in 93% of the WWTP effluents analyzed in Europe (Loos et al., 2013). In the present work, the high frequency of trimethoprim detected could be related to the lack of a specific tertiary treatment (a sand filtration system) which has been described to reduce 60% of the amount of this antibiotic in activated sludge (Gobel et al., 2005). As shown in Supplementary Table S1, this filtration system was not present in any of the WWTPs of our study.
Among the less frequently detected antibiotics in the spring sampling, levofloxacin appeared just in 6 of the WWTPs (27%) but showed the highest antibiotic concentration detected at this sampling campaign, 892 ng g−1 in Sanxenxo´s WWTP. Other authors have included this antibiotic among the emerging compounds with highest concentration in sludge in WWTPs (Okuda et al., 2009), with values ranging from 204 ng g−1–8,680 ng g−1. Also, the difficulty to remove it by means of the treatments usually applied in WWTPs has been previously described (Martínez-Orgániz et al., 2021). The other antibiotics detected, clarithromycin, norfloxacin and sulfadiazine, were present in 4, 2 and 1 of the samples, respectively, with the maximum value found for the later (reaching 400 ng g−1) in Vilagarcía´s WWTP. Contrarily to our results, other authors detected clarithromycin in 67% of the sludge samples (Aydın et al., 2022), and norfloxacin in 100% of the samples (Gao et al., 2012), with maximum values of 1,496 and 3,200 ng g−1 respectively. Loos et al. (2013), in a study of the WWTP effluents in Europe detected sulfadiazine only in 3% of the samples.
In the second sampling campaign of the current study (autumn) the most frequent antibiotic was levofloxacin, which was present in 5 samples (one of them present in the first sampling as well) with maximum values of 98 ng g−1 in Miño´s WWTP. Ciprofloxacin was present in 4 samples, showing the highest concentration found in this research, and was present as well in the first sampling in 2 of these WWTPs (Table 3). Norfloxacin and trimethoprim appeared in 2 samples, with maximum values of 42 and 27 ng g−1, respectively, while sulfadiazine and lincomycin were present in just one sample (at 15 and 31 ng g−1 respectively). This last one antibiotic only appeared in this sampling, but was found in 37% of the WWTP effluents in an European survey (Loos et a., 2013).
Several previous studies have indicated that the primary and secondary treatments usually applied in WWTPs are not enough for removing many emerging pollutants, such as most antibiotics from both water effluents and sludge (Jelic et al., 2011; Verlicchi et al., 2012; Verlicchi and Zambello 2015; Nguyen et al., 2021), even though some tertiary treatments, like ozone disinfection, can provoke the degradation of macrolide antibiotics such as clarithromycin (Lange et al., 2006). In our study, only one of the WWTPs that presented this antibiotic in the sludge had a disinfection treatment, but was with UV and not ozone, which was not used in any of the WWTPs covered. In our samples the less frequent antibiotics were lincomycin and sulfadiazine. The latest belongs to the sulfonamides group, which have been reported to be easily biodegradable (García-Galán et al., 2011) and transformed during anaerobic sludge digestion (Gobel et al., 2005), a secondary treatment present in most WWTPs.
Presence of Antibiotics in the Sludge Treated by Residue Managers
The sludge treated by the different residue managers (RM) showed a reduced number of antibiotics, compared with the WWTP sludge not subjected to treatment. Specifically, the mixtures from RM1 presented norfloxacin (551 ng g−1) in one of the mixtures from the spring sampling, and lincomycin in the three mixtures from the autumn sampling (maximum value 40 ng g−1) (Table 4). The mixture from RM3 had, similarly to RM1, a high concentration of norfloxacin (587 ng g−1), while no antibiotic was detected in the mixture from RM2. The three mixtures from RM4 sampled in spring showed two antibiotics, ciprofloxacin and levofloxacin, with maximum values of 394 ng g−1 and 393 ng g−1, respectively, while in the autumn sampling only the mixture 3 presented levofloxacin (at 169 ng g−1, Table 4).
TABLE 4 | Concentration (ng g−1) of antibiotic in the sludge mixtures from the different residue managers (RM) at the spring and autumn sampling time. Antibiotic detected: ciprofloxacin (CIP), levofloxacin (LEV), norfloxacin (NOR), lincomycin (LIN).
[image: Table 4]As indicated by Nguyen et al. (2021) and Jelic et al. (2011), most of the treatments currently applied in WWTPs are not effective for removing antibiotics, some of which are accumulated in sludge, triggering the need of further sludge treatment to be carried out by residue managers. In the current work, this management consisted in the addition of other organic wastes (animal or vegetal) obtaining a final mixture, in some cases subjected to composting. The comparison between the concentrations of antibiotics detected in the sludge used by each RM and the resulting mixture (Figure 3), indicates the effectiveness of the residue management in the antibiotic removal. Specifically, RM1 successfully removed ciprofloxacin, clarithromycin, levofloxacin, sulfadiazine and trimethoprim from the sludge, even though two other antibiotics that were not detected in the sludge (lincomycin and norfloxacin) appeared later in the treated mixtures (Figure 3), the latter in high concentrations, which could be originated in the materials added by this RM. In this regard, it should be noted that the mixture 1, that showed high norfloxacin concentrations, had chicken manure included and poultry production industry uses norfloxacin for the prevention and therapy of infectious diseases in some countries (Al-Mustafa and Al-Ghamdi, 2000). However, in the European Union norfloxacin is used in human medicine, but it is not allowed as a veterinary medicine (Pereira et al., 2018), remaining unclear the origin of the norfloxacin in this mixture in the present work. Also to note that the same RM generates three other mixtures that presented small concentrations of lincomycin, without being this antibiotic present in the urban sludge used for the mixing. Sludge from an additional industrial WWTP was added to these mixtures, suggesting a possible industrial origin of the lincomycin, since this antibiotic has been detected in all the WWTPs analyzed in a study in an industrial city in Korea (Behera et al., 2011). However, in the current study we found it only in one of the urban samples and in none on the industrial ones analyzed, thus its origin also being unclear.
[image: Figure 3]FIGURE 3 | Concentration (ng g−1) of antibiotics present in the sludge (S) from wastewater treatment plants (sum of all antibiotics present in the sludge used for each mixture) and in the mixtures (M) generated by different residue managers (RM). Antibiotics detected: ciprofloxacin (CIP), clarithromycin (CLA), levofloxacin (LEV), lincomycin (LIN), norfloxacin (NOR), sulfadiazine (SUL), trimethoprim (TRI).
RM2 successfully removed levofloxacin and norfloxacin from the sludge. The sludge used by RM3 had no antibiotic detected, but the residue management introduced norfloxacin in the treated mixture. This residue manager, like RM1, added different sludge from industrial WWTPs that may introduce antibiotics that were no present in the urban sludge. On the other hand, RM4 managed to remove most of the antibiotics detected in the sludge, and decreases the amount of ciprofloxacin and levofloxacin, which showed high concentrations in the WWTP sludge (Figure 3). This RM carried out a composting process with wood chips. Previous studies reported the removal of levofloxacin from aqueous solutions with a biochar made of wood chips (Yi et al., 2016) and the persistence of ciprofloxacin in composted sludges (Khadra et al., 2019). The compost process is a well-known technology effective in the reduction of antibiotics from sludge, with ranges of removal 17%–100% (Verlicchi and Zambello 2015; Ezzariai et al., 2018). In general, in the current study the management executed by the different residue managers was successful in the removal or reduction of antibiotics concentrations from the WWTPs sludge.
Physicochemical Characteristics of Sludge and Mixtures
The physicochemical properties of the various sludges and mixtures differed widely, with ranges 5-12 for pH, 2.25%–57.47% for C, and 0.75%–60.85% for N (Supplementary Table S2). Similarly, the total elements contents showed great variation among the different sludge and mixture samples, with values (in mg kg−1) between 107-9078 (for Na), 549-6395 (Mg), 143-26106 (Al), 0.6-25.1 (P), 343-8161 (K), 3-230 (Ca), 0-797 (Cr), 25-3595 (Mn), 133-48800 (Fe), 0.9-426 (Ni), 7-1229 (Cu), 0-1777 (Zn), 0.5-120 (As), 0-29 (Cd), 0-447 (Hg), and 0.4-110 (Pb). The WWTPs that presented the highest concentrations of total elements were Lugo (Na and P), Pontevedra (Cr, Fe, and Ni), Curtis (Cu and As), and Ferrol (Hg and Pb) (Supplementary Table S2). Regarding the sludge mixtures, the highest values for most of the elements were detected in mixtures from RM1 (Na, P, K, Ca, Cr, Mn, Ni, Cu, Zn, Cd, Hg and Pb), meanwhile a mixture from RM2 had higher concentration of Fe, and mixtures from RM4 showed the highest scores for Mg, Al, Cr and As (Supplementary Table S2).
Comparing with other studies, the values of pH were in the same range (Onchoke et al., 2022), while another study carried out in the USA with a lower number of WWTPs (Onchoke et al., 2018) showed narrower ranges for C (30–32%) and N (8–10%), and higher values of P (935–1705 mg kg−1), and Ca (1,521–3,869 mg kg−1), but the maximum values of Mg (709 mg kg−1), K (679 mg kg−1), Na (2,303 mg kg−1), Al (12,857 mg kg−1), Cr (20 mg kg−1), Mn (1,103 mg kg−1), Fe (22,688 mg kg−1), Ni (19.8 mg kg−1), Cu (550 mg kg−1), Zn (772 mg kg−1), As (13 mg kg−1), Cd (0.5 mg kg−1), Hg (0.6 mg kg−1), and Pb (34 mg kg−1) were significantly smaller than the maximum concentrations detected in our samples. Similarly, in a study in Poland Latosinska et al. (2021) reported that the maximum concentrations of Cu (196 mg kg−1), Cr (2,760 mg kg−1), Cd (12 mg kg−1), and Ni (44 mg kg−1) in sludge were smaller than in our samples, but Pb (427 mg kg−1) and Zn (5,351 mg kg−1) showed higher concentrations.
According to the Spanish regulation regarding the maximum concentration of heavy metals allowed in sludge to be suitable for field application (Royal Decree 1,310/1990), practically all the sludge samples from the spring sampling had values above the threshold allowed for Hg (16–25 mg kg−1). The values detected in our sludge samples, with maximum of 447 mg kg−1, far outweigh the results from other authors, which were in the range 0.6–6.1 mg kg−1 of total Hg (Mao et al., 2016; Onchoke et al., 2018). The management of the sludge did not manage to remove Hg in three of the spring mixtures (mixtures 1 and 2 from RM1, and RM3 mixture), as they presented Hg concentrations in the range 171–337 mg kg−1. The mixture from RM3 was no applied to the field, but the mixtures from RM4 were spread, which supposes a clear pollution risk.
The fact that the sludge from the industrial WWTPs had Hg values conforming to the regulations, contrary to the urban ones, and that the samples with the highest concentrations belong to the WWTPs of the bigger cities, suggests a domestic origin of these elevated concentration of Hg, such as amalgams, food, laundry detergent, or other, like dentist business of pipe sediments (Sörme et al., 2003). Previous studies correlated the high concentration of Hg detected in cattle in Galicia with the coal-fired power plants present in the area, that caused high Hg dispersion and deposition (López-Alonso et al., 2003), however nowadays these stations have been closed. The concentrations of the other heavy metals across the different WWTPs were among the Spanish regulation limits, with punctual exceptions.
The analysis of the correlations among antibiotics concentrations and chemical properties in sludge and sludge mixtures showed that lincomycin was correlated with pH (R = 0.52, p < 0.001), C/N ratio (R = 0.4, p < 0.05) and P content (R = -0.34, p < 0.05); while trimethoprim was correlated with N (R = -0.32, p = 0.01); and Na (R = 0.34, p < 0.05) (Figure 4). To note that parameters related to organic matter appear in the correlations, evidencing its marked influence on the retention of antibiotics the soil environment. Physicochemical properties are determinant in the adsorption of antibiotics in soils or bio-adsorbents (Cela-Dablanca et al., 2021, 2022), and similar adsorption mechanisms might take place in sludge. The concentrations of some of the antibiotics were positively correlated with each other: trimethoprim with levofloxacin (R = 0.37, p < 0.01) and with sulfadiazine (R = 0.37, p < 0.05), and ciprofloxacin with levofloxacin (R = 0.33, p < 0.01). In this regard, it should be noted that trimethoprim is used against different infections, from urinary to respiratory ones, and the antibiotic levofloxacin has emerged as an alternative for respiratory infections (Sarzynski et al., 2022). On the other hand, trimethoprim is sometimes administrated simultaneously with sulfadiazine to combat bacterial infections in animals, and ciprofloxacin and levofloxacin (both quinolone antibiotics) are used in a wide range of bacterial infections.
[image: Figure 4]FIGURE 4 | Correlations among the sludge and sludge mixtures physicochemical properties, total element concentration and the sludge and sludge mixtures antibiotics concentrations. Blue and red dots show positive or negative (respectively) significant correlation Pearson coefficients (p < 0.01). Ciprofloxacin (CIP), clarithromycin (CLA), levofloxacin (LEV), lincomycin (LIN), norfloxacin (NOR), sulfadiazine (SUL), trimethoprim (TRI).
Impact on Agricultural Soils and Crops due to the Spreading of Treated Sludge
The physicochemical properties of the soils amended with the mixtures treated by the different residue managers are shown in Table 5. Regarding grain sizes and soil texture, the sand fraction clearly predominates, with a percentage above 45% in all cases. Soils amended with mixtures from RM1 (corn) and RM4 (vineyard) show high pH values (7.90 and 7.01, respectively), meanwhile the corn soils amended with mixtures from RM2 and RM4 had an acidic pH (5.32 and 5.53, respectively). The dominant exchange cation was Ca in all cases, and it is especially clear in the RM1-amended soils. These soils also presented the highest values of the other exchange cations, as well as the lowest values of exchangeable Al, coinciding with the highest pH. Also noteworthy are the high values of organic matter in the soils with the mixtures from RM1 (13.04%), while in the other soils the values were lower (between 6 and 6.7%) (Table 5). Non-crystalline Fe compounds (Feox and Fepir) were more abundant in soils amended with RM2 and RM4 (corn). Non-crystalline Al compounds, however, showed higher levels in soils amended with RM1 mixtures.
TABLE 5 | Physicochemical properties (average ± DE) of soil amended with mixtures from different residue managers (RM) and under corn and vineyard crops. OM (organic matter); eCEC (effective cation exchange capacity); Ale (extractable Al); Fe ox (non-crystalline Fe); Fe pir (organic Fe); Al ox (non-crystalline Al); Al pir (organic Al). Different letters mean significant differences p < 0.05.
[image: Table 5]Out of the 59 soils sampled, only seven soils showed detectable levels of antibiotics: two soils amended by RM2, and the other five by RM4 (Table 6). The two soils amended by RM2 had corn as crop, and one of them showed a concentration of 57 ng g−1 of amoxicillin, while the other one had 41 ng g−1 of clarithromycin. Regarding the soils amended by RM4, the three soil samples under corn contained the antibiotic cefuroxime, with maximum values of 276 ng g−1, while the other two soils which were placed under vineyard showed small amounts of amoxicillin (Table 6). The mixture from RM2 did not show clarithromycin and the other two antibiotics were not detected in any of the sludge samples, nor for those coming directly from WWTPs, neither after the processing in the residue manager facilities (Tables 3, 4). The presence of antibiotics in these soil samples might be due to their dispersion through contaminated WWTPs effluents (Zuccato et al., 2010) or to the persistence of antibiotics in the soil after several years of sludge application, even though long-term application of sludge in arable lands has been shown to not being a probable cause of antibiotics accumulation in soils (Rutgersson et al., 2020). On the other hand, the continues application of slurry and manure, especially swine slurry, has been demonstrated that contributes building up persistent antibiotic residues in the uppermost layers of the soil (Gros et al., 2019). No antibiotic was detected in any of the leaves, stem, grain, roots or grape samples (Figure 2). The post-WWTP management of the sludge is crucial to avoid soil contamination with antibiotics. Our results, with just 12% of the sampled soils presenting one antibiotic per sample, indicate the efficiency of the different management methods. Conde-Cid et al. (2018) studied the presence of veterinary antibiotics in soils amended with manure, detecting these compounds in 17% of the soil samples, with maximum values of 600 ng g−1, doubling the maximum detected in the soils amended with the managed sludge in the current research. Composting have been proved to reduce antibiotics in both manure and sludge samples (Dolliver et al., 2008; Ezzariai et al., 2018). In the present study, the presence of antibiotics in the mixtures that were lacking in the initial sludge highlights the need of carefully selecting the materials to be combined with the sludge for the composting process. Indeed, the co-composting of contaminated sludges with agricultural wastes has been suggested as a good strategy for the sanitation of compost (Alvarenga et al., 2015). These latter authors mentioned, however, that the risk of heavy metals accumulation driven by the composting process should be considered.
TABLE 6 | Concentration (ng g−1) of antibiotic in soils under corn and vineyard crops and amended with compost/mixtures from the different residue managers (RM). Antibiotic detected: amoxicillin (AMO), cefuroxime (CEF), clarithromycin (CLA).
[image: Table 6]In previous investigations, different crops growing in manure-applied soils have shown antibiotic uptake (Bassil et al., 2013), but in some cases the values were below the quantification limit (Kang et al., 2013). In Galicia, previous studies showed that 44% of the crops amended with manure had detectable concentrations of veterinary antibiotics (Conde-Cid et al., 2018), these crops including grass, corn and wheat samples, with maximum values detected in corn, reaching up to 600 ng g−1 for some veterinary antibiotics. The absolute absence of any antibiotic detected in plant material in the current research highlights the importance of the residue management before application to agricultural fields. In this sense, the spreading of manure, contrarily to what happens with sludge, is not regulated, and no management its required before field application in Spain, with less than 10% of the total animal manure being processed at the European level (Foged et al., 2011). It is possible that the situation in other regions and countries differ from this, although it means that we need to do further efforts regarding emerging pollutants monitoring. The impact of antibiotic contamination includes the presence of ARGs (antibiotic resistance genes) that has been reported in crops growing in soils where un-treated WWTP sludge was applied (Rahube et al., 2016), which is a real issue of concern as regards environmental and human health.
CONCLUSION
The treatments applied in the wastewater treatment plants facilities investigated in the current study were not effective in removing the variety of antibiotics used in human medicine that were determined, which were specifically accumulated in sludge. In fact, most of the sludge studied contained some antibiotics, especially in the spring sampling, which is related to the greater consumption of these drugs in certain months. The antibiotics most frequently detected and in the greatest quantity in these sludge materials were ciprofloxacin and levofloxacin. The lack of specific regulation regarding these emergent pollutants in sludge and soils makes this an environmental problem needing further efforts to be correctly addressed. Our findings suggest that additional treatments of the sludge derived from these WWTP, carried out by waste managers, are effective in reducing the risk of environmental pollution due to antibiotics, specifically in the case of soils amended with these organic materials, preventing their entry in the food chain through the crops that grow in those agricultural soils.
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A laboratory work has been carried out to determine the tolerance of soil bacterial communities to Ni and Zn and co-tolerance to tetracycline antibiotics (chlortetracycline (CTC), oxytetracycline (OTC) and tetracycline (TC)) in soils individually spiked with five different concentrations of Ni or Zn (1,000, 750, 500, 250, and 125 mg kg−1), and an uncontaminated (0 mg kg−1) control soil. The PICT parameter (pollution-induced community tolerance) was estimated for the bacterial community using the tritium (3H)-labeled leucine incorporation technique, and the values corresponding to log IC50 were used as toxicity index. The mean log IC50 values observed in the uncontaminated soil samples indicate that Zn (with log IC50 = −2.83) was more toxic than Ni (log IC50 = −2.73). In addition, for the soil with the lowest carbon content (C = 1.9%), Ni-contaminated samples showed increased tolerance when the Ni concentrations added were ≥500 mg kg−1, while for the soils with higher carbon content (between 5.3% and 10.9%) tolerance increased when Ni concentrations added were ≥1,000 mg kg−1. Regarding the soils contaminated with Zn, tolerance increased in all the soils studied when the Zn concentrations added were ≥125 mg kg−1, regardless of the soil carbon content. The co-tolerance increases obtained after exposure of the bacterial suspension to TC, OTC and CTC showed an identical behavior within these tetracycline antibiotics. However, it was dependent on the heavy metal tested (Ni or Zn). In the case of soils 1 (C = 1.1%) and 2 (C = 5.3%), the soil bacterial communities showed increases in co-tolerance to TC, OTC and CTC for Ni concentrations added of ≥125 mg kg−1, while for soil 3 (with C = 10.9%) co-tolerance took place when Ni was added at ≥1,000 mg kg−1. However, in soils contaminated with Zn, increases in co-tolerance to CTC, OTC and TC occurred at Zn concentrations added of ≥125 mg kg−1 for the 3 soils tested. These results can be considered relevant when anticipating possible environmental repercussions related to the simultaneous presence of various types of pollutants, specifically certain heavy metals and antibiotics.
Keywords: antibiotics, bacterial growth, heavy metals, leucine incorporation method, PICT
INTRODUCTION
Soil microorganisms are key components in ecosystem, by their relevance in process such as organic matter recycling or cycling of nutrients. The correct maintenance of biological activity in soils is considered a key characteristic to guarantee the functions of an ecosystem and its sustainable productivity (Swift, 1994). The presence of contaminants in the soil can endanger the proper functioning of its biological activity since soil microorganisms are more sensitive than other organisms to some contaminants such as heavy metals (Brookes, 1995; Giller et al., 1999). Although, heavy metals are of moderate to high physiological importance as they are essential micronutrients required for various cellular components and functions, such as Zn for DNA and RNA polymerase, and Ni for urease (Seiler and Berendonk, 2012), the presence of these compounds in high concentrations can bring negative effects. Heavy metals can be naturally present in soils, although there are also various anthropic activities, such as agricultural, livestock, and industrial production, as well as mining, which can promote a high entry of these substances into terrestrial ecosystems (Kabata-Pendias, 2000; Abdu et al., 2017). Agricultural soils can suffer from high concentrations of heavy metals due to the repeated application of various amendments, such as sewage sludge, phosphate fertilizers, nitrate fertilizers, manure, lime, and composted residues. As indicated in various publications (European Union, 2006; Wu et al., 2013) heavy metals are frequently used in livestock production, with many commercial feedings being added with Zn, Cu and other essential elements, mainly used with the aim of preventing different diseases.
In addition to the use of heavy metals in livestock production, the use of veterinary antibiotics to treat infectious diseases in animals or as growth promoters has been implemented in the last century (Sapkota et al., 2008). In addition, the use of veterinary antibiotics to treat infectious diseases is common in livestock production. The most widely used antibiotics in Europe are tetracyclines, among which chlortetracycline (CTC), oxytetracycline (OTC), and tetracycline (TC) stand out (European Medicines Agency, 2016). Once administered to cattle, antibiotics and heavy metals are poorly absorbed by the animal intestine and a high percentage of these compounds are excreted and accumulated in feces and urine (Sarmah et al., 2006; Zhang et al., 2012; Hejna et al., 2018). Tetracycline antibiotics and heavy metals tend to accumulate in agricultural soils due to frequent spreading of manures and slurries as organic amendments (Hamscher et al., 2002; He et al., 2009), being a widespread problem throughout the world.
The toxicity of antibiotics and heavy metals on soil microorganisms depends on their concentration and their chemical form (Nies, 1999). In this regard, there are several studies that have evaluated the toxicity of heavy metals in soil microbial communities (Hattori, 1992; Giller et al., 1998; Giller et al., 2009; Abdu et al., 2017). On the other hand, there are also previous studies focused on studying the effects of antibiotics on soil microorganisms (Thiele-Bruhn, 2005; Toth et al., 2011; Caban et al., 2018; Urra et al., 2019), however, there are few studies that focus on the study of tetracyclines in soil bacterial communities, such as Santás-Miguel et al. (2020a); Santás-Miguel et al., 2020c; Santás-Miguel et al., 2020d), or on the temporal evolution of various antibiotics affected by environmental conditions, such as Rodríguez-López et al. (2022). On the other hand, several works evaluated the co-tolerance to antibiotics of soil bacterial communities, at the functional and genetic level, in soils contaminated with heavy metals (Bååth, 1989; Berg et al., 2010; Oyetibo et al., 2010; Ji et al., 2012; Dickinson et al., 2019; Santás-Miguel et al., 2020b; Santás-Miguel et al., 2022). However, few studies focused on the concentration levels present in soils that would be the starting point to cause increases in co-tolerance of soil bacterial communities to antibiotics when simultaneously contaminated with heavy metals (Fernández-Calviño and Bååth, 2013; Song et al., 2017; Santás-Miguel et al., 2020b). Knowledge of these concentrations would shed light on the vulnerability of soils contaminated with heavy metals to the presence of bacteria resistant to antibiotics, without previously having been in contact with them. These antibiotic-resistant bacteria, through horizontal gene transfer, can confer resistance to human pathogens, becoming a threat to public and environmental health (Davies, 1994; Knapp et al., 2010; Serwecińska, 2020).
Therefore, the main objective of this study was to determinate the concentrations from which increases in tolerance to Ni and Zn and co-tolerance to tetracycline antibiotics (CTC, OTC, and TC) occur in 3 agricultural soils contaminated separately with 5 different concentrations of Ni and Zn (1,000, 750, 500, 250, and 125 mg kg−1) compared with a control (0 mg kg−1). This study could shed light on the vulnerability of soils contaminated with heavy metals to achieve increased tolerance to antibiotics. This information could facilitate an ulterior design and implementation of appropriate management practices to mitigate these undesirable effects.
MATERIAL AND METHODS
Chemicals
The metals in this research were Zn (as Zn(NO3)2 6H2O, CAS; 10196–18-6) and Ni (as Ni(NO3)2 6H2O, CAS; 13478-00-7). They were supplied by Panreac (Barcelona, Spain).
The antibiotics used in the tests were chlortetracycline hydrochloride (C22H23ClN2O8) (≥97% in purity; CAS 64-72-2), oxytetracycline hydrochloride (C22H24N2O9) (≥95% in purity; CAS 2058-46-0), and tetracycline hydrochloride (C22H24N2O8) (≥95% in purity; CAS 64-75-5), from Sigma–Aldrich (Steinheim, Germany).
Soil Samples
Three agricultural soil samples from A Limia area in Galicia (NW of Spain), were selected form a set previously characterized (Conde-Cid et al., 2018). These soil samples were previously used by Santás-Miguel et al. (2020c) and Santás-Miguel et al. (2020d) for measuring the bacterial growth in soils polluted with tetracycline antibiotics. The methods used to analyze these soils are included in Supplementary Material S1.
The main characteristics of the soils studied are shown in Supplementary Table S1. Briefly, the 3 soils present similar values of pH measured in water, ranging 4.5–4.8. However, they show very different organic carbon contents, with values between 1.1% and 10.9%, while DOC varies between 210.5 and 572 mg kg−1. The sand, silt and clay contents varied between 40.6 and 70.4, between 11.9 and 25.8, and between 17.7 and 33.6 respectively. Therefore, the texture of soil samples was sandy loam for soil 1, clay loam for soil 2 and sandy clay loam for soil 3. The cation exchange capacity ranged between 4.1 and 11.7 cmolc kg−1. The Alo and Feo values ranged 855–3,535 mg kg−1 and 1,150–2080 mg kg−1, respectively. Total Ni and Zn contents ranged 14.0–19.7 and 64–141 mg kg−1, respectively. These values are similar to those found by Macías and Calvo (2008) in uncontaminated soils in the area. The concentration of bioavailable heavy metals to most heavy metal concentration added (1,000 mg kg−1) at days 0 and 42 is shown in Supplementary Table S2. The concentrations of bioavailable heavy metals at day 0 in soil 1, 2 and 3, determined in polluted soil samples extracted with CaCl2 were 413.6, 365.9 and 356.6 mg kg−1, respectively, for Ni and 558.5, 506.6 and 585.4 mg kg−1 respectively, for Zn. On the other hand, the soil samples extracted with EDTA in soil 1, 2 and 3 at day 0, they were 900.8, 560.6 and 503.1 mg kg−1 for Ni, respectively, and 878.6, 692.2 and 615.2 mg kg−1 for Zn (Supplementary Table S2). The bioavailable concentrations determined in polluted soil samples at day 42 of incubation in soil 1, 2 and 3 were 288.2, 271.5 and 257.7 mg kg−1 for Ni and were 527.8, 490.9 and 505.5 mg kg−1 for Zn, when extracted with CaCl2, while they were 731.2, 367.8 and 333.5 mg kg−1 corresponding to Ni and 788.3, 528.7 and 517.9 mg kg−1 corresponding to Zn, when extracted with EDTA (Supplementary Table S2).
Experimental Design
Each of the 3 soil samples were introduced into polyethylene bottles of 500 mL (84 g per bottle) and moistened up to 70% of their water holding capacity, being incubated for 1 week (at 22°C, in the dark), as indicated by Meisner et al. (2013) to facilitate the correct growth of the soil bacterial communities after adjustment of moisture. After this time, the soil samples were distributed in 6 polypropylene tubes of 50 mL (14 g wet weight) and separately spiked with 5 solution with different concentrations of Ni or Zn to reach a final concentration of 1,000, 750, 500, 250, and 125 mg kg−1, also preparing an uncontaminated control soil with water (0 mg kg−1). Then, for each metal (Ni or Zn), the 6 microcosms were distributed in 18 polypropylene tubes of 50 mL (6 microcosms x 3 replication), with 4.6 g (expressed in dry weight) included in each of the tubes, and then incubated (in dark conditions) during 42 days, being a total of 108 microcosms for 3 soil samples and each heavy metal (Ni or Zn). A schematic description of the experimental design is shown in Supplementary Figure S1. The procedure detailed in Díaz-Raviña et al. (1994) and in Díaz-Raviña and Baath. (1996) was followed to determine the bacterial community tolerance (although with some modifications), complemented by the details published by Díaz-Raviña and Bååth. (2001) and Díaz-Raviña et al. (1994) as regards the leucine incorporation method. For this, soil samples corresponding to each microcosm were added with distilled water (at 1:20 (w/v)), shaking with a multivortex (at maximum intensity) for 3 min. Then, the soil + water mixture was centrifuged during 10 min at 1,000 x g, obtaining the soil bacterial suspension (supernatant). Volumes of 1.50 mL of the supernatant were transferred to Eppendorf vials of 2 mL, in which 150 µL of pollutant (heavy metal or antibiotic) were subsequently added. The different concentrations of heavy metals (Ni and Zn) and antibiotics (CTC, OTC, and TC) added to the bacterial suspension plus a control sample (with only water added) made a total of 8 concentrations of pollutants used for each compound and soil sample. The final heavy metal concentrations added in liquid to bacterial suspension ranged between 10–2 and 10–5 mol L−1, while for the antibiotics ranged between 400 and 9.7 × 10−2 mg L−1. The bacterial community growth was estimated after a pre-incubation step of 24 h of bacterial suspension containing the different antibiotics concentrations added before performing the leucine incorporation assay (Berg et al., 2010; Fernández-Calviño and Bååth, 2013). On each micro-centrifugation tube, [3H] leucine incorporation was then measured as follows: 0.2 µL [3H] Leu (3.7 MBq mL−1 and 0.574 TBq mmol−1; Amersham) incorporated with non-labeled Leu into each of the tubes, giving 275 nM Leu in the bacterial suspensions. To stop bacterial growth 75 µL of trichloroacetic acid (at 100%) were added after 3 h of incubation. The indications from Díaz-Raviña and Bååth. (2001) for washing, whereas a liquid scintillation counter (Tri-Carb 2810 TR, PerkinElmer, USA) was used for the radioactivity measurement. For determining the co-tolerance, the results of bacterial growth that were obtained after the exposure of the bacterial suspension to 8 concentrations (from o to 400 mg L−1) of the tetracycline antibiotics (CTC, OTC, and TC, separately), were normalized with respect to the control, obtaining dose-response curves for the different soil samples contaminated with the various Ni or Zn concentrations added (1,000, 750, 500, 250, and 125 mg kg−1, and the unpolluted control sample).
Data Analyses
To estimate the tolerance of the bacterial community to Ni and Zn, and to CTC, OTC and TC, the logarithm of the concentration that resulted in 50% inhibition of bacterial community growth (log IC50) was used. Log IC50 was calculated using a logistic model, detailed below (Sebaugh, 2011):
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Where Y is the level of Leu incorporation (measured), X is the logarithm of the concentration of the substance (Ni and Zn, or CTC, OTC and TC) added to the bacterial suspension, a is the log IC50, c the bacterial growth in absence of the toxics, and b is a slope parameter indicative of the inhibition rate. High log IC50 values indicate higher community tolerance, whereas lower values indicate higher toxicity to the bacterial community.
RESULTS AND DISCUSSION
Tolerance of Soil Bacterial Communities to Ni and Zn
The results of bacterial growth measured for each dose of Ni and Zn [1,000, 750, 500, 250, 125, and 0 mg kg−1)] were obtained after exposing the bacterial suspensions to the various concentrations of heavy metals (which expressed in molar concentrations went from 0 to 10–2 mol L−1). After being normalized compared to the control, dose-response curves were obtained for the 3 tested soils (Supplementary Figure S2). These dose-response curves were of sigmoidal type, that is, low concentrations of added heavy metal do not cause inhibition of bacterial growth, however, as the heavy metal concentration added is increased, bacterial growth is progressively inhibited. The dose-response curves show a shift to the right compared to the control, which suggests increases in the tolerance of the bacterial communities to the both heavy metals tested.
The dose-response curves presented good fits (Supplementary Tables S3, S4) to the logistic model (Eq. 1) with R2 from 0.873 to 0.996 (Mean = 0.960) in soils contaminated with Ni, and R2 from 0.824 to 0.999 (Mean = 0.975) for soils contaminated with Zn. From the dose-response curves obtained for Ni and Zn in the 3 soils studied, the log IC50 values were estimated for the 6 concentrations tested, as represented in Figure 1. The log IC50 values obtained for the control samples (0 mg kg−1) for each soil show scores between −3.05 and −2.36 (mean = −2.73) for Ni, and between −2.99 and −2.69 (mean = −2.83) for Zn. Observing the mean log IC50 values, the concentration that inhibits 50% of the bacterial population is slightly lower for Zn than that observed for Ni, indicating that Zn seems has higher toxicity than Ni on bacterial communities in the soil samples studied. The log IC50 values obtained in the present study for the control sample are similar to those found in previous works by Santás-Miguel et al. (2022), with log IC50 values of −2.56 for Ni and −2.89 for Zn.
[image: Figure 1]FIGURE 1 | Evolution of bacterial community tolerance to Ni and Zn (as log IC50), for increasing Ni and Zn concentrations in the soil (0, 125, 250, 500, 750 and 1,000 mg kg−1). (A, B): soil 1; (C, D): soil 2, (E, F): soil 3.
The increases in tolerance to heavy metals were different depending on the soil and the heavy metal tested. Soil bacterial communities show increased tolerance to Ni at concentrations ≥500 mg kg−1 for soil 1 (C = 1.1%) with respect to the control. However, increases in tolerance to Ni in soils with higher carbon contents (5.3% for soil 2, and 10.9% for soil 3) occur at high metal concentrations added (≥1,000 mg kg−1). On the other hand, regarding Zn, the increase in tolerance with respect to this metal is not dependent on the carbon content of the soil, since there is an increase in tolerance to Zn with respect to the control in all soils at concentrations ≥125 mg kg−1.
The results of the current study are similar to those shown by various authors who also observed increased tolerance to Ni and Zn in soils polluted with different concentrations of these metals (Duxbury and Bicknell, 1983; Díaz-Raviña et al., 1994; Díaz-Raviña and Bååth, 2001; Almås et al., 2004; Davis et al., 2004; Stefanowicz et al., 2009; Zhong et al., 2021; Santás-Miguel et al., 2022). For example, Díaz-Raviña et al. (1994) after 9 months of incubation observed a rise in tolerance with respect to the control for all the concentrations of Zn and Ni tested in agricultural soils from southern Sweden, which were polluted with 1878 mg kg−1 of Ni and between 1,046 and 2093 mg kg−1 of Zn. Stefanowicz et al. (2009) measured the tolerance of bacterial communities in soils near galvanized electricity pylons contaminated with Zn using the Biolog plate technique and observed an increased tolerance to Zn at concentrations ≥300 mg kg−1.
Observing the results obtained in the present research, it is shown that Ni toxicity on soil bacterial communities has a slight dependence on soil carbon content, while it does not happen for Zn. In this regard, it should be bear in mind that the affinity shown by heavy metals for organic matter increases with pH, therefore, at acidic pH, the affinity will be lower than at basic pH (Spark et al., 1997). Taking into account that the pH of the soils here studied is between 4.5 and 4.8, the results obtained may be due to the affinity that these metals have for the organic matter of the soil. In fact, it is classified, according to (Gluskoter, 1977), as a low affinity for Zn and medium affinity for Ni. This difference in heavy metals affinity for soil organic matter has been demonstrated by a large number of authors (Khan and Schnitzer, 1978; McBride, 1994; Rule, 1999; Sauvé et al., 2003; Refaey et al., 2014). In this sense, Piccolo (1989) measured the effect of humic acids on the immobilization of different heavy metals in soils and observed the following sequence: Pb > Cu > Cd > Ni > Zn, with Zn being the metal with the highest solubility followed by Ni and, therefore, having greater bioavailability in soils than other heavy metals. However, considering that other studies such Milne et al. (2003) showed a slightly lower Ni affinity for humic acids than Zn, other causes different than affinities for organic matter cannot be discarded. Thus, log IC50 values found in non-amended soil samples showed a slightly higher toxicity of Zn than Ni on bacterial communities (Supplementary Tables S3, S4).
The high bioavailability of these metals in the soil causes the bacterial communities in the soil to be exposed to this contaminant and therefore the selection pressure exerted on the communities is higher (Blanck, 2002). Zn, therefore, exerts higher selection pressure than Ni, which caused that metal tolerance increases take place from lower Zn concentrations than those needed for Ni.
Co-Tolerance of Soil Bacterial Communities to Tetracycline Antibiotics in Ni and Zn Polluted Soils
The results of bacterial growth obtained after exposure of the bacterial suspension to 8 concentrations of the three tetracycline antibiotics (400–0 mg L−1), added separately, were normalized with respect to the control, giving sigmoidal-type dose-response curves for the different soil samples contaminated with the various concentrations of Ni and Zn (1,000, 750, 500, 250, 125, and 0 mg kg−1) (Supplementary Figures S3–S5). The dose-response curves show a clear shift to the right for most heavy metals concentrations, indicating that there is a clear increase in co-tolerance to CTC, OTC and TC in most of the soils contaminated with the different Ni and Zn concentrations.
The dose-response curves were satisfactorily fitted to the logistic model, with R2 values between 0.890 and 0.999 (mean = 0.983) for the 3 tetracyclines in Ni-contaminated soils, and with R2 values between 0.874 and 0.999 (mean = 0.982) in Zn-contaminated soils. Log IC50 values were estimated from the dose-response curves obtained for each concentration of metal, soil and antibiotic added (Figures 2–4). The mean log IC50 values corresponding to the uncontaminated control (0 mg kg−1 of Ni and Zn) after the addition of the tetracycline antibiotics to the bacterial suspension were 0.76 for TC, 0.78 for OTC and 0.41 for CTC, indicating that CTC is the most toxic among them, while TC and OTC show similar values. This sequence of toxicities is similar to that found in previous works, where CTC >> OTC ≥ TC (Santás-Miguel et al., 2020c; Santás-Miguel et al., 2020d).
[image: Figure 2]FIGURE 2 | Evolution of bacterial community tolerance to TC (as log IC50), for increasing Ni and Zn concentration in the soil (0, 125, 250, 500, 750 and 1,000 mg kg−1). (A, B): soil 1; (C, D): soil 2, (E, F): soil 3.
[image: Figure 3]FIGURE 3 | Evolution of bacterial community tolerance to OTC (as log IC50), for increasing Ni and Zn concentration in the soil (0, 125, 250, 500, 750 and 1,000 mg kg−1). (A, B): soil 1; (C, D): soil 2, (E, F): soil 3.
[image: Figure 4]FIGURE 4 | Evolution of bacterial community tolerance to CTC (as log IC50), for increasing Ni and Zn concentration in the soil (0, 125, 250, 500, 750 and 1,000 mg kg−1). (A, B): soil 1; (C, D): soil 2, (E, F): soil 3.
The co-tolerance increases obtained after exposure of the bacterial suspension to TC, OTC and CTC showed an identical behavior within these tetracycline antibiotics. However, it was dependent on the heavy metal tested (Ni or Zn). On the one hand, the tolerance increases of TC, OTC and CTC in soils contaminated with Ni were evidenced at concentrations ≥125 mg kg−1 in soil 1 (C = 1.1%) and 2 (C = 5.3%), whereas in soil 3, with a very high carbon content (C = 10.9%), increases in co-tolerance to tetracycline antibiotics took place at very high concentrations (≥1,000 mg kg−1). Regarding soils contaminated with different concentrations of Zn, co-tolerance increases were observed for TC, OTC and CTC at the lowest concentration tested of ≥125 mg kg−1 for the 3 soils. This behavior shown for tetracycline antibiotics is similar to that observed for heavy metals in the previous section, where Ni tolerance increases showed a slight dependence on soil carbon content, while Zn tolerance increases were independent of the soil carbon content. Therefore, the evidence from studies suggests that bacterial communities that have been previously exposed to heavy metals may also develop co-tolerance to antibiotics. There are several studies that show that environmental contamination with heavy metals shows a high correlation with antibiotic resistance genes (ARGs) (Ji et al., 2012; Pal et al., 2015; Chen et al., 2019; Lu et al., 2020). Lu et al. (2020) studied the abundance of heavy metals, antibiotics and ARGs in sediments from China with organic matter values between 89 and 120 g kg-1. These authors found that there is a positive correlation between most of the tetracycline ARGs analyzed (tetC, tetG, tetO, tetE) and the presence of Zn in the sediments. However, in the case of Ni, no correlations were found with most of the tetracycline ARGs studied (only with tetA and tetQ). However, there are various mechanisms that can participate in the acquisition of resistance to heavy metals and antibiotics, such as co-resistance, cross-resistance and co-regulated resitant.
As previously commented, many studies show that there are increases in co-tolerance to antibiotics in the presence of different heavy metals from a functional and genetic point of view (Berg et al., 2010; Knapp et al., 2011; Hu et al., 2017; Knapp et al., 2017; Song et al., 2017; Xu et al., 2017; Nguyen et al., 2019; Santás-Miguel et al., 2020b; Zhong et al., 2021; Santás-Miguel et al., 2022). But rather few studies have focused on the concentrations of heavy metals present in soils triggering the co-tolerance of soil bacterial communities to antibiotics and, more specifically, to tetracycline antibiotics. In this regard, Santás-Miguel et al. (2022) observed increases in co-tolerance to tetracycline antibiotics at 1,000 mg kg−1 of 7 heavy metals separately added to the soil, including Ni and Zn among them. Song et al. (2017) observed increases in co-tolerance to tetracycline in a soil sample (%C = 1.4) contaminated with Zn at concentrations ≥264 mg kg−1. However, Zhong et al. (2021) did not observe an increase in co-tolerance to TC in soils contaminated with different concentrations of Zn (33–3,811 mg kg−1). As for Ni, there are very few studies dealing with increases in co-tolerance to tetracycline antibiotics. Hu et al. (2017) observed an increase in antibiotic resistance genes (ARGs) at Ni concentrations in soil ≥100 mg kg−1, concentrations similar to those observed in the present study for soils with a carbon content ≤5.3% (soil 1 and 2). Therefore, although the effect of heavy metals on soil bacterial communities is a widely studied topic, additional research should be carried out in the future, to be added to the current investigation, to shed further light on what are the concentrations of different heavy metals from which there is a risk of increased co-tolerance to a vast variety of antibiotics. This environmental problem must be treated as a priority to recognize which are the soils with potential risk of presenting bacterial communities resistant to antibiotics and thus avoid the dissemination of antibiotic resistance genes in the environment.
CONCLUSION
In the present study it was observed that, for the 3 agricultural soils studied, Zn presented higher toxicity than Ni on soil bacterial communities. In addition, the soils contaminated with different concentrations of Ni and Zn showed increased tolerance to both metals, with a slight dependence on the soil carbon content in the case of Ni. However, for Zn these increments in tolerance were independent of the soil carbon content. In addition, the samples contaminated with Ni showed increases in co-tolerance from low concentrations of these heavy metals (≥125 mg kg−1) for tetracycline antibiotics (TC, OTC and CTC) for soils with carbon content ≤5.3%, whereas, for soil with a high carbon content (C = 10.9%), co-tolerance increases occur at concentrations ≥1,000 mg kg−1. On the other hand, the samples contaminated with Zn showed increases in co-tolerance from low concentrations of this metal (≥125 mg kg−1) for the 3 tetracycline antibiotics. As a suggestion for future research, the study of the interactions between different contaminants present in agricultural soils and the selection pressure they exert on soil bacterial communities should be addressed in more depth. The acquisition of this knowledge will allow the implementation of more appropriate agricultural soil management practices, such as the improvement of high-carbon amendments to reduce the bioavailability of these elements and thus reduce the risk to human and environmental health that contaminated soils show.
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The long-term development of water quality metrics is critical to estimate the status of water resources and successful catchment management. This study looks at the temporal evolution of nitrate and phosphorus loads and concentrations in a stream draining rural catchment in Galicia (NW Iberian Peninsula) during 14 hydrological years. The concentrations of both nutrients are relatively low because of the rural nature of the research catchment and low-intensity agriculture. However, catchment nutrient reference levels were widely exceeded. The hydrology controls nutrient fluxes as flow is the main driver of nutrient transfer. For both nutrients there were no consistent trends in nutrient fluxes. The analysed nutrients, however, have been seen to behave differently. As a result, N seems to be decreasing, mainly due to decreased transit in the autumn and spring. Phosphorus, which is primarily transported as particulate matter, exhibits an increase in winter linked to a greater flow and sediment transfer.
Keywords: long-term, nutrients, Galicia, rural catchment, land use
INTRODUCTION
The natural quality of inland waters is related to the geomorphology, climate, and land use in the catchment. Thus, size and slope of the catchment, rainfall, temperatures, vegetation, erosion and soil structure play an important role in water quality. However, due to human activities, the high loads of sediments and nutrients transported by rivers have become one of the greatest problems causing the deterioration of the quality of surface waters on a global scale (Bennet et al., 2001; Worrall et al., 2016; Grizzetti et al., 2021; Kelly et al., 2022), and this explains why in recent years, determined efforts have been made both in the field of research and management and restoration.
Although water management and use has been one of the main concerns of the European Water Policy since the 1960s, it was only in the year 2000 that progress was made in the protection of aquatic resources with the publication of the Water Framework Directive (WFD; Directive, 2000) by the European Parliament and the Council of the European Union, in which a community action framework was established in the field of water policy. The WFD focuses on the protection of all water bodies present in the territory of the European Community. Its objectives are to prevent the deterioration of water resources, protect and improve their condition, promote the sustainable use of the resource, guarantee a reduction in pollution, prevent the effects of floods and droughts, and achieve at least good ecological status by the year 2015. Despite the progress made with the scope of improving the environmental quality of the various water sources in Europe, the last report by the European Environment Agency (European Environment Agency, 2018) indicated that 47% of European surface waters continue to fail to meet the minimum objective of good ecological status, with agricultural activities and the urbanisation of rural landscapes being the main threats to fluvial courses (European Environment Agency, 2018). Therefore, the frequent use of agrochemicals to meet production demands means that agricultural systems play an important role as a source of contamination (non-point source) of water bodies (Oenema et al., 2005; Sharpley et al., 2008; Lassaletta et al., 2009). Moreover, over the last few decades, the progressive implementation of modern agriculture and livestock methods, with the introduction of increasingly intensive tillage techniques, an increase in the size of plots, the establishment of monocultures, etc. has promoted runoff and soil erosion (Panagos et al., 2015). In general, chemicals from non-point sources are transported to nearby water bodies either in dissolved form or along with sediment during heavy rainfall and erosion events, even in gently sloping areas (Sharpley et al., 2008; Dupas et al., 2017).
The latest reports from the European Environment Agency noted an improvement in 20% of the stations, directly attributed to the implementation of measures to control diffuse (non-point) contamination and increased efficiency in wastewater treatment (Carvahlo et al., 2019). Thus, based on reported long-term data for nitrates in European waters, there was a falling trend for nitrate concentration in rivers, although this has levelled off since 2009. The reason for nitrate persistence is due to overuse of nitrogen, which can remain in the subsurface flow for decades in catchments with long time response and add to increased nitrate loads long after application practices have changed, or mitigation strategies have been implemented (Fovet et al., 2015; Ehrbardt et al., 2021). These and other provenances of nitrate create a heterogeneous patchwork of source areas across the landscape that can be activated and deactivated in response to changing hydrological conditions (Dupas et al., 2019). For phosphorus, a marked decline was reported due to improved wastewater treatment, reduction of P in detergents, as well as reduction in soil fertilization rates and implementation of measures to reduce soil erosion and connectivity to the receiving waters (Oenema eta l., 2005; Minaudo et al., 2015; Moatar et al., 2017). However, phosphorus may persist through soil enrichment, and therefore it may take a long time before any major water quality improvements can be detected in the recipient water bodies after decreasing fertilisation of agricultural fields (Withers and Lord, 2002; Ekholm et al., 2015).
Correct assessment of the quality of water resources in the catchment is essential to estimate the status of the resources and start management and planning, if required. In fact, the WFD urges members to carry out studies on trends of different contaminants (with trend understood to be the monotonic variation of the concentration in relation to time) and identify those water bodies exceeding established reference nutrient levels. This requires sufficiently frequent monitoring of the water quality over long periods of time, which is an arduous, costly, and time-consuming task. At present, several countries, including Spain, must improve their control programs to guarantee broad and consistent monitoring of water bodies, with appropriate coverage of all relevant quality indicators, since there are still significant deficiencies. However, the number of checkpoints has decreased in recent years as compared to the first planning cycles of the WFD. This includes the Galician region, popularly known as “the country of a thousand rivers.” Despite this, the scientific community did not pay much attention to the health of Galician rivers. To date, they have not undergone extensive monitoring because hydrological and hydrochemical studies based on catchment monitoring are relatively recent in the community. This underlines the need to continue long-term monitoring efforts for water quality assessments and to identify trends.
The objective of this paper was to explore the temporal evolution of nitrate and phosphorus loads and concentrations in a stream draining a typical rural catchment in Galicia (NW Iberian Peninsula), i.e., small population centres and low-intensity agriculture. The study is based on information collected over a period of 14 years in which regular manual sampling was combined with automatic sampling during runoff episodes.
MATERIAL AND METHODS
Study Area
The study site is the Corbeira stream headwater catchment located in NW Spain (Figure 1, gauge at 43° 12′58″N, 8° 13′48″W). The Corbeira is a right-bank tributary of the Mero River, the main river contributing to the Cecebre reservoir (water supply for the city of A Coruña and surroundings (about 450,000 inhabitants) discharging into the Ria do Burgo, in the vicinity of the city of A Coruña (Figure 1). The total length of the stream is 10 km, and the whole catchment area covers about 16 km2, with altitudes ranging from 65 m a.s.l. at the confluence with the Mero River to 470 m a.s.l. at the highest part. The mean slope is 19%, although approximately 27% of the catchment is steep, i.e., slopes higher than 25%. From a geological point of view, it is located within the Ordenes Complex and is dominated by basic schists (IGME, 1981), with phyllites and biotitic schists the most common petrological types in the area, which confers a certain uniformity to the lithological substrate. Schists are made up of easily alterable minerals, such as biotite (sometimes chlorite), plagioclase, and amphiboles. The soils are Umbrisols and Cambisol (IUSS Working Group WRB, 2014) with a silt and silty loam texture developed. The organic matter content in the upper horizon varies from less than 5.3% in cultivated lands, to 10.5% in forest soils, highlighting the importance of the latter in carbon sequestration. Total N soil concentrations ranged between 0.26% on cultivated land and 0.47% on grassland, whereas forest soils showed a mean value of 0.39% (Rodríguez-Blanco et al., 2015). The P Olsen content varied between 14.0 mg kg−1 in the forest soils and 69.0 mg kg−1 in cultivated fields, with the mean content of grassland 19.5 mg kg−1 (Rodríguez-Blanco et al., 2013).
[image: Figure 1]FIGURE 1 | Location of the study area. Changes in land use observed in the study area: (A) 2000 and (B) 2018 based on SIOSE.
The main land use is forest, which covers 65% of the catchment area and is mostly used for commercial plantations of eucalyptus and pine. In addition, there is, as in most Galician River catchments, a dense riparian vegetation basically consisting of Alnus glutinosa, Betula alba and Salix spp. The agricultural surface represents 30% of the catchment and is dominated by pasture and meadows (26%), the latter being humid areas mainly in flood zones. They are used to produce green, dry, or ensiled forage for consumption. Cropland comprises approximately 4% of the catchment area and is essentially used for forage crops, such as maize and winter cereals. Potatoes, vegetables, and fruit trees are cultivated in small kitchen gardens and orchards. The remaining 5% of the catchment’s surface is occupied by impervious areas, mostly road infrastructures (roads and forest paths) distributed throughout the catchment, crossing the main channel and its tributaries at numerous points. This information is based on land use maps from the Spanish Land Cover/Land Use Information System (SIOSE), used to calculate the cover (%) of land use for the years 2004 and 2018. A slight decrease was observed in the agricultural area during this period, whereas forests increased due to the replacement of cultivated land by plantations of fast-growing tree species, mainly eucalyptus. There is also a decrease in stocking density (dominated by cattle) during the study period, going from 0.96 livestock units (LU) per ha of utilised agriculture area (UAA) in 2004 to 0.73 LU per ha of UAA in 2018.
The distribution of land uses in the catchment is characterized by the mosaic presented in agricultural areas (Figure 2), which is generally bordered by meadows and, in some cases, by small stone walls, characteristic of smallholdings in Galicia. This distribution could be classified as a low-intensity agricultural mosaic (cropland and grassland), with a light input of inorganic fertilizer, small field sizes and low livestock density (Dou et al., 2021).
[image: Figure 2]FIGURE 2 | Illustrative photographs of the study area. (A) Landscape mosaic in which meadows, cultivated land and forest area; (B) runoff generated on cultivated land devoid of vegetation and channeled through the ditch; (C) slurry application on the ground at field capacity, and (D) riverside vegetation.
The study area has a marked rural nature (<150 inhab. km−2; Organization for Economic Co-operation and Development- OECD, 2007), characterized by a low population density, which has gone from 35 inhab. km−2 at the beginning of the study (2004) to 32 inhab. km-2 in 2018 (rates calculated from data of Spanish Statistical Office-INE, 2019)- a 15% decrease in just 15 years. In fact, the Ministry of Agriculture statistics place Galicia at the head of the most isolated communities in rural areas. Between the years 2010–2018, the population in Galician villages fell by 17.9% (INE, 2019). Most of the population is distributed in scattered dwellings that lack a sewage system, so that domestic wastewater is stored in cesspools constituting small sources of contamination.
The climate is temperate oceanic, with an annual average temperature of 13.5°C ranging from 8.9°C in January and February (winter) to 18.8°C in July and August (summer). The rainfall is abundant (1,074 mm- period 1983/1984–2017/2018) and occurs throughout the year, although it is concentrated in the autumn and winter, with October, November and December being the wettest months and July and August the driest. The hydrological regime is pluvial oceanic; which implies two alternate periods: a high-discharge period during the wet period (i.e., late autumn and winter) and a low-discharge period during the dry season (i.e., late spring and summer) (Figure 3; Rodríguez-Blanco et al., 2020). Mean stream discharge is 0.181 m3s−1, ranging from 0.08 to 0.273 m3s−1 (Rodríguez-Blanco et al., 2020). Baseflow contribution to the total streamflow (i.e., baseflow index), calculated according to Gustard et al. (1992), varies between 0.61 and 0.78 with an average of 0.71 (unpublished data), indicating that 71% of long-term streamflow in the study area is originated from groundwater.
[image: Figure 3]FIGURE 3 | Box plot of seasonal distribution of discharge in the Corbeira catchment. The length of the box plot shows the interquartile range, comprising 50% of the values, and the straight horizontal line inside the box represents the median. (Data from Rodríguez-Blanco et al., 2020). A: autumn, W: winter, Sp: spring, S: summer.
Field Instrumentation and Water Sampling
The data used in this study covers 14 hydrological years from October 2004 to September 2018. Monitoring within the catchment included rainfall and discharge measurements and automatic and manual sampling of stream water at the catchment outlet. Rainfall was monitored at three locations across the catchment at 10-min intervals using tipping bucket rain gauges (0.2 mm resolution), followed by the Thiessen Polygon method (Linsely et al., 1949) to calculate the mean rainfall in the area. Stream water level was measured at the catchment outlet using a pressure transducer (ISCO 720), and discharge was calculated from the rating curve. Measured water levels at 1 min intervals were aggregated to 10-min values. Water sampling was carried out under baseflow conditions (manual sampling every 2 weeks) and during runoff events (automatic sampling, ISCO 6712-FS). Full details of the design of the monitoring and water sampling can be found in Rodríguez-Blanco et al. (2013, 2015).
Laboratory Analyses
Water samples were immediately brought back to the laboratory and refrigerated (4°C) until analysed for nitrate and total and dissolved phosphorus concentrations. After sample filtration (0.45 μm), nitrate concentrations (expressed as mg NO3− L−1) were determined by capillary electrophoresis. Total phosphorus (TP) (μg P L−1) was determined in unfiltered water samples by acid digestion with ammonium persulfate (APHA, 1998) followed by colorimetric determination using the molybdate-ascorbic acid method developed by (Murphy and Riley, 1962). Following water sample filtration, dissolved phosphorus (DP) was determined by ICP-MS. Particulate phosphorus (PP) was calculated as the difference between TP and DP.
Data and Statistical Analysis
Since the main objective of this work was to detect trends of nitrate and phosphorus in long time series, the load (of these nutrients) for different periods of time (monthly, seasonal, or annual) was calculated by summing up the products from the mean concentration between two consecutive samples and cumulative discharge for each time interval between two water samples. The discharge-weighted mean concentration of each nutrient for each specific period (monthly, seasonal, or annual) was calculated as the nutrient load of each period divided by the total discharge of the period. For the seasonal trend, the year was divided into four seasons: autumn (October, November, and December), winter (January, February, and March), spring (April, May, and June) and summer (July, August, and September).
Once the nutrient concentrations were estimated, two different methodologies were used to calculate the trend of nitrate concentrations. The first refers to the approach used by the member states in the context of the Nitrates Directive, which is based on calculating the differences between the average concentration of nitrates taken from two consecutive periods of 4 years. Differences in the range between −1 and 1 mg L−1 indicates the absence of trend, whereas those higher than 1 and 5 mg L−1 are rated as a positive and strongly upward trend. In the second approach, trend analysis was performed using the non-parametric Mann-Kendall test and the Sen method in the Maksesen program (developed by the Finnish Meteorological Office). Both tests are widely used for trend detection in hydro-meteorological records and water quality (Bouraoui and Malagó, 2020) and have also been recommended by the World Meteorological Organisation for analysing the trends in hydrometeorological time series (Kumar et al., 2009). The presence of a monotonic upward or downward trend was tested with the Mann-Kendall and the magnitude (i.e., slope of a linear trend) was estimated with the Sen method.
RESULTS
Exploratory Analysis: Annual and Seasonal Nitrate and Phosphorus Loads and Concentrations
The average nitrate and phosphorus export during the study period was 19.04 kg ha−1 year−1 (7.36 and 30.07 kg ha−1 year−1) and 0.13 kg ha−1 year−1 (0.08 and 0.22 kg ha−1 year−1) for nitrate and phosphorus respectively (Figure 4). In both cases, the highest values were registered in the hydrological year 2009/2010 and the lowest were measured in the hydrological year 2016/17 (Figure 4), similar to discharge variations in the study period. This highlights the importance of the hydrological response in the nutrient export in the study catchment, because small streams can be very sensitive to changes in the precipitation regime and runoff episodes compared to large basins (Bol et al., 2018). The results showed that PP is the main fraction of P mobilized from the catchment, representing approximately 72% of the phosphorus exported, although the proportions vary between 39% in the hydrological year 2013/14 and 86% in 2017/18. This variability is probably related to the characteristics of the rainfall-runoff events, management activities within the catchment in relation to meteorological conditions, and the source of sediments delivered to the river channel. The P losses occur primarily through erosion and surface runoff as P is mobilized and transported during runoff events (Rodríguez-Blanco et al., 2015).
[image: Figure 4]FIGURE 4 | Temporal evolution of annual (A) rainfall, (B) discharge, (C) NO3− load, P load (D), mean (E) NO3− concentration and (F) P mean concentrations during the study period. TP: total phosphorus, PP: particulate phosphorus, DP: dissolved phosphorus.
Mean annual concentrations ranged from 4.1 to 5.2 mg L−1 for NO3−, and 17.2 and 35.1 μg L−1 for TP (Figure 4), reaching mean values of 4.8 mg L−1 and 26.3 μg L−1, respectively, which signifies a greater variability of phosphorus (CV = 20%) concentrations than nitrate (CV = 6%). The highest mean concentration of nitrate was recorded in the hydrological year 2006/07, while the lowest values were obtained in 2004/05. For total phosphorus, the highest mean concentrations were recorded in hydrological year 2005/06 while the lowest values, also for dissolved phosphorus, were recorded in 2007/08. Therefore, the lowest concentrations are usually recorded in the driest years and with lower flow rates (Figure 4).
Transport throughout the year (Figure 5) showed that the highest nitrate loads were obtained in winter (8.45 kg ha−1 year−1), followed by spring (4.78 kg ha−1) and autumn (4.54 kg ha−1), with the lowest values recorded in summer (1.25 kg ha−1). The pattern for phosphorus was similar, which also returned the highest records in winter (0.050 kg ha−1), followed by autumn (0.030 kg ha−1) and spring (0.031 kg ha−1), with the lowest values observed in summer (0.006 kg ha−1) (Figure 5). The seasonal distribution of the concentrations (Figure 6) followed the same pattern as the loads, meaning that nitrate showed the following decreasing order: winter (5.5 mg L−1) > autumn (5.3 mg L−1) > spring (4.5 mg L−1) > summer (4.1 mg L−1), while phosphorus displayed the sequence: autumn (TP: 32.75 μg L−1; PP: 22.91 μg L−1; DP: 10 μg L−1) > winter (TP: 33 μg L−1; PP: 23 μg L−1; DP: 10 μg L−1) > spring (TP: 24 μg L−1; PP: 15 μg L−1; DP: 8 μg L−1) > summer (TP: 16 μg L−1; PP: 9 μg L−1; DP: 7 μg L−1). Phosphorus concentrations showed large differences between autumn and winter against summer.
[image: Figure 5]FIGURE 5 | Box plot with the load of (A) nitrate (NO3−), (B) total phosphorus (TP), (C) particulate phosphorus (PP) and (D) dissolved phosphorus (DP). The length of the box plot shows the interquartile range, comprising 50% of the values, and the straight horizontal line inside the box represents the median. A: autumn, W: winter, Sp: spring, S: summer.
[image: Figure 6]FIGURE 6 | Box plot with the concentration of (A) nitrate (NO3−), (B) total phosphorus (TP), (C) particulate phosphorus (PP) and (D) dissolved phosphorus (DP). The length of the box plot shows the interquartile range, comprising 50% of the values and the straight horizontal line inside the box represents the median. A: autumn, W: winter, Sp: spring, S: summer.
Trends in Nitrate and Phosphorus Loads and Concentrations
Tables 1–3 present the results obtained with the Mann-Kendall test. Statistically relevant trends in annual values were not observed for both nutrients (Table 1). Nitrate seems to show a limited downward prospect. The same results were obtained using the Nitrate Directive approach, because the difference between the NO3− flow-weighted concentrations of two consecutive reporting periods ranged between −1 and 1 mg L−1, indicating the absence of a trend. On a seasonal scale, a meaningful decrease is only observed in autumn for the nitrate load (Table 2), mainly linked to the decrease in October, as well as an increase in TP concentrations in winter (Table 3). A negative trend is also seen in the load of NO3− and P in the month of September, while the concentrations show a positive pattern, which could be related to the lower discharge in this month and the enrichment of the flow due to less dilution.
TABLE 1 | Mann-Kendall trend test results for nutrient yield and concentrations.
[image: Table 1]TABLE 2 | Mann-Kendall trend test results for seasonal and monthly nutrient loads.
[image: Table 2]TABLE 3 | Mann-Kendall trend test results for seasonal and monthly nutrient concentrations.
[image: Table 3]DISCUSSION
NO3− and P loads were similar or lower compared with other studies carried out in Galicia (Bernárdez et al., 2013; Serrano et al., 2015) and suggest that agricultural activities and forest plantation management in the study area have only a slight impact on surface waters of the Corbeira catchment relative to other mixed land use catchments in Europe (Fovet et al., 2015; Dupas et al., 2017; Bouraoui and Malago, 2020; Ehrhardt et al., 2021). In fact, annual mean concentrations of both elements were well below the recommendations of WFD, the threshold proposed by Camargo and Alonso (2006) for protecting the most sensitive freshwater species and the threshold stablished by Carleton et al. (2009) to prevent nuisance level of periphyton and cyanobacteria (Table 4). When the mean nitrate and phosphorus concentrations obtained in this study are compared to the threshold values reported by Poikane et al. (2021), based on their relationship with macrophytes and phytobenthos, it is observed that mean nutrient concentrations of this study are within the range of predicted nitrogen good-moderate class boundaries for low alkalinity lowland and upland rivers (Table 4). They also are in the boundary values proposed by de Vries et al. (2013) to protect aquatic ecosystems from eutrophication. However, they exceed the threshold reported by Stevenson et al. (2008). In this case, the values reported by this last author coincide with concentrations in the catchment reference site (TP: 15 ± 7 μg L−1; mean and standard deviation from 120 water sampled collected from 2004 to 2016, unpublished data); i.e., in the headwaters of the studied stream, which drains a forest area and is assumed to be free of nutrient inputs from human activities. So, protection of stream with this threshold was deemed impractical. This highlights the need to adapt the thresholds to individual water bodies to protect aquatic ecosystems from eutrophication.
TABLE 4 | Nutrient thresholds establish by different ecology-based strategies.
[image: Table 4]Nitrate concentration exceeds the concentration collected by Macías et al. (1991) as reference values in slightly polluted rivers (1.19 mg L−1), the background concentration proposed by Meybeck (1982) for the major unpolluted rivers (0.44 mg L−1), as well as the levels suggested for uncontaminated natural rivers in Galicia (1–4 mg L−1, Antelo and Arce, 1996) and the mean concentration in the catchment reference site (1.99 ± 0.54 mg L−1; mean and standard deviation from 120 water sampled collected from 2004 to 2016, unpublished data). Naves et al. (2019) observed nitrate contamination in the groundwaters (concentrations between 2.54 and 47.1 mg L−1) of the study area linked to an inadequate management of the manure in the field and even to an occasional discharge of slurry from local farms. However, the results of this study are far from what was observed by these authors, since nitrate concentrations in summer (mean = 4.13 mg L−1) -when discharge is dominated by groundwater-are well below the values reported by Naves et al. (2019) as a reference in the study area (1.2–9.9 mg L−1).
Loads and the concentrations of both nutrients showed a marked seasonal pattern related to the hydrological behaviour of the catchment, that is, the highest values were recorded in winter and autumn, coinciding with the highest discharge and runoff events (Rodríguez-Blanco et al., 2019), while the lowest were obtained in summer, coinciding with the period of low waters and the greatest influence from the baseflow. This behaviour suggests a greater nutrient mobilization during the wet period (October-March), which is consistent with a predominant diffuse source of nitrate and phosphorus (Abbott et al., 2018; Dupas et al., 2019; Garzon-Vidueira et al., 2020). Thus, wet periods increase the connectivity between nutrient sources and the stream network (Rodríguez-Blanco et al., 2013; 2015), promoting the transfer of nutrients. Corbeira is a transport-limited catchment, where the nutrient fluxes are controlled by the hydrology, as the flow is the main driver of nutrient transport, since it controls the connectivity between the source (e.g., soils) and the stream. Nitrate is mainly transported in subsurface flow (Rodríguez-Blanco et al., 2015) while P (mainly associated with sediment) in surface runoff (Rodríguez-Blanco et al., 2013).
The results showed the lack of consistent trends of N and P over time, although a decreasing trend appears for N loads, mainly linked to the reduction of nitrate transport during autumn and spring (Table 2), although it might also be linked to a decline in agricultural activities in the catchment, which leads to a decrease in the application of manure and fertilisers—ideally in the autumn and spring. Forest plantation cutting cycles should also be considered since forest cut decrease nutrient uptake, making more nutrients available for leaching into water courses (Thompson et al., 2009). Forest roads, especially when intercepting the stream can be an important source of nutrients associated (mainly P) with sediments in plantation areas. Phosphorus points to an upward trend, mainly in winter, which could be related to the positive flow trend in the study area (Rodríguez-Blanco et al., 2020). An increase in discharge levels translates into a greater flow velocity and movement of sediments, which is essential for the transport of P in the catchment since it is intrinsically related to the particulate fraction. A similar pattern was observed in another mixed land use catchment (Minaudo et al., 2015; Bol et al., 2018), demonstrating the significance of suspended sediment in the dynamics of P. The results also show an increase in the nutrient concentrations, despite the fact that discharge and nutrient load decrease in the summer, meaning that the flow is being enriched owing to lesser dilution. As has been reported in several other catchments with forestry and agricultural uses (e.g., Abbott et al., 2018), this could be indicative of surplus nutrients applied to the soil being available for export to water bodies by drainage or runoff.
Despite the decline in population and reduced agricultural activities in the catchment, only a limited improvement in nitrate concentrations was observed. This may be due to the potentially long transit time in the catchment, so reducing non-point source nutrients may take decades to affect the water chemistry of rivers (Fovet et al., 2015; Dupas et al., 2017). The increase in winter flow could also counteract the effect of the reduction in the number of people, so that no trend at annual scale will be detected.
CONCLUDING REMARKS
The concentrations of N and P measured in the catchment are relatively low, which shows that agricultural practices and the forest plantation management in the catchment do not jeopardise (for the moment) the water quality, although the catchment nutrient reference levels were widely exceeded. The variability of export fluxes is high, despite their “natural nature,” due to the fact that connectivity between the nutrient source area and the stream is dependent on flow conditions. A lack of consistent trends of N and P over time was observed, but the nutrients analysed behaved differently. Thus, N appeared to show a downward trend, mainly associated with declining transport in autumn and spring. Phosphorus showed an upward trend in winter linked to a greater flow and sediment transfer. As a result, any increase in erosion and runoff will almost certainly result in an increase phosphorus load in the study area.
Despite the decrease in population and abandonment of agricultural land in the catchment, the concentrations of nitrate do not show a sizable reduction, which could be indicative of surplus nutrients provided to the soil being available for export to water bodies via drainage or runoff. As a result, a decrease in inputs from various sources does not result in rapid improvement in riverine water quality.
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Atmospheric mercury (Hg) usually tends to accumulate in the upper horizons of soils. However, the physico-chemical characteristics of some soils, as well as pedogenetic processes, past climate changes, or soil degradation processes, can lead to a redistribution of mercury through the soil profile. In this work, the presence and accumulation of mercury was studied in three deep polycyclic soils from a mountainous area in NW Iberia Peninsula. The highest total Hg values (HgT) were found in the organic matter-rich O and A horizons of FL and MF profiles (169 and 139 μg kg−1, respectively) and in the illuvial horizon of RV (129.2 μg kg−1), with the latter two samples showing the maximum Hg reservoirs (29.3 and 29.0 mg m−2, respectively). Despite finding the highest Hg content in the surface horizons, considerable Hg reservoirs were also observed in depths higher than 40–50 cm, indicating the importance of taking into account these soil layers when Hg pools are evaluated at a global scale. Based on the mass transfer coefficients, we can rule out the contribution of parent material to the Hg accumulation in most of the horizons, thus indicating that pedogenetic processes are responsible for the Hg redistribution observed along the soil profiles. Finally, by means of principal component analysis (PCA) and stepwise linear regression we could assess the main soil components involved in the Hg accumulation in each soil horizon. Therefore, PC1 (organic matter and low stability Al-hummus complexes) showed a higher influence on the surface horizons, whereas PC2 (reactive Al-Fe complexes and medium-high Al-hummus complexes) and PC4 (crystalline Fe compounds and pHw) were more relevant in the Hg distribution observed in the deepest soil layers.
Keywords: soil organic matter, Hg storage, Hg vertical patterns, pedogenetic processes, Al and Fe compounds
INTRODUCTION
Hg is a global pollutant of environmental concern, which can cause serious damage to the health of both humans and wildlife, especially in the methylated form (Clarkson and Magos, 2006; Driscoll et al., 2013). Hg is mainly emitted to the atmosphere by both natural and anthropogenic sources and transported far away from its emission point. Therefore, one of the biggest Hg reservoirs in the biosphere is the atmosphere (Obrist et al., 2018). After a certain period of permanence in the atmosphere (up to 2 years, Schroeder and Munthe, 1998), Hg is deposited over terrestrial ecosystems through direct wet and dry precipitation and via litterfall. Because of its predominant atmospheric origin and its high affinity for the reduced sulphur groups of the organic matter, Hg tends to accumulate in the organic-matter rich superficial soil layers (i.e., 30–50 cm) (Skyllberg et al., 2006; Smith-Downey et al., 2010; Obrist et al., 2014; Obrist et al., 2017). For this reason, most of the Hg studies in terrestrial ecosystems are usually focused on the top few centimetres of soils (Xin and Gustin, 2007). However, on a minor scale, Hg can also occur in soils as a result of the weathering of soil parent material (Roulet et al., 1998; Guédron et al., 2006; Peña-Rodríguez et al., 2014; Kroonenberg et al., 2022). As a consequence, Hg derived from lithological sources could be also contributing significantly to the total Hg soil pool, especially in the deepest soil horizons (Fiorentino et al., 2011; Richardson et al., 2018; Kroonenberg et al., 2022). The participation of the deep soil layers in Hg storage would strengthen the role of soils as a main reservoir of atmospheric Hg in terrestrial ecosystems, as well as making it less probable that Hg would reach aquatic ecosystems (Amos et al., 2013). Unfortunately, few recent studies have explored the relevance of soil deep horizons in the biogeochemical fate of Hg in soil, as most of them were restricted to the surface soil horizons (Richardson et al., 2018; Schuster et al., 2018; Kroonenberg et al., 2022; Richardson, 2022; Richardson, 2022). In the deepest soils layers, soil components other than C, such as Al and Fe oxyhydroxides or organic Al and Fe compounds, have been recognized to influence the vertical pattern of Hg in soils (Do Valle et al., 2005; Guédron et al., 2006; Navrátil et al., 2014; Richardson et al., 2018; Gómez-Armesto et al., 2020).
Podzols and soils with podzolic characteristics can serve as examples of soils with a recognized ability to accumulate Hg in the deeper soil horizons. In Podzols, Hg can be mobilized through the soil profile together with organic matter and Al and Fe compounds and afterwards immobilized due to its adsorption to metal (Al, Fe)-humus complexes and Al and Fe oxyhydroxides, leading to the characteristic soil vertical pattern of Hg reported in different works (Guédron et al., 2009; Navrátil et al., 2014; Richardson et al., 2018; Gómez-Armesto et al., 2020; Gómez-Armesto et al., 2021a; Gómez-Armesto et al., 2021b).
Besides the particular chemical properties that determine Hg occurrence in soils such as Podzols, the distribution of Hg in other soils can also be defined by pedogenetic processes, past climate changes, or soil degradation processes (forest fires, deforestation, erosion) as reported by Obrist et al. (2018). In some cases, the soil can be removed whole or in part by climatic and/or erosive causes and deposited far away from its original area, whereas in other cases, surface soil layers are buried with soil mobilized through erosion. When this happens, it is quite probable that the appearance of polycyclic soils is a consequence of the action of several pedogenetic processes, as these soils show a complex mixture of chemical properties, soil compounds, and morphological features (Taboada-Castro et al., 1995; Peiteado Varela et al., 2002). In fact, a polycyclic soil is a soil developed under different climatic scenarios that led to different and, sometimes, contrasting pedogenetic processes, resulting in soil horizons that are not genetically related (Canarache et al., 2006). Thus, the multilingual dictionary of soil science supported by the Spanish Society of Soil Science (SECS-SLCS-IEC, 2023) indicates that the deeper part of a polycyclic soil derived from old pedogenetic processes may serve as parent material of the more recent and superficial part of the soil. The involvement of polycyclism processes, through the vertical arrangement of organic matter and Al and Fe oxyhydroxides along the soil profile, was reported to be responsible for vertical patterns of Hg in mountain forest soils from Tierra del Fuego, Argentina (Peña-Rodríguez et al., 2014). In summary, the substantial role of the pedogenetic processes in the soil Hg sequestration should be deciphered to assess the transcendence of soils in the biogeochemical cycle of Hg in terrestrial ecosystems.
The present study assess the occurrence, accumulation, and vertical distribution of Hg in three deep polycyclic soils from a mountain area in NW Iberia Peninsula. This study aims to evidence the relevance of deeper soil layers in terms of soil Hg pools, and attempts to further understand the main soil chemical characteristics and soil processes involved in the observed Hg patterns with soil depth.
MATERIAL AND METHODS
Study Area and Sampling Procedure
This study was carried out in the Xistral Mountains, a medium altitude mountain range (maximum 1,060 m a.s.l.) located in the north of the province of Lugo (Galicia). This area is characterized by a mean annual temperature between 7°C and 10°C, and a moderate total annual rainfall (1,400–1800 mm) with a scarce rainfall seasonality and abundant fogs throughout the year above 600 m a.s.l. (Pontevedra-Pombal et al., 2012). In the Xistral Mountains, three soil profiles developed from granitic materials and with a complex morphology were selected for the present study. These soils were denoted as FL (43° 31′42.8″ N, 7° 31′3.9″ W) MF (43° 28′6.7″ N, 7° 31′33.5″ W), and RV (43° 31′22.6″ N, 7° 29′54.9″ W), with a depth of 185, 190, and 155 cm, respectively. The vegetation in the three sampling sites was mostly dominated by different species of heather (Erica sp.), some individuals of shrubs species from genus Ulex and Cytisus, small patches of mosses (Sphagnum sp.), and several herbaceous species such as Molinia caerulea and Agrostis curtisii.
At each soil sampling site, samples were collected on a surface cut of a forest track, removing the first 30 cm-thickness of the profile in order to obtain a fresh soil surface and avoid potential anthropogenic disturbances. From each individual horizon identified in the field, soil samples were collected at an interval of 10–20 cm with a plastic garden trowel, which was rinsed twice between samples with a diluted HNO3 solution and then dried. The total number of soil samples collected was 45. In addition, a fresh rock sample representing the parent material for each sampled soil was collected. Soil and rock samples were stored in plastic bags and transported to the laboratory in a portable fridge at 4°C. Once in the laboratory, after plant debris and stone removal, soil samples were air-dried and sieved (2-mm mesh), whereas rock samples were washed with distilled water and any soil residue removed. Approximately 0.5 kg of sieved soil was quartered with a stainless steel riffle-splitter to obtain samples with enough representativeness and homogeneity for subsequent general chemical characterization and Hg analyses.
Analytical Methods
The physico-chemical characterization of soil samples was carried out in the fine earth fraction (<2 mm). Soil pH was determined in soil suspensions obtained after addition of distilled water (pHw) or saline solution (0.1 M KCl, pHK) to soil samples, maintaining a 1:2.5 soil:solution ratio. The total content of biophilic elements (i.e., C and N) were determined in an autoanalyzer after combustion of milled soil samples, with total C values assumed to be organic C due to the absence of inorganic carbonates in the studied soils. Neutral saline solutions, 1 M NH4Cl (Peech et al., 1947) and 1 M KCl (AlK; Lin and Coleman, 1960) were used to displace exchangeable base cations (Ke, Nae, Cae, Mge) and exchangeable Al. The sum of all displaced exchangeable cations was considered an estimate of the effective cation exchange capacity (eCEC). Soil texture was obtained on the basis of the particle-size distribution, which was determined after wet sieving (sand fractions) and the pipette method based in the sedimentation rate of soil particles for silt and clay fractions (Gee and Bauder, 1986).
The fractionation of Al and Fe in soil samples was carried out following the procedures used by García-Rodeja et al. (2004). Aluminium and Fe complexed by soil organic matter were obtained after extraction with 0.1 M Na-pyrophosphate solution (Alp, Fep). A 0.2 M ammonium oxalate-oxalic acid solution buffered at pH 3 was used to dissolve all non-crystalline Al and Fe compounds (Alo, Feo) including poorly-ordered inorganic Al and Fe oxyhydroxides and metal (Al, Fe)-humus complexes. To estimate the total free pools, a 0.5 M NaOH solution was used in the case of Al (Aln) while an Na-dithionite-citrate solution was applied for Fe (Fed). After these extractions, the following fractions of Al and Fe were operatively defined: a) metal (Al, Fe)-humus complexes which are equal to Alp and Fep; b) inorganic non-crystalline Al and Fe compounds (Alia, Feia) as the subtraction among the amounts of Al and Fe extracted with oxalate-oxalic acid and Na-pyrophosphate; c) crystalline Al and Fe compounds (Alc, Fec) from the result of total free Al and Fe minus oxalate-oxalic acid extractable Al and Fe. To extend the characterization of the organically complexed Al pool, two additional extractions were carried out using two chloride salt solutions, namely, 0.5 M CuCl2 (Juo and Kamprath, 1979) and 0.33 M LaCl3 (Bloom et al., 1979), denoted as AlCu and AlLa, respectively. Following previous studies (Urrutia et al., 1995; García-Rodeja et al., 2004), chloride salt solutions provide the operative differentiation of Al-humus complexes in the following types: high stability Al-humus complexes (Aloh, as Alp–AlCu), moderate stability (Alom, as AlCu–AlLa) and low stability (Alol, AlLa–AlK). The concentration of Al and Fe in the different extractions was determined by flame-AAS spectrometry. Carbon solubilized during the Na-pyrophosphate extract (Cp) was determined by titration with 0.1 N Mohr salt and considered an estimation of well humified soil organic matter.
For the Hg measurement, samples of soil and rock were milled in a mechanical agate mortar (Retsch RM100, Retsch RM200). About 100 mg of each sample was analyzed twice using a DMA-80 Hg analyzer (Milestone), which is based on thermal decomposition and atomic absorption spectroscopy. Measurements were repeated when the coefficient of variation was higher than 10%. In order to test the accuracy of the method (for quality assurance and quality control purposes), different standard reference materials were analyzed at the start of each sample run and every fifteen samples, obtaining recovery percentages of 91% for GBW 07402 (average 13.6 ± 0.7 μg kg−1; n = 12) and 91% for GBW 07427 (average 47.4 ± 9.8 μg kg−1; n = 9). Finally, the detection limit of the method was 0.043 μg kg-1.
Mercury Reservoir Evaluation
For each sampled depth, the pool of Hg (HgRes_d) was calculated taking into account the corresponding thickness (Td), bulk density (Bd), coarse fragment proportion (C) (%), and total Hg content (HgT) as in Wang et al. (2017).
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The Hg reservoir in each soil horizon identified (HgTres) was calculated as the sum of all HgRes_d included in the same horizon.
Relative Hg Losses and Gains During Weathering
Mass transfer coefficients of Hg (τHg) were calculated following the open-system mass transport function (Guédron et al., 2006; Fiorentino et al., 2011; Guédron et al., 2013; Richardson, 2022; Spinola et al., 2022) for each sample depth, in order to evaluate Hg depletions or enrichments and to discriminate among possible sources of Hg (atmospheric deposition or lithogenic origin) in the soil profiles. The chosen immobile element for calculations was zirconium and its concentrations in soil (subscript s) and parent material (subscript r) of both elements (Hg as mobile element and Zr as immobile element) were used as follows:
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The τHg for each soil horizon identified was calculated as the average of all Tau values included in the corresponding depths analysed. As Spinola et al. (2022) indicated, positive τ values mean Hg enrichment of soil horizons regarding soil parent material, negative τ values signal Hg losses, and if zero values are obtained Hg is stable in the horizon in relation to the parent material or there is net gain/loss of Hg in that horizon.
Statistical Treatment of Data and Calculations
All the statistical analyses described in this section were done using SPSS version 25.0 software for Windows.
In order to reduce the number of soil variables studied into a few components, a principal component analysis (PCA) was conducted, applying varimax rotation that maximizes the sum of the variances of the square loadings. Each principal component consisted of variables with loadings higher than 0.50 (Abdi and Williams, 2010).
A principal component regression (PCR) analysis was carried out with the “new” variables obtained in the PCA as independent variables, and the principal components which are not correlated between them (orthogonal) and Hg as dependent variables. Using this method, we could predict Hg concentration and distinguish which soil properties are most involved in the Hg depth distribution observed. The weight of each component (wPC) was used to calculate its participation in the Hg prediction and it was estimated by multiplying the score of each component by the corresponding standardized regression coefficient (Liu et al., 2003). The accuracy of the model was checked through root mean squared error (RMSE) calculation and through the representation of Hg observed vs. predicted.
RESULTS AND DISCUSSION
Main Characteristics of Soils
The general chemical properties of the three soil profiles are shown in Table 1 as an average per soil horizon type. The pH in distilled water (pHw) ranged from 4.6 to 5.2, and in saline solution (pHK) was about 0.2–1.1 units lower than pHw. The range of pHw is quite similar to that reported in previous studies on forest soils derived from granitic material, varying from 4.5 to 5.3 (Álvarez et al., 2002; Eimil-Fraga et al., 2015). The strong acidity showed by the studied soils, which was more evident in the A horizons, is expected considering the low content of weatherable minerals in the soil parent material as well as the climatic conditions that favour the loss of base cations through leaching (Macías et al., 1982). In addition, the contribution of the exchangeable acidity associated with proton release from organic matter functional groups and Al-humus complexes can also contribute to the observed acidity, as was evidenced in highly complex colluvial soils (Kaal et al., 2008) and in podzolic soils (Ferro-Vázquez et al., 2014). Since there are no carbonates in these soils, the total carbon is assumed to be equal to organic C and it ranged from 20.8% in organic horizons to 0.1% in the deepest C soil horizons. The highest Na-pyrophosphate extracted C (Cp)/C ratios occurred in the buried A horizons as well as in the illuvial horizons of MF, indicating the presence of well-humified and reactive organic matter in them which may be mobilized as metal-humus complexes (Ferro-Vázquez et al., 2014). As expected, due to the strong acidity of the studied soils, the sum of the base cations was very low in all horizons (0.2–5.9 cmolc kg−1), while the exchangeable Al (AlK) was slightly high (0.7–6.5 cmolc kg−1), especially in the surface and buried A horizons, where it dominated the cation exchange capacity of the soils. Both the exchangeable base cations and exchangeable Al are in the range of values reported for acid forest soils developed from parent materials poor in weatherable minerals such as granite, micaceous schist, slates, or quartzites (Álvarez et al., 2002; Eimil-Fraga et al., 2015; Cutillas-Barreiro et al., 2016). Unless in the case of the O layer of FL soil, Al dominated the cation exchange complex in the studied soils (range 0.7–6.5 cmolc kg−1) which is characteristic in acid forest soils.
TABLE 1 | Mean values per soil horizon of some chemical characteristics of FL, MF, and RV soils.
[image: Table 1]The distribution of the Al and Fe compounds in the soil solid phase of the different horizons studied is summarized in Table 2. The Al distribution is dominated by the non-crystalline compounds (Alo) in the O, A, and B horizons ranging from 4.7 to 15.0 g kg-1, although in most of the cases Al-hummus complexes (Alp) represented more than 60% of total non-crystalline Al compounds. The predominance of non-crystalline Al compounds is often reported in mountain acid forest soils from NW Iberian Peninsula (García-Rodeja and Macías, 1986; Álvarez et al., 2002). On the other hand, Alc (secondary crystalline Al compounds, estimated as the difference of Aln minus Alo) showed a notable predominance in the deepest soil layers (mostly C or transitional B/C horizons) representing 42%–92% of the total free Al pool. A greater abundance of crystalline compounds, compared to other non-ordered Al compounds, was shown by García-Rodeja and Macías (1986) in low organic C content horizons of soils derived from weathered granitic materials located in mountain areas. With regard to organically-complexed Al compounds, its distribution is dominated by Al-humus complexes of moderate (Alom) and high stability (Aloh) below 20–30 cm depth in the three soil profiles, showing values in ranges of 4–37 and 4–91 cmolc kg−1, respectively. These values are in the same order as those reported in previous studies where Al fractionation in acid forests soils was assessed (Álvarez et al., 2002; Kaal et al., 2008; Ferro-Vázquez et al., 2014), and combined, Alom and Aloh accounted for 51%–99% of the total Al-humus complexes (Figure 1). Consistently with Eimil-Fraga et al. (2015), the degree of organic matter humification in the FL, MF, and RV soils, indirectly assessed through the C/N ratio, would favour the organic matter-Al interactions and the consequent formation of high stability Al-humus complexes.
TABLE 2 | Mean contents per soil horizon of Al and Fe compounds and Hg (HgT), total reservoir of Hg (∑HgTres) and Tau.
[image: Table 2][image: Figure 1]FIGURE 1 | Vertical patterns of Al-humus complexes of low (Alob), moderate (Alom) and high stability (Aloa) in the soils FL, MF, and RV.
In the case of the Fe distribution, organically-complexed Fe (Fep) dominate in the A horizons (4.7–7.3 g kg−1), whereas in the B and C horizons there is an equal partition between Fe-hummus complexes (Fep) and crystalline compounds (Fec) (Table 2). The range of Fe values extracted with different solutions (0.4–14.2 g kg−1) is quite similar to that reported by Kaal et al. (2008) for soils with a noticeable polycyclic pedogenetic character. The trend observed in the fractionation of Fe in FL, MF, and RV coincides with that reported for acid soils from mountain areas (Ferro-Vázquez et al., 2014; Gómez-Armesto et al., 2021a).
Considering the morphological features observed during field sampling such as the horizon diversity and discontinuities recognisable by the occurrence of stone lines and charcoal and the previous discussion of main soil physicochemical characteristics, the three soils studied are representative of complex polycyclic soils typically found in the mountain landscapes from NW Iberian Peninsula. According to this and following the IUSS-WRB (2014), although some classification requirements could be not wholly satisfied such as colour in the illuvial horizons, a tentative classification of the studied soil was Folic Umbrisol for soils FL and MF and Cambic Umbrisol in the case of RV soil.
Total Mercury Content and Pools
The total mercury content (HgT) is shown in Table 2 as an average per type of horizon. In general, the highest Hg concentrations are found in the organic matter rich horizons of the three soils (O and A) as well as in illuvial horizons, whereas the minimum HgT is observed in the C horizons of the studied soil profiles. Values of HgT in the uppermost soils layers of the three soils were higher than the range 43–92 μg kg−1 estimated through deep neural network-regression kriging in topsoil samples (0–20 cm) from the NW Iberian Peninsula in a large-scale study carried out in the European Union (Ballabio et al., 2021). Greater values of HgT than expected in A and O horizons could be justified by, besides other factors, the altitude at which the studied soils were located, as according to previous research greater atmospheric Hg deposition is favoured in these areas (Blackwell and Driscoll, 2015; Wang et al., 2017). Indeed, in the abovementioned study of Ballabio et al. (2021), moderate Hg levels were found for the Cantabrian Mountains in whose western foothills are located the Xistral Mountains. Detailed revision of values of HgT in the studied soils reveals that maximum HgT in the FL profile was in the O horizon (169 μg kg−1), diminishing steadily with the soil depth until the first buried soil appeared (horizons 2A and 2AC) where Hg ranges between 79 and 91 μg kg−1 (Figure 2; blue line). In the MF soil, the highest Hg content was observed in the surface A horizon (139 μg kg−1) then decreasing in the Bhs horizons to increase again in the spodic Bs horizon (93 μg kg−1). Contrary to the FL profile, the remains of older soil cycles in the MF site do not lead to subsurface peaks of HgT and this diminishes, progressively reaching the lowest values in the deepest horizon analysed (3C). As it can be seen in Figure 2, the maximum HgT in the RV soil does not occur in the uppermost soil layer (A horizon) but in the B horizon (129.2 μg kg−1), although both horizons showed a relatively similar mean value. The buried soil in RV shows a noticeable HgT level in the 2A horizon (88 μg kg−1), although somewhat lower than in the present soil cycle. Below the horizon 2A, HgT decreases with depth in the soil RV and the lowest value is observed in the deepest horizon with 9 μg kg−1.
[image: Figure 2]FIGURE 2 | Variation of observed (blue circles) vs. predicted Hg (red triangles) with soil depth in the soils FL, MF, and RV.
Although the HgT in the samples of the three soils studied were considerably higher than the values of HgT found in their parent material (0.7, 1.3, and 4.0 μg kg−1 for soils FL, MF and RV, respectively), most of the samples were below 130 μg kg−1, the critical load of Hg in soils (Tipping et al., 2010). Previous studies have shown that in soils with background Hg levels, such as those from the present study, the proportion of available Hg scarcely reaches a percentage of 0.31% of HgT in acid soils (Frey and Rieder, 2013). Therefore, considering both the levels of HgT and the equivalent fraction of available Hg, the bacterial and fungal communities of the studied soils are not likely to be affected, as detrimental effects on these are only likely with values of HgT above 320 μg kg−1 (Frossard et al., 2017), almost twice that of the measured values. Moreover, only the surface horizons (O and A) and the B horizon of the soil RV have Hg concentrations somewhat higher than the natural background considered for non-polluted soils (<100 μg kg−1; Xin and Gustin, 2007). This value of HgT (100 μg kg−1) was also considered by Harris-Hellal et al. (2009) as a threshold below which no modifications were observed in the bacterial community structure. For plants and terrestrial invertebrates, toxicity effects were observed for HgT levels several orders of magnitude higher than those found in FL, MF, and RV soils (Mahbub et al., 2017).
In general, the values of HgT obtained in the present study are in the same order as those reported for acid forest soils not directly affected by Hg emission point sources worldwide (Du et al., 2019; Gruba et al., 2019; Nave et al., 2019; Gómez-Armesto et al., 2021a, 2021b; Kroonenberg et al., 2022). Beyond the values of HgT, the variation of Hg concentrations with soil depth should also be considered. The progressive diminution of HgT values with soil depth observed in the three studied soils, besides the very low values of Hg in the parent material, indicates a predominance of atmospheric against lithological Hg source, which reinforces atmospheric deposition as the main mechanism responsible for the occurrence of Hg in the soil surface. Previous studies that focused on the variation of Hg with soil depth also showed a noticeable diminution of Hg from the surface to bottom horizons (Fiorentino et al., 2011; Richardson et al., 2018; Gómez-Armesto et al., 2020; Kroonenberg et al., 2022; Richardson, 2022). However, as it can be seen from Figure 2, some parts of the soil profiles can depart from this general trend due to the effects of pedogenetic processes.
The Hg reservoir (HgTres), shown in Table 2, was calculated as the sum of the absolute amount of Hg in each soil sample that compounds the horizon described for the studied soil profiles. The total Hg accumulated in the whole soil profile was 87.7, 66.5, and 83.4 mg m−2 for the FL, MF, and RV soils, respectively. On average, the studied soil profiles accumulated 79.2 mg m-2, higher than the total Hg pool of the upper 40 cm of forest soils reported by Obrist et al. (2009) (from 4 to 7 mg m−2), Zhou et al. (2017) (from 7.2 to 10.7 mg m−2), and Obrist (2012) (from 3 to 40 mg m−2). When evaluating the upper 60 cm of forest soils, Méndez López et al. (2023) assessed between 32 and 42 mg m−2 in the complete mineral soil profiles studied. Hg pools reported by Demers et al. (2007) (22 mg m−2 and 9.6 mg m−2 for deciduous and coniferous stands, respectively) are also lower than those reported in the almost 2-m-depth soil profiles of the current study. When comparing Hg pools from different studies, in addition to the uncertainties arising from their calculation for specific soil horizons and/or the complete soil profile (Zhou et al., 2020), different soil profiles depths should also be of concern. In fact, HgTres reported for the upper meter of six different 10-m depth soil profiles by Richardson et al. (2018) were 26, 33, 48, 69, 98, and 246 mg Hg m−2.
The Hg reservoir (8.6 mg m−2) of the soil horizon with the highest HgT content (O horizon - FL soil profile) was higher than the range (0.02–7 mg m−2) found for this type of horizon worldwide (Evans et al., 2005; Demers et al., 2007; Friedli et al., 2007; Obrist, 2012; Richardson et al., 2013 or Méndez López et al., 2023). The O layers are usually considered as the soil horizons more influenced by atmospheric Hg deposition, but despite this, higher Hg stocks were detected in singular horizons from these polycyclic soils like 2AC (FL soil), Bs and 3C (MF soil) or 2A (RV soil).
The horizons with the highest HgTres were the B-horizon from RV soil (32.5 mg m−2), located at 43–75 cm depth followed by both the surface A horizons from RV and MF soil profiles (29.0 and 29.3 mg m−2, respectively). Similar thickness (32–41 cm depth), bulk density (0.81–0.99 g cm−3) and high total Hg contents (113–139 μg kg−1, Table 2) were responsible for similar Hg pools of these horizons. As an average, the Hg stored in the surface mineral horizons (A horizons upper 30 cm, ∼26.2 mg m−2) is comparable to that found by Richardson et al. (2018) in the upper 30 cm of several soils with values between 26 and 38 mg m−2. At greater soil depths; Richardson et al. (2018) estimated higher Hg inventories as we observed in subsurface mineral horizons such as B from RV soil and the transition layer 3BC from FL soil. The HgTres estimated for the 3BC layer (22.6 mg Hg m−2) is mainly a consequence of its thickness (60 cm) and, to a lesser extent, to HgT content (36 μg kg−1).
The lowest HgTres occurred in the deepest sampled horizons from FL and RV soil profiles (3C: 5.7 mg Hg m−2 and 2C: 1.5 mg Hg m−2, respectively) manly due to their low HgT contents and the Bhs horizon from MF soil (3.5 mg Hg m−2) because of its low thickness (10 cm) and high coarse fragment proportion (54%). Therefore, the commonly observed declining pattern of Hg concentrations with depth (Zhou et al., 2020) is broken when areal mass is taken into account because in addition to Hg concentrations, soil horizon properties related to soil genesis (density, coarse fraction content, horizon thickness, organic matter content, etc.) will influence the pattern distribution of HgTres. As a result, deeper and subsurface soil horizons that are not commonly evaluated (>40–50 cm) because they are not suspicious for accumulating atmospheric Hg can evolve as true reservoirs with important environmental and health implications. The highest Hg pools observed in the deepest horizons (>40–50 cm) represented about 50%–65% of all the Hg stored in those soil profiles. This fact suggests that, if deep layers of soils are not evaluated, a big proportion of the Hg stored at a global level in soils will be systematically underestimated. Fluctuations in the pool of Hg observed with soil depth are even more prominent when looking at polycyclic soils due to the complex soil genesis involved. This has a great transcendence in environmental terms since Hg accumulated in deep soil horizons is associated with organic matter and Al and Fe compounds which are expected to contribute to the most recalcitrant soil Hg pools (Smith-Downey et al., 2010). In absence of anthropogenic perturbations such as forest fire or land-use changes, the biogeochemical stability of this soil Hg pool prevents its mobility to other components of terrestrial ecosystems, leaving aside toxicity risks to wildlife and human health as well as a decline in the quality of groundwater and surface waters.
The complexity of polycyclic soils is also conspicuous when evaluating possible gains and losses of Hg regarding parent material. The highest τHg values in each soil profile (Table 2) were detected in current or older surface horizons (O, A and even AC horizons) showing that atmospheric deposition of Hg was, and still is, the main source of Hg in the soils evaluated. Moreover, regardless ofthose buried surface horizons, τHg values decrease as soil profile depth increases and the lowest values were always calculated for the deepest horizons of each soil profile showing almost no influence of Hg from lithogenic sources. Close to zero τHg negative values (−0.5 and −0.6 from 2B to 2C horizons from RV soil, respectively) were also interpreted as indicative of almost no atmospheric deposition. Compared to FL and MF soil horizons, τHg values from RV soil are very low. They are comparable with those reported by different authors for a nearby active quarry soil profile in Brasil (Fiorentino et al., 2011), for different sites in a New York-Tennessee transect (Richardson, 2022), and for different forest soils in a nearby study area (Gómez Armesto et al., 2021). In all cases, τHg values are mainly positive but less than 10. When focussing in FL and MF soil profiles, similar values of τHg were only found in the deepest soil horizons. The soil FL is that with the highest τHg values which are comparable to those found in soils nearby to gold mines (Guédron et al., 2006).
The mass transfer coefficients of Hg calculated for the three soil profiles were of different orders of magnitude but all indicated a net gain of Hg in the soil horizons regarding their parent material. In fact, the contribution from parent material to soil Hg accumulation is very low in almost all of the horizons evaluated. Taking into account that the studied polycyclic soils are located relatively close to one another and therefore climate conditions are assumed to be the same, in addition to exogenic inputs associated to atmospheric Hg deposition, pedogenetic processes should be also involved in Hg distribution accounting for its gains and losses throughout the soil profiles as it was indicated by Guédron et al. (2006).
Relationship Between Soil Properties and Hg Distribution
In order to understand the involvement of soil processes in Hg distribution through soil profiles, in addition to common soil properties derived from the general characterization of soil samples, the different forms of Fe and Al associated to the soil solid phase together with Hg concentrations were included in the PCA analysis. The PCA extracted four components (Table 3) that accounted for 87% of the variance. The soil properties included in each PC and their corresponding loadings are shown in Table 3. The highest variation of the data was explained by PC1 and PC2, which accounted for 36% and 30%, respectively. PC1 is mainly associated with soil organic matter, including variables such as C, N, or S, but also exchangeable cations and Al-hummus complexes of low stability. PC2 comprised reactive Al and Fe complexes, particularly those Al-hummus complexes of medium to high stability. PC3 explained 13% of the variance of the data and it was related to inorganic non-crystalline Fe compounds and total reactive Al with opposite sign. Finally, PC4 included crystalline Fe compounds and pHw, accounting for 9% of the data variability.
TABLE 3 | Loadings of the soil properties used in the principal component analysis.
[image: Table 3]In order to elucidate the influence of the soil properties in the Hg distribution observed in the three soil profiles studied, we performed a stepwise regression analysis using the scores of the four PCs extracted by PCA, considering them as new soil variables. The best model obtained included PC1, PC2, and PC4 with and adjusted R2 of 0.893. The predicted Hg (Hgpred) for each soil sample was estimated through the following Eq. 1:
[image: image]
The model is rather accurate with a root mean-square error (RMSE) of 18 μg kg−1 for the whole group of samples as it can be seen in Figure 2 in which we represented observed HgT values (blue circles) against predicted Hg (Hgpred, red triangles). When focussing on how the principal soil components: PC1 (organic matter and low stability Al-hummus complexes), PC2 (reactive Al-Fe complexes and medium-high Al-hummus complexes), and PC4 (crystalline Fe compounds and pHw) influence the depth Hg distribution of the studied soils (Figure 3), differences among the polycyclic soil horizons were observed. The main soil characteristics implied in the HgT distribution observed in A horizons are soil organic matter and low-stability Al-hummus complexes (PC1). In this sense, mercury is widely recognized to show a high affinity for the reduced sulphur groups of the organic matter (Khwaja et al., 2006; Skyllberg et al., 2006).
[image: Figure 3]FIGURE 3 | Contribution of each principal component (wPC) to the predicted HgT of each sample (weight: regression standardized coefficient for a given component multiplied by the score).
In the case of the FL soil, there is a clear effect of the PC2 (Al and Fe compounds), from the 2A horizon (50–60 cm) up to the 3C horizon in which, due to the low Hg values, no component showed influence. In the MF profile, of podzolic features, Al and Fe compounds, especially Al (Fe)-hummus complexes, showed the highest weights in Hg prediction. However, in the 3C horizon the crystalline Fe forms were the most important components in the estimation of the Hg content.
In the RV soil, the Hg content in the B and 2A horizons is mostly influenced by Al and Fe complexes (PC2) but also crystalline Fe (PC4) to a lesser extent. In this sense, secondary Fe minerals are recognized to promote Hg accumulation instead of organic compounds in those soil layers deeper than 1 m, as it was suggested by Richardson et al. (2018).
CONCLUSION
The results of this work indicated a noticeable contribution of the Hg deposition from the atmosphere to the Hg concentrations found in the soils studied instead of the lithological source. This fact is supported by the highest Hg values in surface horizons that diminished with depth and peaks in illuvial horizons which were, in all cases, considerably higher than the Hg concentrations of the parent material samples. The Hg depth distribution of the three soils studied was determined by the presence of soil components such as organic matter and Al and Fe complexes. Despite the fact that the maximum Hg contents were observed in O and A horizons, the highest Hg pools appeared in the deepest soil layers (>40–50 cm), representing about 50%–65% of all the Hg stored in those soil profiles. For this reason, subsurface soil horizons should be systematically evaluated in works about Hg distribution in soils, since they could contribute substantially to the total Hg accumulated in soils worldwide. In addition, the biogeochemical stability of Hg accumulated in deep soil layers prevents its mobility to other components of terrestrial ecosystems, leaving aside toxicity risks to wildlife and human health as well as a decline in the quality of groundwater and surface waters.
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Production of agricultural pesticides underwent an exponential increase during the 20th century. Many of these pesticides have since been prohibited because they are toxic and because they are bioaccumulated and persist in the environment. Detailed knowledge about any substance that is applied to land is essential to enable evaluation of potential contamination effects and the risk of latent exposure to these types of substances. However, accurate determination of the type and amounts of pesticides used throughout the history of agriculture in Spain is greatly complicated by the absence of historical records, scarce control of use and the lack of effective legislation until well into the 21st century. The aims of this study were: 1) to elaborate an inventory of the active substances of the agricultural pesticides (phytosanitary products) used in Galicia throughout the 20th century, 2) to develop a model of their geographic distribution by using a geographic information system (GIS), and 3) to contrast the geographical model obtained for selected persistent pesticides with the presence of these compounds in raw water. We consulted a large variety of sources of information and carried out a geographic analysis for the most commonly used pesticides in different crops. We inventoried a total of 176 active substances belonging to more than 50 different classes of chemicals and observed a clear geographic zoning according to the chemical class and mode of action of the substances. The presence of pesticide residues at drinking water extraction points is consistent with the geographic delimitation established in the study.
Keywords: pesticides, phytosanitary products, organochlorines, triazine, GIS
INTRODUCTION
The 20th century was a period of intense development for many industries, including the agrochemical sector. Major growth of this industry occurred after the Second World War, particularly during the Green Revolution in the 1960s. New organic synthetic pesticides were produced during this period by one of the most rapidly adopted technologies in the history of agriculture worldwide (March et al., 2010). The consumption of pesticides increased exponentially between the 1970s and 1990s, when it reached maximal levels (Carvalho, 2006; Zhang W. et al., 2011). At the end of the 20th century, some 700 active pesticide substances were authorized for use in Europe and some 6000 different pesticides are authorized for use throughout the world (Juraske, 2007).
The benefits provided by pesticides in relation to the control of pests and diseases, agricultural development and food quality are widely recognized (Navarro et al., 2007). Currently, almost 3 million tons of pesticides per year are used worldwide and more than 400,000 tons are applied in Europe alone (FAOSTAT, 2021). However, only a very small portion of the amounts applied to crops, generally less than 0.1 percent, reaches the target pest (Pimentel, 1995; Torres and Capote, 2004). Pesticides are mobile in the atmosphere and water and are accumulated and transformed mainly in the soil, where they can be toxic to non-target species, persistent, bioaccumulative and/or biomagnified. Then, although pesticides are designed to provide a highly specific mode of action, their intensive and prolonged use, inappropriate application, and the generation of residues contribute to environmental pollution and represent a risk to human and animal health. The environmental persistence is perhaps best exemplified by the organochlorine compounds, the residues of which have been identified in diverse environmental matrices worldwide (Skrbic and Durisic-Mladenovic, 2007).
The first specific European Directives relating to pesticides concerned the maximum allowed contents of pesticides in fruits and vegetables (Council Directive 76/895/EEC) and the prohibition of active substances due to their toxic effects on human and animal health and on the environment (Council Directive 79/118/EEC). Council Directives 91/414/EEC and 98/8/CE relating respectively to the commercialization of phytosanitary products (agricultural pesticides) and the commercialization of biocides (no agricultural pesticides) appeared in the 1990s. These Directives controlled the commercialization of pesticides in the European Union until well after the beginning of the 21st century.
Despite this regulatory framework, the European Union recognized that the prevailing legislation was not completely effective in protecting against the risks to health and the environment derived from the use of pesticides (European Commission, 2006). To correct this deficiency and to create a consistent global framework (regarding pesticide use), the Thematic Strategy for the Sustainable Use of Pesticides was developed within the VI Environmental Program established by the European Council and Parliament for the period 2002–2012 and was adopted by the European Commission on 12 July 2006. Recently, the Farm to Fork Strategy (F2FS) for a fair, healthy and environmentally friendly food system was adopted as a key element of the Green Deal. The F2FS aims, among other things, to reduce by 50% the overall use and risk of chemical pesticides and the use of more hazardous pesticides by 50% by 2030 (European Commission, 2020).
Spain incorporated the main rules derived from the directive and the aforementioned strategy (Directive 2009/128/EC and Regulation 1107/2009/EC) via Royal Decree 1311/2012, 14 September, which established the framework of action for the sustainable use of phytosanitary products. The National Action Plan for the sustainable use of phytosanitary products (PAN, Spanish acronym for Plan de Acción Nacional) came into force on 10 December 2012 (PAN 2013–2017), which was later reviewed and updated (PAN 2018–2022, PAN 2023–2024) (MAPA, 2022a).
The first strict rule that appeared in Spain regarding information about the amounts of phytosanitary products consumed was Order APA/326/2007, 9 February, which was established because of the transposition of Regulation 852/2004/CE, 29 April, regarding food product hygiene. However, it was not until 2011, via another regulation derived from “The Strategy” (Regulation 1185/2009/EC), that a questionnaire on the Commercial Use of Phytosanitary Products began to be administered to all producers/sellers of these products. In 2014, as part of the National Action Plan, statistics on the use of phytosanitary products were compiled from the results of questionnaires administered to the owners/managers of agricultural exploitations. Both instruments provide accurate statistical data on the amounts of active substances produced, consumed, and applied to the main crops grown in the Spanish agricultural sector.
It can be concluded that during the 20th century development of pesticide-related legislation did not occur at the same rate as either the pesticide industry or the agricultural sector. It was not until after the beginning of the 21st century that strict rules began to be applied in relation to controlling pesticide use in agriculture by compulsory recording of the exact amounts of pesticides used. Consequently, information about the types and amounts of phytosanitary products applied and about the crops to which they were applied is scarce, disperse and difficult to access.
The objectives of this study were: 1) to compile an inventory of the active substances of the agricultural pesticides (phytosanitary products) used in Galicia throughout the 20th century, 2) to develop a model of their geographic distribution by means of a geographic information system (GIS), and 3) to contrast the geographical model obtained for selected persistent pesticides with the presence of these compounds in raw water. For this purpose, we used a variety of sources of information and carried out a combined geographic analysis of the most commonly used pesticides and of the agricultural land destined for production of the main crops grown in Galicia.
MATERIALS AND METHODS
Study Area
This study focuses on the autonomous community of Galicia, located in north-west Spain and bordering with northern Portugal (Figure 1). Occupying a surface area of 29.547 km2, Galicia is the seventh largest autonomous community in Spain and is slightly larger than the region of Valencia and of similar size to Belgium. It covers four provinces (Coruña, Lugo, Ourense and Pontevedra) and three hundred and thirteen municipalities wich are the smallest administrative subdivisions in Spain and represent the minimum mapping unit of most Spanish statistical surveys (Serra et al., 2014).
[image: Figure 1]FIGURE 1 | Location of the autonomous community of Galicia within Europe.
The climate in the region varies from oceanic to continental Mediterranean. Mean precipitation levels are high, although variable, with some zones receiving less than 700 mm yr-1 and others more 2000 mm yr-1 (Supplementary Figure S1). The mean temperature ranges between 8°C and 14°C (Sánchez et al., 2014). The frost risk period lasts between less than 3 months in coastal areas, to more than 9 months in the highest mountain areas in the provinces of Ourense and Lugo (Corbelle et al., 2014). The lithology is varied, there being a predominance of acid rocks (granite, quartz schists and shales) and a lower proportion of basic (gabbros and amphibolites) and ultramafic rocks (serpentinites). According to World Reference Base (IUSS Working Group WRB, 2015), the soils are mainly classified as Haplic/Andic Umbrisols on acid rocks, Umbric Andosols on basic rocks and Haplic Phaeozems on serpentinites (Calvo de Anta et al., 2015).
Galician agriculture, which is characterized by smallholdings, polyculture and intensive labor, has been classified as subsistence agriculture since the second half of the 20th century. Agricultural land use in Galicia has traditionally been closely linked to the geochemical and morphological characteristics of the land. The relief is hilly in a large part of the region (more than 76% of the land in Galicia is located at altitudes of between 201 and 1000 m) with a predominance of shallow, acid soils typically with low levels of natural fertility and other limiting edaphic features (leading them to be described as, e.g., stony, hydromorphic and of heavy texture) (Macías, 1992). Until the first half of the 20th century, the main crops were grown in the area were as follows: corn, first grown for grain, with later incorporation of forage varieties; wheat, rye, and barley, rotated annually with corn; potato, initially grown as a fodder crop and later for human consumption; grapes, produced in certain regions; and fruit trees, distributed widely throughout the region. This system went into crisis in the early 1960s, and the subsequent adaptation to market conditions and to social changes greatly modified the agricultural landscape in Galicia (Macías, 1992; Torres Luna, 1992). Greenhouse cultivation of vegetables and flowers began to be introduced in this period.
The incorporation of Galicia (as part of Spain) in the European Union (1986), considered unsatisfactory by some authors (Colino et al., 1999; Soto, 2006; Sineiro, 2008), was definitive in the transformation of the agricultural landscape. Between 1985 and 2005 volume of cereals and potatoes produced decreased, while the value of vegetable production did not increase, and although wine production increased in value, there was no increase in the amount produced (Sineiro, 2008). The most notable change in the farming sector during this period was the increase in milk production, closely related to the cultivation of mixed artificial grassland and forage for dairy livestock. At the beginning of the 21st century, the intense specialization of farming in Galicia determined the land use distribution, with production of vegetable fodder crops predominating (López, 2000; Xunta de Galicia, 2002; Balboa et al., 2004).
Period of Study and Sources of Information
The use of agricultural pesticides in Galicia during the period 1900 to 2000 was analyzed in the present study. For this, we consulted numerous and diverse sources of information throughout the study.
First, we obtained historical information about pesticide consumption, in terms of economic value, from statistical records and studies of agrarian macroeconomic magnitudes in the primary sector (Soto, 2002; MAPA, 2021). We also consulted published data on the amounts of phytosanitary products produced at the end of the 1980s, made available by the Asociación Empresarial para la Protección de las Plantas (AEPLA) (Business Association for Plant Protection) to different public organizations. Some of this information has recently been analyzed in relation to the mode of pesticide action (fungicides, insecticides, acaricides, herbicides, etc.) (IAEST, 2015).
On the other hand, although the information obtained from bibliographic references and sources is disperse and incomplete, we have consulted the summaries and abstracts published in historical archives: “Boletín de la Granja-Escuela Experimental de La Coruña” (Ministerio de Agricultura, 1899), now the Centro de Investigaciones Agrarias de Mabegondo; “Cuadernos da Área de Ciencias Agrarias” (Muñiz de las Cuevas, 1988); the publication “100 años de Investigación Agraria. 1888–1988” (Pérez Vidal, 1992), and in other monographs (Xunta de Galicia, 1991). The most recent data were reproduced from Carballeira and Aboal (2000), who detailed the amounts of pesticides (grouped by mode of action) applied to the main crops grown in Galicia in the 1980s and 1990s.
The recent introduction of ICTs (Information and Communication Technologies) has enabled comparison of larger amounts of data via the phytosanitary notices published, since 1981, by La Estación Fitopatolóxica do Areeiro (the Areeiro Phytopathological Station) (Estación Fitopatolóxica do Areerio, 1981), and to find the most up-to-date information on different web portals, such as those of the Asociación Empresarial para la Protección de las Plantas (Business Association for Plant Protection) (AEPLA, 2016) (reports and statistics), the Ministerio de Agricultura, Pesca y Alimentación de España (Spanish Ministry of Agriculture, Fisheries and Food (MAPA, 2022b) (Phytosanitary records), and of various multinational pesticide producers (Bayer, Syngenta, Dupont, etc.) as well as other web portals such as InfoAgro and the associated “Agrovademecum.”
Finally, we obtained further information via semi-structured interviews and administration of questionnaires to a selected group of interest. After making initial contacts via various public and private organizations (public authorities, universities, CSIC, agricultural syndicates, commercial industries), we selected a group for interview that comprised people of recognized importance in the field of plant health in Galicia, belonging to leading scientific, professional and business institutions (i.e., Areeiro Phytopathology monitoring Station-CSIC, Galician agricultural syndicate Unións Agrarias, Bayer CropScience Spain for Galicia, and editorial of the Almanaque Agrícola, ZZ—Syngenta España).
Database of Active Substances
The information obtained was prepared in three stages, with the aim of compiling a comprehensive, standardized database: 1) comparison and combination of the bibliographic sources and personal inputs; 2) elimination of inconsistent data; 3) chronological ordering of the information.
Once the information was organized and revised, the Clasificación Armonizada de Sustancias (Standardized Classification of Substances) established in the annex of Commission Regulation (EU) 656/2011, 7 July 2011, which replaced annex III of Regulation 1185/2009, was applied in order to group the substances in relation to their mode and action and standardized chemical classification. In addition, the most recent update of the “Lista Comunitaria de Sustancias Activas Aprobadas, Excluidas y en Evaluación Comunitaria, Sustancias de Bajo Riesgos y Lista de Sustancias Básicas” (Community List of Active Substances Approved, Excluded and Under Community Consideration, Low Risk Substances, and List of Basic Substances) (MAPA, 2022c), dated 1 July 2022, was consulted in order to establish the prevailing regulations concerning each of the active substances inventoried. The following database categories were thus established: active substance, chemical formula, year of introduction, commercial products, target crop, chemical class, mode of action and legal status. The following modes of action were considered: insecticide, herbicide, fungicide, soil sterilizer and bird repellent.
Geographic Model of Use of Active Substances
For the geographical analysis, the variable accumulated use of active substances was calculated in each of the municipalities of Galicia. This variable considered: a) the area of agricultural land destined to a specific crop in each municipality, and b) the total number of active substances applied to each of these crops in the period 1900–2000. To simplify the analysis, the distribution of agricultural land (main crops) in Galicia in 1997 (Xunta de Galicia, 1999) was considered representative of the agricultural system at the end of the 20th century. The accumulated use of active substances (AU) was calculated (Eq. 1) according to: 1) their mode of action (MA; i.e., insecticides, acaricides, fungicides, herbicides, soil sterilizers and bird repellents), or 2) standardized chemical classification (CC; i.e., Organophosphate, carbamate, inorganic, conazole,....). In relation to the chemical classification, accumulated use was calculated for the 14 chemical classes of active substances most commonly applied (Table 1). Data are available as Supplementary Material.
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where,
[image: image]: Accumulated use of active substances, according to mode of action (MA) or chemical class (CC), for municipality j.
[image: image]: % area of land destined for crop i.
[image: image]: Total number of Active Substances applied to crop i in the period 1900–2000, according to mode of action (MA) or chemical class (CC).
TABLE 1 | Main standard chemical classes and main active substances introduced in Galicia between 1900 and 2000, classified according to the current legal status (Regulation 1107/2009, 1 July 2022).
[image: Table 1]The geographic analysis was carried out with gvGIS vs. 2.1. software, by classifying the variable accumulated use into 5 intervals. The intervals were calculated according to the method described by Jenk1 for optimizing the natural localization of intervals, considering five levels (very low, low, intermediate, high, and very high) of accumulated use of active substances, for each mode of action and chemical class.
Persistent Pesticides in Water
In order to contrast the geographical model obtained for selected persistent pesticides we consulted the records of the analysis of phytosanitary products in raw waters by different river basin development authorities (Demarcación Hidrográfica de Galicia Costa y la Confederación Hidrográfica Miño-Sil) (SERGAS, 2016).
RESULTS AND DISCUSSION
Database of Active Substances
The research and literature review carried out in the present study revealed that a total of 176 active substances were introduced in Galicia during the period 1900–2000. In relation to mode of action, 41% of these were insecticides/acaricides, followed in order of abundance by fungicides (30%), herbicides (27%), soil sterilizers (2%) and bird repellents (1%) (Figure 2A). The greatest increase in the number of active substances introduced occurred between 1950 and 1980, coinciding with the period of highest consumption of pesticides in Galicia (Soto, 2002; MAGRAMA, 2016a). After 1980, the number of new substances introduced leveled off, although the number of herbicides introduced increased in line with the development of artificial grassland and forage corn in Galicia and the need for weed control. Of all of the active substances inventoried, 106 are currently prohibited and major of these (∼70%) were introduced between the 1950s and 1980s (Figure 2B).
[image: Figure 2]FIGURE 2 | Accumulated number of active substances introduced in Galicia during the period 1900–2000, by (A) mode of action and (B) mode of action/legal status according to Regulation 1107/2009, 1 July 2022.
The active substances inventoried belong to more than 50 different chemical classes (Table 1; Figure 3). Fourteen of these chemical classes include more than 61% of all of the active substances inventoried and 66% of those substances currently prohibited under Regulation 1107/2009 (Table 1). Up until the mid 20th century, the most commonly used pesticides were the inorganic fungicides and insecticides, the biological insecticides, organochlorine insecticides, phenoxy herbicides and some mercurial fungicides and dinitrophenol derivatives. From the 1950s onwards, there was a great increase in the diversity of chemical classes available, and, e.g., the organophosphate insecticides, the chemical class that includes the largest number of substances, appeared during this period. Other important groups include the carbamate and pyrethroid insecticides, the dithiocarbamate fungicides, the chloroacetanilide, sulphonylurea and triazine herbicides, amongst many others.
[image: Figure 3]FIGURE 3 | Abundance of active substances introduced in Galicia per year, during the period 1900–2000, according to standard chemical class. The modes of action in each chemical class are indicated in parentheses (I, insecticide; A, acaricide; H, herbicide; F, fungicide).
Geographic Model of Use of Active Substances
The results of the geographic analysis of the accumulated use of active substances during the 20th century, in terms of mode of action, shows a clear zoning within Galicia (Figure 4). The resulting Fungicides map (Figure 4A) reveals use of a greater number of substances in the Atlantic zone and the south of the province of Ourense, with a predominance of vine and potato crops. The Herbicides map (Figure 4B) shows the highest levels of use in areas specialized in growing fodder crops for livestock, as in the regions of Santiago and Xallas (A Coruña), Deza (Pontevedra) and Terra Cha (Lugo). The Insecticides map (Figure 4C) shows that the use of these compounds is extended throughout Galicia, with the intensity of use depending on the predominant crops and the climate, with consumption being particularly high in the above-mentioned areas in the province of Pontevedra. The map of Other substances (soil sterilizers and bird repellents; Figure 4D) showed a similar pattern to that of the insecticides. The zoning of the pesticide use obtained in this work showed a close relationship with the climatic variables (temperature, humidity, and duration of the frost period; Supplementary Figure S1), which, together with the type of crop, determine the incidence and proliferation of pests. Additionally, this zoning is consistent with that derived from the analysis of the amounts of pesticides (grouped by mode of action) used in the different provinces between 1990 and 2000 (Carballeira and Aboal, 2000). According to the aforementioned authors, the amounts of pesticides consumed, in relation to mode of action, depends on the degree of agricultural intensification in each province and on the type of substance and formulation of each pesticide. For example, in Pontevedra and Ourense, greater amounts of fungicides than of other types of pesticides were consumed, reflecting the large amounts of copper oxychloride and copper sulfate applied to potato crops and vines (Carballeira and Aboal, 2000). These results indicate, in general, a direct relationship between the number and amount of active substances used.
[image: Figure 4]FIGURE 4 | Geographic distribution of the accumulated use of pesticides for the period 1900–2000 according to the mode of action: (A) Fungicide, (B) Herbicide, (C) Insecticide/acaricide, and (D) Other substances (soil sterilizers and bird repellents).
On the other hand, the results of the geographic analysis of the accumulated use of active substances according to chemical class (Table 1) also reveals a marked zoning in Galicia in relation to the class of pesticide considered (Figure 5, and Supplementary Figure S2). For example, the greatest numbers (highest accumulated use) of inorganic pesticides (mainly fungicides; Figure 5A), and pyrethroids (mainly insecticides; Figure 5B), were used in the following areas: the Atlantic zone and the south of the province of Pontevedra, where there is an important tradition of growing vines and vegetable crops; the vine-growing regions of O Ribeiro, Monterrei and Valdeorras, and the region of A Limia (province of Ourense), known for producing potatoes; and to a lesser extent the regions of Coruña, Betanzos and Eume, in the province of A Coruña, where potato and vegetable growing are important (Xunta de Galicia, 1999). The climate in these areas, i.e., mild mean annual temperature (>13°C) and a short frost risk period (∼3 months), is also favorable both for agriculture and for proliferation of most pests.
[image: Figure 5]FIGURE 5 | Geographic distribution of the accumulated use of pesticides for the period 1900–2000 according to standard chemical class: (A) Inorganic, (B) pyrethroids, (C) dithiocarbamates, (D) Conazoles. (E) Sulphonylureas, (F) triazines, (G) organophosphates, (H) organochlorines, (I) chloroacetanilides.
The distribution map for dithiocarbamate use (Figure 5C) is similar to that established for the inorganic pesticides as these compounds are also fungicides and are mainly applied to the same crops in the same areas as already mentioned. Use of the conazole fungicides was clearly delimited in the vine and fruit growing areas of Galicia at the end of the 20th century (Figure 5D). Use of the sulfonylureas (herbicides) was mainly concentrated in the northern half of Galicia, in the provinces of A Coruña and Lugo, where cereals (wheat) and fodder crops are traditionally grown (Figure 5E). The use of triazines, herbicides applied massively to corn and vines, was concentrated in the western half of Galicia (Figure 5F). The organophosphates, wide spectrum insecticides applied to many types of crops, were more widely distributed, although use in the Atlantic zone of Pontevedra is again highlighted, revealing this as one of the top pesticide-consuming areas in Galicia (Figure 5G).
Spatial distribution of the organochlorines appears mostly concentrated in Atlantic fringe of Galicia, where could had been applied mainly as insecticide to corn (Figure 5H). Another group of chlorinated pesticides, the chloroacetanilides, are herbicides that has been commonly used in a large number of crops (Liu et al., 2000), and its spatial distribution coincides with fodder and corn for grain cultivation areas in Galicia (Figure 5I).
Persistent Pesticides in Water
The long-term behavior and persistence of pesticides in soil depends on a number of factors involving the characteristics of the substances (volatility, solubility), the environmental factors (temperature, precipitation), and the soil properties (structure, organic matter content, clay content, microbial activity), (e.g., Edwards, 1975).
The pesticides most persistence in soils in this inventory are the chlorinated compounds (Zhang N. et al., 2011; Tzanetou and Karasali, 2022). The active substances of this group are now totally prohibited: DDT, lindane, endosulphan, heptachlor, etc. (organochlorines) and alachlor, metolachlor, acetochlor (chloroacetanilides). However, as a result of the environmental persistence of organochlorines, residues of these compounds are still being detected in different environmental matrices worldwide (Skrbic and Durisic-Mladenovic, 2007). Of the chemical class of chloroacetanilides, alachlor degrades relatively rapidly in the soil, although it can persist in surface waters for up to 500 days (FAO-UNEP, 2011). Lindane and metolachlor have recently been detected in surface waters in Galicia, during surveys carried out between 2010 and 2014 by local river basin authorities (“Demarcación Hidrográfica Galicia Costa” and the “Confederación Hidrográfica Miño-Sil” (SERGAS, 2016).
Substances belonging to the triazine class, specifically terbutylazine and atrazine, the latter of which is no longer authorized for agricultural use, were also detected in the same surveys. Comparison of the distribution of pesticides detected in raw waters in the surveys carried out between 2010 and 2014 (SERGAS, 2016) and the regional distribution map of the use of triazines elaborated in the present study showed that 79% of the regions where the substances in this groups were detected by the river basin authorities correspond to intermediate to very high levels of accumulated use of triazines established in the present study (Figure 6). The main discrepancy observed in this comparison is in the province of Pontevedra, where these substances were not detected in surface waters, despite the high level of use (Figure 5F). Triazines were mainly used in this area to control weeds in vineyards, but this practice was discontinued in the 1990s when it was discovered that the vegetation growing in vineyard soils helped to protect the soil and enhance its fertility. Additionally, vineyard soils usually present sandy textures and low organic matter content, compared to cereal/orchard soils in other areas (Calvo de Anta et al., 2015), which could have contributed to a high bioavailability of these pesticides, and further biodegradation.
[image: Figure 6]FIGURE 6 | Municipalities of Galicia in which triazines have been detected in raw water during 2010–2014 (SERGAS, 2015) and level of accumulated use of triazines obtained in those municipalities.
CONCLUSION
Compilation of the inventory of the active substances of agricultural pesticides used in Galicia between 1900 and 2000 was complex, mainly due to the absence of historical records, as well as the particular characteristics of Galician agriculture and the mode of introduction of the treatments (via commercial businesses, agricultural extension agencies and agricultural cooperatives). The inventory includes 176 active substances applied to the main crops grown in Galicia during the 20th century, of which 106 are currently prohibited. The substances inventoried belong to 50 different chemical classes.
The greatest numbers of active substances were introduced for use in Galician in the period between the 1950s and the 1980s, coinciding with the Green Revolution worldwide. Thereafter, the appearance of new substances decreased and was influenced by reformation of the agricultural economics in Galicia, brought about by the entry of Spain in the European Union. A further substantial reduction is expected in the coming years thanks to the recently adopted European farm-to-fork strategy.
The geographic analysis of the accumulated use of active substances throughout the 20th century revealed a clear zoning of the region according to the mode of action and chemical classification. The spatial distribution was consistent with the pattern of agricultural production in Galicia, with the particular climate conditions in each area and with the data obtained regarding the amounts of pesticides (tonnes) used during the 1990s.
Many of the substances previously used in Galicia, and now prohibited, continue to appear in pesticide detection surveys, in, e.g., raw waters. The points where triazine pesticides were detected in this matrix and in recent surveys carried out by the Organismos Oficiales de Cuenca (River Basin Authorities) are consistent with intermediate to high levels of accumulated use in the geographic distribution map elaborated in the present study.
The maps produced in this work can serve as a basis for exploratory sampling designs aimed at detecting inventoried pesticides in different media (soils, water, biota) and contribute to environmental and biological monitoring programs to quantify exposure and assess pesticide risks.
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The application of cattle slurry to agricultural soils contributes to the circular economy, while enriching the soil in macro and micronutrients and organic matter. However, this practice can have deleterious environmental effects, by adding toxic metals and other contaminants. The pseudo-total concentrations of nine potentially toxic and trace metals (Fe, Mn, Zn, Cu, Ni, Co, Cr, Cd and Pb) as well as metals extracted by DTPA, Mehlich 3 and 0.01 M CaCl2 were determined in Galician (NW Spain) grassland soils regularly receiving cattle slurry. Four soil depths (0–5, 5–10, 10–20 and 20–40 cm) were sampled and analysed. The pollution condition was assessed by comparing the pseudo-total concentrations with generic reference levels for Galician soils and by using pollution indices. The results indicated the absence of soil pollution by Fe, Ni, Co, Cr and Pb and a situation of no pollution to moderate pollution by Mn, Zn and Cu. Cd was the element most frequently enriched in the studied soils according to the pseudo-total, DTPA and Mehlich-3 concentrations, while the extraction by CaCl2 pointed to no environmental risk. The study supports the lithogenic character of Fe, Ni, Co and Cr, the mixed lithogenic and anthropogenic nature of Mn, Zn and Cu and the anthropogenic origin of Cd in these soils. The latter element can be added by both the application of cattle slurry and inorganic phosphate fertilisers.
Keywords: heavy metals, grassland soils, Mehlich-3 extraction, CaCl2 extraction, DTPA extraction, pastureland, microwave digestion, availability
INTRODUCTION
The term “heavy metals” has been used to refer to metals (sometimes metalloids are included) that in the elemental state have a density greater than 5 g cm−3 and can be toxic to organisms or ecosystems. Many of these elements are present in soils and the lithosphere in tiny concentrations (<0.1%) and are known as “trace elements.” Some trace elements are micronutrients for plants or animals, while others do not have any known biological function. The use of the term “heavy metals” has been questioned, especially in recent years (Nieboer and Richardson, 1980; Duffus, 2002; Hodson, 2004) and the terms “trace elements,” “toxic elements,” “potentially toxic elements,” “soft acid metal ions” or “class B metal ions” are preferred by some authors (Nieboer and Richardson, 1980; Madrid, 2010; Pourret and Hursthouse, 2019; Zhang et al., 2022). However, the term “heavy metals” is often found in current publications and other authors support continuing to use it, as a well-established expression utilised for decades in the environmental field (Batley, 2012; Gustin et al., 2021).
Potentially toxic metals are present in natural soils, usually at trace levels, originating from the parent material. Anthropogenic activities can contribute potentially toxic metals to the soil, promoting the build-up of these elements. Among the anthropogenic sources of potentially toxic metals in soils, mining, metal smelting, burning of fossil fuels, waste disposal and incineration, and traffic of vehicles are worth mentioning. Agricultural activities can also add potentially toxic metals to the soil.
Potentially toxic metals can be found in soil in various chemical forms, those that are soluble or mobile being the most worrying from an environmental point of view in the short/medium term. The soil is often capable of effectively retaining potentially toxic metals and other pollutants, preventing their passage into water bodies and vegetation (Nunez-Delgado et al., 2002). A polluted soil no longer plays a protective role of other environmental compartments, becoming instead a source of pollutants (Richter et al., 1997).
Human being exerts a series of disturbing actions on agricultural soils, among them the addition of fertilisers and pesticides. Various agricultural practices contribute potentially toxic metals to the soil. Many traditionally used fungicides and insecticides supply Cu, Hg, Mn, Pb and Zn (Nicholson et al., 2003). Other agricultural practices contribute potentially toxic metals to the soil from fuels, lubricants, tires and sewage sludge (Nicholson et al., 2003; Antoniadis et al., 2008; Proshad et al., 2021; Li et al., 2022). Manures and slurries from livestock activities may contain significant amounts of Zn, Cu and other heavy metals, which come from additives in animal feed (Mantovi et al., 2003; Jakubus et al., 2013). Zn and Cu are essential elements to plants, but they are toxic at high concentrations. Also chemical fertilisers, in particular phosphates, can contain toxic metals as impurities (Loganathan et al., 2008; Cakmak et al., 2010). Heavy metals can be toxic to soil microorganisms, plants and animals as well as be exported to water bodies and to the food chain (Liang and Tabatabai, 1977; Fernandez-Calvino et al., 2010; Nagajyoti et al., 2010; Antunes et al., 2011; Kabata-Pendias, 2011).
The use of livestock manures and slurries as fertilisers is a sound way of disposal of these animal wastes and allows the use of synthetic fertilisers to be reduced, improving soil properties and crop yields while contributing to a circular economy (Poulsen et al., 2013; Xia et al., 2017). Despite their overall benefit for agriculture, their contribution of potentially toxic metals as well as pathogens and antibiotics residues requires careful management of the application of manure and slurry to agricultural soils. The application of slurry to soil has been reported to be a cause of toxic metal contamination (Del Castilho et al., 1993; Baize, 1997; L'Herroux et al., 1997; Smith, 1997; Romkens and Salomons, 1998; De la Torre et al., 2000; Aldrich et al., 2002; Moreno-Caselles et al., 2002; Wilcke et al., 2002; De Temmerman et al., 2003). The metal toxicity in soils depends not only on their total concentration but, especially, on the concentration of soluble or easily mobilisable forms (McBride, 1989; Alloway and Jackson, 1991; Gupta et al., 1996). In addition, soil contamination can lead to contamination of aquifers as well as contamination of the food chain through vegetation. In relation to the possible contamination of other media, the soil can play a filter role, retaining heavy metals and preventing their passage to groundwater or vegetation (L'Herroux et al., 1997; Nunez-Delgado et al., 2002).
In Galicia (NW Spain), the application of cattle slurry to pastureland is a common practice (Franco-Uria et al., 2009), which provides the soil with macro and micronutrients as well as organic matter. Few published data exist relative to the presence of toxic and trace metals in Galician soils treated with cattle slurry (Paz-González et al., 2000; Caridad-Cancela et al., 2002; Lopez-Mosquera et al., 2005; Franco-Uria et al., 2009; Seco-Reigosa et al., 2015).
Franco-Uría et al. (2009) studied the total concentrations of heavy metals in the surface horizons of grassland soils in the river Magdalena basin (Lugo, Galicia, Spain), which usually receive dairy cattle slurry, with the main aim of identifying the sources of the different heavy metals. The present study addresses the occurrence and quantification of different forms of heavy metals at various soil depths in the same basin, to assess the soil pollution degree, the vertical distribution of metals and the risk of toxic metals mobilisation. Among the studied elements, iron (Fe) is not a trace element in geochemistry (its concentration in the Earth’s crust is 5%), but is a trace element in biochemistry (IUPAC, 2022) and a plant micronutrient.
MATERIALS AND METHODS
Study Area
The study was carried out in the basin of the river Magdalena, in A Pastoriza, province of Lugo, Spain (43° 16′44″N, 7° 20′50″W). The basin (Figure 1) covers an area of 2,250 ha and is mainly occupied by grasslands (84% of the surface). The principal economic activity in the area is dairy farming. The basin can be considered representative of the zones of intensive cattle breeding in Galicia (NW Spain). The climate is humid temperate, with an annual average temperature of 12°C and average annual precipitation of 1,350 mm (MeteoGalicia, 2022). The soils, developed from tertiary and quaternary sediments and quartz-rich slates, are classified as Umbrisols (IUSS Working Group WRB, 2022). The grassland soils, acid and rich in organic matter (Franco-Uria et al., 2009), are regularly fertilised with cattle slurry, coming from the farms, and inorganic fertilisers. The average contribution of slurry to the soils of the basin is 90 m3 ha−1 year−1. The soil textures range from sandy loam to silt loam and clay loam.
[image: Figure 1]FIGURE 1 | Location of the studied soils in Spain, Galicia and A Pastoriza.
Soil Sampling and Analysis
Twenty farms were selected in the river Magdalena basin, where representative soils were sampled at four depths (0–5, 5–10, 10–20 and 20–40 cm). Each soil sample was made up of 10–15 sub-samples, taken at random from the whole area of each plot with a split-tube sampler. Samples were air-dried and sieved (<2 mm) before analysis. The soil pH in water was 5.42 ± 0.34 at 0–5 cm and 5.28 ± 0.29 at 20–40 cm. The concentration of organic carbon was 7.76% ± 2.01% at 0–5 cm and 3.64% ± 1.20% at 20–40 cm.
Various forms (pseudo-total, DTPA-extractable, Mehlich 3-extractable and 0.01 M CaCl2-extractable) of iron (Fe), manganese (Mn), zinc (Zn), copper (Cu), chromium (Cr), cobalt (Co), nickel (Ni), cadmium (Cd) and lead (Pb) were analysed. All of them are class B or mostly borderline metal ions (Nieboer and Richardson, 1980; Duffus, 2002). Fe, Mn, Zn, Cu and Ni are plant micronutrients. They can all be toxic above a concentration threshold.
Pseudo-total metals were determined by microwave-assisted digestion, with concentrated HNO3 and HCl (HCl:HNO3 ratio 1:3), according to the EPA 3051A method (USEPA, 2007) (Supplementary Data Sheet S2). Available metals were extracted by DTPA (Lindsay and Norvell, 1978) (Supplementary Data Sheet S2). The soil samples were also extracted by Mehlich 3 reagent (Mehlich, 1984) (Supplementary Data Sheet S2) to compare the results obtained with those from DTPA extraction. DTPA and Mehlich 3 reagent are commonly used to determine available trace elements in soils. The Mehlich 3 extraction is less time-consuming than the DTPA extraction and allows the determination of available macronutrients, such as phosphorus, in the same extract. Soluble (mobile) metals were extracted by 0.01M CaCl2 at a soil:solution ratio of 1:10 (Houba et al., 1990). The digestion and extraction methods are described in Supplementary Data Sheet S2. In all cases, the metals were determined in the digestate or extract by ICP-MS. The limits of detection were calculated as 3 times the standard deviation of blank values and are presented in Table 1.
TABLE 1 | Limits of detection (LOD) for the analysed metals.
[image: Table 1]Pollution Assessment
The pseudo-total metal concentrations were compared with the generic reference levels (GRL) for trace elements in Galician soils (Table 2) (Macías-Vázquez and Calvo de Anta, 2009). These levels represent the “concentration of a contaminating substance in the soil that does not carry a risk greater than the maximum acceptable for human or ecosystem health.”
TABLE 2 | Generic reference levels (GRL) for various metals in Galician soils (Macías and Calvo de Anta, 2009), including the specific values for soils on slates and the average concentration of iron in the Earth’s crust.
[image: Table 2]We used two indices to assess pollution in the studied soils. The first one is the enrichment factor (EF) developed by Buat-Menard and Chesselet (1979), which allows to compare a metal concentration in soil with the background concentration, both standardised against a reference element (Al, Fe, or Ti). In the present study Fe was chosen as the reference element, following the recommendations of Daskalakis and Oconnor (1995), Acevedo-Figueroa et al. (2006) and Rodriguez-Seijo et al. (2017), so that EF was calculated as follows:
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where X is the metal of interest; EFX, the enrichment factor of the element X; CX, the total concentration of X; CFe, the total concentration of iron (a lithogenic reference element); “soil” refers to the assessed soil, and “background” to the situation of natural unpolluted soils in the study area, taken as a reference. In the present study, the edaphogeochemical background (lithological GRL) values for Galician soils (Table 2) were used as references. EF values below 2 indicate minimum enrichment; values between 2 and 5 represent moderate enrichment; values between 5 and 20 denote significant enrichment; EF values higher than 20 show very high enrichment; values above 40 reveal extremely high enrichment (Rodriguez-Seijo et al., 2017).
The second index used is the geoaccumulation index (Igeo) (Müller, 1979), calculated as:
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where CX is the total concentration of the element X and BX is the background concentration of the element X. The factor 1.5 is used to minimise the effect of potential variations in the background value because of lithological variations. We used as background the edaphogeochemical backgrounds for Galician soils (Table 2) and the average concentration in the Earth’s crust for iron. The Igeo values allow to classify the soils into seven categories: <0 = practically unpolluted, 0–1 = unpolluted to moderately polluted, 1–2 = moderately polluted, 2–3 = moderately to strongly polluted, 3–4 = strongly polluted, 4–5 = strongly to extremely polluted, and >5 = extremely polluted (Rodriguez-Seijo et al., 2017).
Statistical Analysis
The analysis of variance was used to assess the influence of depth on the concentrations of the various forms of metals. Correlation analysis was performed between the different forms of each metal. The statistical analysis was performed using the IBM SPSS Statistics 28.0.
RESULTS
Pseudo-Total Metal Concentrations
The concentrations of pseudo-total metals at various depths (means and standard deviations) are presented in Figure 2. Table 2 shows the generic reference levels (GRL) for the studied metals in Galician (NW Spain) soils (Macías-Vázquez and Calvo de Anta, 2009). The specific (exceptional) values for soils on slates are presented when they exist. For iron the average concentration in the Earth’s crust is presented (there is no generic reference level for Fe).
[image: Figure 2]FIGURE 2 | Concentrations of pseudo-total metals for different soils as a function of depth. Different letters denote significant differences (p < 0.05) among depths.
The Fe concentrations (Figure 2) ranged between 17.63 and 58.70 g kg−1, being below or very close to its average concentration in the Earth’s crust. The Mn concentrations, ranging from 184 to 2,276 mg kg−1, were above the GRL of 850 mg kg−1 at all depths in seven soils and in the surface (0–5 or 0–10 cm) of four other soils. The Zn concentrations, ranging from 20 to 146 mg kg−1, were above the edaphogeochemical background (100 mg kg−1) with some frequency, but never reached the risk-based GRL (300 mg kg−1). The Cu concentrations, ranging from 2 to 72 mg kg−1, were below the edaphogeochemical background (45 mg kg−1) and the risk-based GRL (50 mg kg−1), excepting two soils. The Cr concentrations ranging from 26 to 134 mg kg−1, exceeded the reference value for slate soils (85 mg kg−1) in various cases, particularly in samples at greater depth. The concentrations of Co (4–29 mg kg−1) and Ni (6–74 mg kg−1) were always below the reference values (40 and 80 mg kg−1, respectively). The Cd concentrations, ranging from 0.05 to 2.12 mg kg−1, were often above the edaphogeochemical background of 0.25 mg kg−1; only one outlier (at 5–10 cm depth) exceeded the risk-based GRL of 2 mg kg−1. The Pb concentrations, ranging from 3 to 32 mg kg−1, were always below the edaphogeochemical background (55 mg kg−1) and the risk-based GRL (100 mg kg−1).
Only for Ni the pseudo-total concentration varied significantly with depth (p < 0.05), being highest in the deepest sampled layer (20–40 cm) and lowest at 0–10 cm (Figure 2). For most metals there was a trend to decrease with depth, although the differences were not significant, or to remain stable (Figure 2). For Ni, Co and Cr there was a trend to increase with depth, the differences being significant only for Ni (Figure 2).
Pollution Indices
The enrichment factors (EF, Table 3) of Co (0.20–1.35), Ni (0.17–1.22) and Pb (0.08–0.88) were always lower than 2, indicating minimum enrichment with respect to the edaphogeochemical background (lithological GRL). The Mn EF values ranged between 0.28 and 5.50. Various soils had Mn EF between 2 and 5, indicating moderate enrichment with respect to the edaphogeochemical background; one sample had EF = 5.50, denoting significant enrichment. The EF values varied in the ranges 0.32–2.46, 0.09–2.37 and 0.37–2.03 for Zn, Cu and Cr, respectively. One to three samples from 10–20 or 20–40 cm depth had Zn, Cu and Cr EF slightly higher than 2, indicating moderate enrichment with respect to the edaphogeochemical background. The highest enrichment factors were found for Cd (0.20–8.70), often showing moderate enrichment (EF from 2 to 5) and significant enrichment (EF from 5 to 20) at all depths in one soil. The enrichment factor (Table 3) showed a trend to decrease with depth for some metals, while for other no visible trend was observed. However, the differences among depths were significant (p < 0.05) only for Ni, whose EF increased with depth, in accordance to the variation of its pseudo-total concentration.
TABLE 3 | Enrichment factors (EF) of metals (mean ± standard deviation) at various depths.
[image: Table 3]The indices of geoaccumulation (Igeo, Table 4) were always negative (practically unpolluted) for Fe (−2.09 to −0.35), Zn (−2.88 to −0.04), Co (−3.85 to −1.05), Ni (−3.92 to −0.41) and Pb (−4.78 to −1.39). This index was between 0 and 1 (unpolluted to moderately polluted) for Cu (range −4.84 to 0.09) and Cr (range −2.18 to 0.16) in one sample (in the case of Cr coinciding with the sample identified by EF as having moderate enrichment). The Mn Igeo (−2.79 to 0.84) was often between 0 and 1 (unpolluted to moderately polluted), in most cases coinciding with values of EF between 2 and 5 (moderate enrichment). The same as for EF, the highest values of Igeo were found for Cd (−2.82 to 2.50), with frequent values between 0 and 1 (unpolluted to moderately polluted); in one case the value was between 1 and 2 (moderately polluted); Igeo values between 2 and 3 (moderately to strongly polluted) were determined for the soil showing significant enrichment (EF from 5 to 20). The trends of variation of Igeo with depth were similar to those of pseudo-total concentrations and EF. The differences in Igeo values among depths were significant only for Cd, showing the highest values at 0–10 cm (Table 4).
TABLE 4 | Geoaccumulation indices of metals (mean ± standard deviation) at various depths.
[image: Table 4]Available and Soluble Metals
Available metal concentrations (DTPA and Mehlich 3) are shown in Figure 3. Metal concentrations determined by DTPA and Mehlich 3 extractions correlated significantly (p < 0.001) for all metals except Cr (Table 5).
[image: Figure 3]FIGURE 3 | Concentrations of available (extractable by DTPA and Mehlich 3) and soluble (extractable by 0.01M CaCl2) metals for different soils as a function of depth. Different letters denote significant differences (p < 0.05) among depths.
TABLE 5 | Regression equations between Mehlich 3 and DTPA extractions. The concentration determined by DTPA extraction is the dependent variable (y) and that determined by Mehlich 3 extraction is the independent variable (x).
[image: Table 5]DTPA concentrations (mg kg-1) varied widely in the ranges: 36–455 for Fe, 0.63–119 for Mn, 0.14–11.36 for Zn, 0.11–5.12 for Cu, 0.000–0.054 for Cr, 0.021–0.767 for Co, 0.169–1.413 for Ni, 0.008–0.180 for Cd, and 0.176–2.663 for Pb. Mehlich-3 concentrations (mg kg-1) varied widely in the ranges: 13–388 for Fe, 0.74–118 for Mn, 0.19–15.21 for Zn, 0.04–7.06 for Cu, 0.000–0.185 for Cr, 0.010–1.260 for Co, 0.106–0.949 for Ni, 0.000–0.186 for Cd, and 0.083–3.215 for Pb. As a general trend, the available metal concentrations decreased with depth, although the differences were not always significant (Figure 3). An exception is chromium extracted by Mehlich 3 reagent, which increased significantly with depth.
The fraction of the available metal in relation to the pseudo-total metal varied widely among the different metals, from negligible values for chromium to very high values for cadmium or lead (Supplementary Tables S4, S5). The ranges of variation were: 0.10%–1.07% for DTPA Fe, 0.04%–1.54% for Mehlich-3 Fe, 0.19%–12.65% for DTPA Mn, 0.19%–13.39% for Mehlich-3 Mn, 0.24%–39.60% for DTPA Zn, 0.40%–53.11% for Mehlich-3 Zn, 0.48%–49.19% for DTPA Cu, 0.21%–73.03% for Mehlich-3 Cu, 0.00%–0.13% for DTPA Cr, 0.00%–0.29% for Mehlich-3 Cr, 0.14%–18.48% for DTPA Co, 0.06%–30.36% for Mehlich-3 Co, 0.43%–18.19% for DTPA Ni, 0.34%–14.61% for Mehlich-3 Ni, 1.08%–61.45% for DTPA Cd, 0.00%–59.24% for Mehlich-3 Cd, 1.98%–43.49% for DTPA Pb, and 1.80%–58.07% for Mehlich-3 Pb. The values showed for all metals a trend to decrease with depth, that is, the fraction of available metal is highest at soil surface, except for Mehlich-3 Cr, which increased with depth. Significant differences among depths were found for the fractions of DTPA Fe, Mn, Zn, Ni and Cd and for the fractions of Mehlich-3 Fe, Mn, Zn, Cr, Ni and Cd.
The concentrations of metals soluble in 0.01M CaCl2 (Figure 3) were a tiny fraction of pseudo-total or available metals (Supplementary Table S6), ranging from 0 μg Pb kg−1, 0–2 µg Cd kg−1 or 0–4 µg Cr kg−1 to 0–339 µg Zn kg−1, 0–352 µg Fe kg−1 or 0–6,902 µg Mn kg−1. Iron and manganese were the most soluble metals, the soluble fraction being on average 0.16% and 0.17% of pseudo-total metal, respectively. The soluble fraction of cadmium was on average 0.35% of pseudo-total metal. Lead concentrations in the CaCl2 extracts were always below the limit of detection. The concentrations of metals soluble in 0.01M CaCl2 often correlated significantly with DTPA and/or Mehlich 3 extractions. Correlations with DTPA extractions are shown in Table 6. Only in the case of Cr significant (p < 0.05) differences in soluble metal were observed among soil depths (Figure 3).
TABLE 6 | Regression equations between CaCl2 and DTPA extractions. The concentration determined by DTPA extraction is the dependent variable (y) and that determined by CaCl2 extraction is the independent variable (x).
[image: Table 6]DISCUSSION
Pseudo-Total Metal Concentrations and Pollution Indices
The pseudo-total iron concentrations were below or very close to the average iron concentration in the Earth’s crust, and the iron geoaccumulation indices (Igeo) were always negative. This indicates the absence of iron pollution. Thus, iron will be considered mainly in its micronutrient condition. The concentrations were higher than the total concentrations, determined by X-ray fluorescence, reported by Seco-Reigosa et al. (2015) for four pasture soils of the same area. In the case of manganese, 39% of the samples analysed, mainly in the surface soil, had a pseudo-total concentration higher than the GRL. The values were higher than those reported by Seco-Reigosa et al. (2015) for pasture and forest soils of the same area and similar to those reported by Caridad-Cancela et al. (2002) for natural soils in Galicia. Moreover, the maximum allowable concentration range for Mn (1,500–3,000 mg kg−1, according to Kabata-Pendias and Szteke (2015)) was never exceeded. The EF values of 14% of the samples indicated moderate enrichment and that of one sample (out of 80) indicated significant enrichment. The Igeo values indicated an unpolluted to moderately polluted situation in 18% of the samples. Although Mn is a relatively abundant element in the Earth’s crust, the data indicate in some cases a moderate anthropogenic enrichment, which can be related to the application of slurry or inorganic fertilisers. Slurry from the river Magdalena basin has a pseudo-total Mn concentration of 574 ± 138 mg kg−1 dry matter (Calvo-Rodríguez, 2003). Given that manganese is not a highly toxic element, the situation relative to this element in the river Magdalena basin does not appear to be of concern.
Thirty two percent of the samples analysed presented pseudo-total zinc concentrations higher than the edaphogeochemical background for Galician soils (100 mg kg−1), but the values were always much lower than the risk level (300 mg kg−1) and lower than the maximum allowable concentration (MAC) range for agricultural soils (100–300 mg kg−1) according to Kabata-Pendias (2011). Twelve percent of the samples analysed exceeded the edaphogeochemical background for copper in Galician soils (45 mg kg−1) and three samples (4%) exceeded the risk level (50 mg kg−1) but did not exceed the MAC range for agricultural soils (60–150 mg kg−1) according to Kabata-Pendias (2011). Most samples presented zinc and copper EFs lower than 2 and negative Igeo values. Three samples presented zinc EF slightly higher than 2, while two samples presented copper EF slightly higher than 2 (moderate enrichment). One sample presented a slightly positive copper Igeo (0.09). These results support the mixed lithogenic and anthropogenic nature of Zn and Cu in the soils of the river Magdalena basin (Franco-Uria et al., 2009). The strong correlation between the pseudo-total Zn and Cu concentrations (Supplementary Table S1) is in accordance with a common origin of these elements. In a similar way, Sterckeman et al. (2006) reported the association of Zn and Cu in soils developed from sedimentary materials in Northern France. The concentrations of zinc and copper are moderate in the cattle slurry from farms in the river Magdalena basin (260 ± 117 mg Zn kg−1 dry matter and 43 ± 18 mg Cu kg−1 dry matter (Calvo-Rodríguez, 2003)), although low compared to published values (300–410 mg Zn kg−1 and 74–100 mg Cu kg−1) for Dutch farms (Jakubus et al., 2013). These values are well below the maximum concentrations of Zn and Cu (2,500 mg Zn kg−1 and 1,000 mg Cu kg−1) in materials allowed to be applied to agricultural soils according to the Spanish legislation, even though manure is excluded from this limitation (MINISTERIO DE LA PRESIDENCIA, 2022). Despite the Zn and Cu contribution from slurry, the soils of the basin did not show significant enrichment or contamination by these metals. Unlike our results, Seco-Reigosa et al. (2015) reported values of the Zn and Cu total concentrations below the GRL. The pseudo-total concentrations of Zn and Cu in the present study were comparable to those reported by Paz-González et al. (2000), Caridad-Cancela et al. (2002) and Lopez-Mosquera et al. (2005) for Galician soils.
Twelve percent of the samples exceeded the GRL for Cr (85 mg kg−1). Seco-Reigosa et al. (2015) reported Cr concentrations above the GRL for pasture and forest soils of the same area. The GRL for Co and Ni (40 and 80 mg kg−1, respectively) were never exceeded, consistently with Seco et al. (Seco-Reigosa et al., 2015). The MAC ranges for Cr and Co in agricultural soils according to Kabata-Pendias (2011) (50–200 and 20–50 mg kg−1, respectively) were not exceeded either, while the MAC range for Ni in agricultural soils (20–60 mg kg−1) was exceeded by one sample (20–40 cm depth). In soils with a pH below 7, Cr is found predominantly in the form of Cr3+ (Bartlett and Kimble, 1976), a much less mobile and less toxic form than CrO42- (Fendorf, 1995). The EF values for these three elements indicated minimum enrichment in all cases, consistently with the situation reported by Sterckeman et al. (2006) for soils derived from sediments in France, while the Igeo values indicated a situation of no pollution. These results are in accordance with the identification of a lithogenic origin for these elements in the river Magdalena basin (Franco-Uria et al., 2009). The significant increases of Ni pseudo-total concentration and EF with depth (Figure 2; Table 3) also indicate a lithological origin. Similarly, the (not significantly) higher values at depth of Cr and Co concentrations, EF and Igeo and Ni Igeo are in accordance with the lithological origin of these metals. Moreover, this origin is supported by the strong bivariate correlations of the pseudo-total concentrations of Ni, Cr and Co with those of Fe, a lithogenic element (Supplementary Table S1). Consistent with our results, Cr, Co, and Ni were associated with Fe and Al in soils developed from sedimentary materials in northern France (Sterckeman et al., 2006). The pseudo-total concentrations of Cr, Co and Ni were comparable to those reported by Paz-González et al. (2000), Lopez-Mosquera et al. (2005) and Seco-Reigosa et al. (2015) for Galician soils.
Cadmium was the element whose pseudo-total concentrations most frequently exceeded the edaphogeochemical background for Galician soils (0.25 mg kg−1; 56% of the analysed samples), only one sample exceeded the risk level (2 mg kg−1), and the MAC range for agricultural soils (1–5 mg kg−1) according to Kabata-Pendias (2011) was never exceeded. The values were in accordance with those reported by Lopez-Mosquera et al. (2005) for pasture soils of Galicia. Sterckeman et al. (2006) reported Cd total concentrations in the range 0.01–8.98 mg kg−1 for soils derived from sediments in France. EF indicating moderate enrichment were found in 27% of samples, while 5% of samples (all depths from one soil) showed significant enrichment. The Igeo indicated unpolluted to moderately polluted soils in 27% of samples, moderately polluted soil in one sample and moderately to strongly polluted soil at all depths of the soil presenting significant enrichment. Cd is an element very toxic to plants, animals and humans (Alvarez-Ayuso, 2008) and has an anthropogenic origin in the river Magdalena basin (Franco-Uria et al., 2009). It is rather mobile and available in soils, having a high potential of transfer from soil to plants (McLaughlin et al., 1996; Pereira et al., 2011). The cadmium concentrations in the slurry from the basin were 23.4 ± 4.7 mg kg−1 dry matter (Calvo-Rodríguez, 2003), what is higher than the maximum concentration (10 mg Cd kg−1 dry matter) in materials allowed to be applied to agricultural soils according to the Spanish legislation (MINISTERIO DE LA PRESIDENCIA, 2022), although manure is excluded from this limitation. Furthermore, Cd is contributed to soil with inorganic phosphate fertilisers (Williams and David, 1976; McLaughlin et al., 1996; Nziguheba and Smolders, 2008; Cakmak et al., 2010). The pseudo-total Cd concentrations in the present study were slightly higher than those reported by Andrews et al. (1996) and Loganathan and Hedley (1997) for New Zealand pasture soils with a phosphate fertilisation history. According to McLaughlin et al. (1996) and Loganathan et al. (2008), Cd is the element of most concern among the contaminants present as impurities in inorganic fertilisers. As stated by Sterckeman et al. (2006), the high Cd concentrations can also be related to Cd enrichment of sedimentary parent materials relative to the average Earth’s crust. The significantly higher Cd Igeo in surface soil (Table 4), as well as the (non-significant) trend to decrease at depth of Cd concentration and EF (Figure 2; Table 3), are in accordance with the anthropogenic origin of this metal. The Cd enrichment in surface soils is consistent with the results for soils developed from sediments in northern France (Sterckeman et al., 2006), including forest, agriculture and grassland soils. That study reported higher enrichment in permanent grassland than in cultivation or forest soils. Contrary to Loganathan and Hedley (1997) and Loganathan et al. (2008), that reported limited Cd downward movement in pastoral soils, in the present study enrichment factors above 2 and positive geoaccumulation indices were found in a few soils at a depth of 20–40 cm. In contrast to Loganathan and Hedley (1997) and Loganathan et al. (2008) results, Sterckeman et al. (2000) found traces of Cd and Zn contamination at a depth of 2 m in the vicinity of lead and zinc smelters and reported that Cd is more mobile than Pb and Zn. The Cd mobility is attributed to the rather weak adsorption to silicate clays, oxides and organic matter in acid soils (Sterckeman et al., 2006; Alvarez-Ayuso, 2008; Pereira et al., 2011). Only one soil in the present study showed high pseudo-total Cd concentrations at all depths (1.64–2.12 mg kg−1, displayed as extreme values in Figure 2), close to the risk level, with enrichment factors between 6.72 and 8.70 (significant enrichment) and Igeo values between 2.13 and 2.50 (moderately to strongly polluted). Excepting this soil, the Cd pseudo-total concentrations were below 1 mg kg−1. There is no currently generalised risk associated to Cd pollution in the basin. However, if the application of slurry and superphosphate continues, the cadmium build-up may grow. Moreover, there is a risk of downward movement of Cd. It is necessary to monitor the concentration of cadmium in the soil and to determine cadmium in the fertilisers applied, limiting the application of slurry and avoiding the application of cadmium-rich phosphates.
The pseudo-total lead concentrations were always below the edaphogeochemical background for Galician soils (55 mg kg−1) and the MAC for agricultural soils (20–300 mg kg−1; Kabata-Pendias, 2011). The EF always indicated minimum enrichment, while the Igeo indicated that the soils were practically unpolluted. Although Pb in soils is mainly anthropogenic (Franco-Uria et al., 2009; Kabata-Pendias, 2011), the rural nature of the river Magdalena basin explains the absence of Pb pollution. The concentrations were similar to those reported by Lopez-Mosquera et al. (2005) and Seco-Reigosa et al. (2015) and lower than some of the values presented by Paz-González et al. (2000) for agricultural topsoils in Galicia, Spain.
The pseudo-total Zn, Cu and Pb concentrations at 0–5 cm depth were lower than those reported by Guo et al. (2018) for the same depth in Chinese crop soils treated with pig manure. Ni concentrations were slightly lower, while Cr and Cd concentrations were similar to those reported by Guo et al. (2018).
Available and Soluble Metal Concentrations
The total element concentrations in soils do not allow predicting their mobility and plant availability, which depend on soil properties such as pH, clay content and type, contents of Al, Fe and Mn oxyhydroxides or organic matter. In the short and medium term, metals extracted by appropriate reagents are a better estimation of their bioavailability. For trace metals, EDTA (Trierweiler and Lindsay, 1969), DTPA (Lindsay and Norvell, 1978) and Mehlich 3 (Mehlich, 1984) are reagents usually employed to extract bioavailable forms. CaCl2 solutions can be used to estimate soluble forms (Lebourg et al., 1996). These reagents are useful to assess the availability of micronutrients to vegetation and the risk associated to the presence of toxic elements in soils. Some studies reveal medium to good correlations between the concentrations of trace metals determined with DTPA and Mehlich 3 reagents. Their use in the present study aims to compare both extractions and check if there is a good correlation between the concentrations of trace metals determined with both reagents in acid soils of NW Spain.
The concentrations of DTPA Fe (Figure 3) were always well above the threshold value of 4.5 mg kg−1 reported by Lindsay and Norvell (1978) for Fe deficiency. Similarly, the concentrations of DTPA Mn were well above the threshold value of 0.2 mg kg−1 reported by Sims and Johnson (1991). The Zn concentrations at 0–10 cm depth were above the threshold value of 0.8 mg kg−1 (Lindsay and Norvell, 1978), but were often below this value at 10–20 and especially at 20–40 cm depth. The Cu concentrations at 0–5 cm depth were above the threshold value of 0.2 mg kg−1 (Lindsay and Norvell, 1978); at 5–10, 10–20 and 20–40 cm depth, the Cu concentrations were below the threshold value in two to four soils.
The Mehlich-3 Mn concentrations (Figure 3) were always above the deficiency threshold of 3.9 mg kg−1 (Sims and Johnson, 1991) in 0–5 and 5–10 cm samples and in most 10–20 and 20–40 cm samples. The Mehlich-3 Zn concentrations were always above the critical deficiency range of 1.15–1.62 mg kg−1 (Sims and Johnson, 1991) in 0–5 and 5–10 cm samples and often in 10–20 cm samples, while the samples at 20–40 cm depth were often below this threshold. For Mehlich-3 Cu, Sims and Johnson (1991) reported the critical deficiency range of 1–10 mg kg−1. The value of 1 mg kg−1 was exceeded by most of the 0–5 cm samples, while at higher depths most samples were below this value.
In short, the micronutrients Fe and Mn were available at sufficiency levels in most of the studied soils at all depths (0–40 cm), while Zn and Cu were at sufficiency levels at 0–5 cm and below these levels with increasing frequency at higher depths.
The critical level of 200 mg kg−1 extracted by DTPA reported by Monterroso et al. (1999) for Fe toxicity was exceeded by six samples at 0–5 cm depth and with decreasing frequency at 5–10 and 10–20 cm depth (Figure 3). The critical level of 60 mg kg−1 for Mn toxicity (Monterroso et al., 1999) was exceeded by six samples at 0–5 cm depth and by two samples at 5–10 cm depth.
The critical level of toxicity for Zn (2 mg kg−1, Sims and Johnson, 1991) was exceeded by all the soils analysed at a depth of 0–5 cm and with decreasing frequency at greater depths. For Cu, the toxicity threshold of 2 mg kg−1 (Sims and Johnson, 1991) was exceeded by two soils at all depths (Figure 3).
The available Ni and Pb concentrations were within the ranges of critical levels of toxicity (0.03–5.34 mg kg−1 for DTPA Ni; 0.04–5.93 mg kg−1 for Mehlich-3 Ni; 0.44–39 mg kg−1 for DTPA Pb; 0.66–29 mg kg−1 for Mehlich-3 Pb) reported by Silva et al. (2020), despite the lithogenic origin of these elements and the absence of pollution indicated by the total concentrations and the pollution indices. However, according to Silva et al. (2020), the critical levels for these elements vary widely among soils and might not apply to the soils in the present study. Therefore, the absence of Ni and Pb pollution appears most plausible.
The available Cd concentrations (extracted either by DTPA or Mehlich 3) were above or close to the critical levels of toxicity (0.01–0.04 mg kg−1) reported by Silva et al. (2020). However, contrary to pseudo-total Cd (Figure 2), the concentrations of DTPA and Mehlich-3 Cd (Figure 3) decreased significantly with depth, indicating a decreased risk by Cd pollution.
In summary, the toxicity thresholds for Fe and Mn were exceeded by a few samples, mainly at low depths. Given that these metals are not highly toxic, the situation regarding these elements does not seem worrisome, as already indicated by the data on pseudo-total concentrations and the values of the pollution indices. The toxicity threshold for Zn was often exceeded, mainly at low depths. It is worth highlighting the short distance between published Zn deficiency and toxicity thresholds. Taking into account the rapid decrease with depth (Figure 3), the situation does not seem worrisome for Zn either. As for Cu, only two soils could be at risk of toxicity (Figure 3). No risk of Ni or Pb toxicity appears either. As for Cd, the results show decreased toxicity with depth.
The significant decrease with depth in the concentrations of most metals in available form (Figure 3; Supplementary Tables S4, S5) points to a greater availability of metals of anthropogenic origin (abundant in surface soils), while metals of lithological origin (abundant in deep soils) would be largely in non-available form. An exception is Mehlich-3 Cr, which increases with depth, in a way similar to pseudo-total Cr (Figure 2), although it is a very small fraction of the pseudo-total Cr. In fact, the Cr presented a very low availability in all samples. The opposite variations with depth of DTPA Cr and Mehlich-3 Cr indicate that these reagents extract different pools of Cr.
The Mehlich 3 reagent extracted more Fe, Zn, Cu, Co and Pb, less Ni and similar quantities of Mn and Cd compared to DTPA. According to Monterroso et al. (1999), the acidity of Mehlich 3 reagent (pH 3) is responsible for its higher extracting power. The regression equations in Table 5 allow to estimate the DTPA concentrations from the Mehlich-3 concentrations (or vice-versa), the Mehlich 3 extraction being less time-consuming and allowing the determination of available macronutrients in the same extract. The lack of significant correlation between DTPA Cr and Mehlich-3 Cr is in accordance with the fact that the two reagents extract different pools of chromium.
Significant bivariate correlations, in most cases positive, were found among different metals extracted either by DTPA or Mehlich 3 reagent (Supplementary Tables S2, S3), suggesting associations between the metals presenting the strongest correlations. It is worth mentioning that DTPA Cr correlated significant and positively with most other metals (excepting Fe and Pb), while Mehlich-3 Cr correlated negatively with most other metals. This is consistent with the fact that these reagents extract different pools of Cr and suggests that DTPA is more suitable than Mehlich 3 to estimate available Cr.
The available metal concentrations (determined either by DTPA or Mehlich 3) as percent of pseudo-total concentrations (Supplementary Tables S4, S5) indicate that most chromium is in a non-available form, while a considerable proportion of Cd and Pb are in available form.
The available Zn, Cu, Co, Ni and Pb were comparable to the values reported by Paz-González et al. (2000) for the same metals extracted by EDTA from agricultural topsoils in Galicia, Spain.
The DTPA and Mehlich-3 extracted Fe, Mn, Zn and Cu were similar or slightly higher than those reported by Caridad-Cancela et al. (2002) for the same elements extracted by the same reagents from natural soils of Galicia, Spain. This is consistent with the fact that the soils of the river Magdalena basin are representative of Galician pasture soils.
The DTPA Zn, Cu and Pb concentrations at 0–5 cm depth were much lower, those of Cd and Ni were lower and those of Cr were similar to those reported by Guo et al. (2018) for the same depth in Chinese crop soils treated with pig manure, in accordance with the much lower Cu and Zn concentrations in cattle manures compared with pig manures.
The analysis of soluble metals (extractable with 1 M CaCl2) will provide complementary information on the downward movement of heavy metals. As expected, 0.01 M CaCl2 extracted much less metals than DTPA and Mehlich 3 reagents (Figure 3). Fe, Mn and Cd were the elements extracted in highest proportion (Supplementary Table S6). The variation with depth is significant only in the case of chromium.
CaCl2 has been suggested as the best predictor of phytoavailable metals, especially Cd, in soils (Whitten and Ritchie, 1991; Andrews et al., 1996; Lebourg et al., 1996; McLaughlin et al., 2000; Adamo et al., 2018). The CaCl2-extractable Cd concentrations were well below the critical value of 80 μg kg−1 proposed by Podlešáková et al. (2002). Despite the slightly higher concentrations of pseudo-total Cd, the soils in the present study had much lower concentrations of Cd extracted by 0.01 M CaCl2 than those reported by Andrews et al. (1996) and Loganathan and Hedley (1997) for New Zealand pasture soils with a phosphate fertilisation history and similar pH and organic carbon (0.009–0.034 mg Cd kg-1). This suggests that Cd in the soils of the river Magdalena basin is much less available than in the New Zealand soils studied by Andrews et al. (1996) and Loganathan and Hedley (1997). It is worth noticing that in those New Zealand soils the reported values of Cd extracted by EDTA are very close to total concentrations. Cadmium contributed by cattle slurry seems to be less mobile than that supplied by soluble phosphate fertilisers. Contrary to other forms of Cd, the concentrations of Cd extracted by 0.01 M CaCl2 indicate that there is no risk of cadmium transfer from soil to plants or to water bodies. Chelating agents, such as DTPA or Mehlich-3 reagent, can extract organically bound metals and metals specifically adsorbed by the clay fraction, so overestimating the bioavailable fraction of some elements (Adamo et al., 2018).
In a similar way to Cd, the CaCl2-extracted Mn, Zn, Cu, Co, Cr, Ni and Pb were well below the critical values proposed by Podlešáková et al. (2002) (30, 2, 0.2, 0.5, 0.05, 100 and 7.5 mg kg−1, respectively). This confirms the general non-problematic situation regarding these metals indicated by the results of total and available concentrations.
The values of pseudo-total Cd as well as the cadmium extracted by chelating agents make it advisable to limit the contribution of phosphate fertilisers in coarser textured soils and to apply limestone as an amendment to reduce the cadmium mobility in those soils with higher concentrations (Andrews et al., 1996; Loganathan and Hedley, 1997; Gray et al., 1999; Alvarez-Ayuso, 2008).
CONCLUSION
The study reveals the absence of pollution by the lithogenic Fe, Ni, Co and Cr. Most samples presented minimum enrichment in the mixed-origin Mn, Zn and Cu, while a few samples showed moderate enrichment, resulting in unpolluted to moderately polluted soils. The soils of the river Magdalena basin were unpolluted by Pb.
Cadmium was the element that most frequently presented situations of pollution (moderate in most cases), revealed both by the values of pseudo-total and available (extracted by DTPA or Mehlich 3) concentrations. Furthermore, it appeared to be moderately mobile in these acid soils, even though the concentrations in available form decreased more significantly with depth than the pseudo-total concentrations. Despite the high values of pseudo-total Cd and Cd extracted by chelating agents, the extraction by 0.01 M CaCl2 pointed to very low environmental risk related to Cd pollution.
The micronutrients Fe and Mn were at sufficient levels for plant growth, while Zn and Cu were above the sufficiency level in the surface soil (0–5 or 0–10 cm) but deficiency situations might appear in some cases below 10 cm depth.
It is shown that the application of cattle slurry to grassland soils in Galicia, NW Spain, does not entail an environmental risk associated to the contribution of toxic metals, excepting Cd, for which precautions are advised to avoid possible future risk situations in the event that cadmium continues to be added to the soil.
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A laboratory experiment was carried out to investigate the response of the microbial communities in acid agricultural soils located in the NW Iberian Peninsula to the presence of clarithromycin. Four soils, with different organic C content and similar pH, and seven different concentrations of clarithromycin (0.49, 1.95, 7.81, 31.25, 125, 500 and 2,000 mg kg−1 of soil) were used, and microbial estimates were made after 8 and 42 incubation days. The phospholipid fatty acids (PLFA) technique was used to estimate the total microbial biomass and biomass of specific microbial groups as well as the microbial community structure (PLFA pattern). The microbial biomass (total and specific groups) was different in the four studied soils, the lowest values being exhibited by soils with the lowest organic C. The antibiotic addition showed a positive effect on microbial biomass (total and specific groups), especially at the highest dose; the effect being similar or even more accentuated with time passed after the addition (42 days ≥8 days). Principal component analysis (PCA) of the PLFA data carried out with the whole data set showed that the main determining factors of the microbial structure followed the order: soil > time incubation ≥ antibiotic dose. When the PCA was performed individually for each incubation time, the results indicated that microbial communities of the four soils were different. Likewise, for each soil, different microbial communities were observed depending on antibiotic concentration. The microbial biomass and PLFA pattern data were coincidentally showing that the clarithromycin addition favored fungi and G− bacteria more that bacteria and G+ bacteria; the effect being dose-dependent. Our data (microbial biomass, PLFA pattern) also demonstrated that the effect of clarithromycin addition on microbial communities in these four acid agricultural soils persisted even after 42 incubation days.
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INTRODUCTION
Antibiotics, used worldwide for human health, are excreted in feces and urine as the origin compound and/or as secondary metabolites, reaching the environment and causing serious damage to the soil and aquatic ecosystems (Thiele-Bruhn, 2003; Kümmerer, 2009). These emergent contaminants of human origin, which are present in wastewater destined for wastewater treatment plants (WWTPs), can enter into soil following both agricultural irrigation with liquid effluents and the application of solid effluents (sewage sludge) as organic amendments to the soil (Fijalkowski et al., 2017; Aydin et al., 2022). Thus, residues of both parent veterinary and pharmaceutical compounds and their degradation products have been detected in soils (Biel-Maeso et al., 2018; Conde-Cid et al., 2018; Nuñez-Delgado et al., 2019; Mejías et al., 2021). These findings are being taken into account by the regulatory bodies of the European Union, leading in the last two decades to increased investigations concerning the presence of these emergent contaminants such as antimicrobial compounds on soil-plant ecosystems (Caracciolo et al., 2015; Tasho and Cho, 2016; Pan and Chu, 2017; Madikizela et al., 2018; Gworek et al., 2021; Bolesta et al., 2022; Yin et al., 2023).
Soil microorganisms play a major role in soil quality and long-term sustainability of agricultural terrestrial ecosystems since they control the breakdown of organic matter and hence the net fluxes of carbon and nutrients through the decomposition, mineralization, and immobilization processes (Pankhurst et al., 1996; Nannipieri et al., 2003). However, most studies concerning the impact of emergent contaminants such as antibiotics on terrestrial ecosystems are focused on their presence, behaviour, and risk assessment on human health and aquatic systems (Li, 2014; Bastos et al., 2020; Aydin et al., 2022). It is well known that antimicrobials for veterinary and human medicine can drastically modify non-target organisms living in the agricultural soils and hence alter biodiversity and ecosystem functions. Surprisingly, despite interest in the topic, the investigations addressing the impact of antibiotics on autochthonous microorganisms in the terrestrial ecosystems are scarce. The investigations concerning the impact of different groups of pharmaceutical compounds on microbial communities of agricultural soils located through the world were collected in a recent review by Cycón et al. (2019). The review clearly evidences that the response of microorganisms to the presence of these compounds measured by means of different parameters related to their mass, activity, and diversity (microbial C, total PLFA biomass and specific microbial groups PLFA biomass, soil respiration, bacterial growth, soil enzymes, microbial community structure), were variable; thus, although a negative temporal effect was often observed on microorganisms living in the soil, non effect, or even a positive effect, could also be detected. This is in agreement with recent investigations conducted by our research group performed with acid agricultural soils located in Galicia (NW Iberian Peninsula) added with antibiotics of different groups (tetracyclines, sulfonamides, fluorquinones, penicillins, cephalosphorine, diaminopyridine, β-lactams) (Santás-Miguel et al., 2020a; Santás-Miguel et al., 2020b; Santás-Miguel et al., 2020c; Rodríguez-González et al., 2021; Santás-Miguel et al., 2021; Rodríguez-González et al., 2022; Santás-Miguel et al., 2022; Rodríguez-González et al., 2023).
The World Health Organization (2017) considers the macrolides to be critical antibimicrobials of the highest priority, besides being the second most commonly used group of antibiotics in Europe (European Centre for Disease Prevention and Control, 2018). Clarithromycin is one of the most frequently prescribed macrolides in human medicine, therefore environmental risk investigations about the presence of this compound in soils are necessary (McLaughlin and Belknap, 2008; Baumann et al., 2015; Senta et al., 2019; Aydin et al., 2022). Recently, we examined the bacterial growth of 12 agricultural soils, both with no additions and with the addition of increasing concentrations of clarithromycin over time (1, 8, and 42 incubation days) (Rodríguez-González et al., 2021). In general, the data showed an initial inhibitory (toxic) effect which disappeared over time; however, in some cases, surprisingly, bacterial growth rates reached values higher than those in the corresponding unpolluted soil after 42 days of incubation. The aim of this laboratory experiment is to determine whether these bacterial growth changes were accompanied by changes in biomass and microbial community structure.
MATERIAL AND METHODS
Soils
The study was conducted with four agricultural soils located in the temperate humid zone (Galicia, NW Iberian Peninsula) which have not been previously treated with antibiotics. For each soil, 15–20 subsamples, collected randomly from the top 20 cm of the A horizon, were mixed, sieved (<2 mm), thoroughly homogenized, and air-dried. The main soil properties, which have been previously determined by Rodríguez-González et al. (2022), are shown in Table 1. They showed different texture, similar pH (ranges of pH in water 5.1–5.6), and different organic matter content (1.61%–6.8% C).
TABLE 1 | Main properties of the four acid soils studied (adapted from Rodríguez-González et al., 2022).
[image: Table 1]Experimental Set Up
Of each of the four air-dried soil samples, 100 g was moistened to up to 70% of the water holding capacity and incubated in the dark at 22°C for 15 days to recover and achieve the stabilization of bacterial growth (Meisner et al., 2013). After that, they were separated into 8 centrifuge tubes (12 g in each tube) to be spiked with 7 different concentrations of clarithromycin (0.49, 1.95, 7.81, 31.25, 125, 500, and 2,000 mg kg−1 of soil), using talc as carrier to facilitate the mixture of the antibiotic with the soil and a blank to which the same amount of talc (48 mg) was added, but without antibiotic. These concentrations allowed the study of the effects of the antibiotic in a range that encompasses the toxicity of the antibiotic on soil bacteria from blank (no toxicity) to levels that suppress bacterial growth at high levels (Rodriguez-Gonzalez et al., 2021). The different mixtures of soil and antibiotic were incubated under controlled conditions (22°C, 70% of water holding capacity, darkness). After 8 days of incubation, 2 g samples were extracted in triplicate from each mixture and PLFA analysis was made. The same process was repeated after 42 days. Sampling was destructive for each treatment-time combination, resulting in a total of 192 microcosms (4 soils × 8 concentrations × 3 replicates × 2 times). The PLFA estimates were made using a representative composite soil sample of each antibiotic treatment obtained by mixing the three incubation replicates.
Phospholipid Fatty Acids (PLFA) Analysis
The total biomass (TotalPLFA) and the biomass of the specific microbial groups as well as the microbial community structure were estimated using the procedure and the nomenclature described by Frostegård et al. (1993). A detailed description of the method is given by Rodríguez-González et al. (2022). TotalPLFA was estimated as the sum of all the extracted PLFAs. The following PLFAs fatty acids were used as indicators of biomass of specific microbial groups: bacterial biomass (BactPLFA), the sum of i15:0, a15:0, 15:0, i16:0, 16:1ω9, 16:1ω7t, i17:1ω8, i17:0, a17:0, 17:0, cy17:0, 18:1ω7, and cy19:0 PLFAs; fungal biomass (FungPLFA), 18:2ω6 PLFA; actinobacteria biomass (ActPLFA), the sum of 10Me16:0, 10Me17:0, and 10Me18:0 PLFAs; Gram-positive bacteria biomass (G+PLFA), the sum of i14:0, i15:0, i16:0, a15:0, i17:0, and a17:0 PLFAs; and Gram-negative bacteria biomas (G−PLFA), the sum of cy17:0, cy19:0, 16:1ω7c, and 18:1ω7 PLFAs (Santás-Miguel et al., 2020b). In order to detect environmental effects (soil, incubation, antibiotic addition) on the soil microbial community structure, the concentrations of all the individual PLFAs, expressed in mole percent and logarithmically transformed, were subjected to principal component analysis (PCA). All statistical analyses were made using the SPSS 15.0 statistical package.
RESULTS AND DISCUSSION
The values of total (TotalPLFA) and specific microbial biomass (FungPLFA, BactPLFA, G−PLFA, G+PLFA, and ActPLFA) obtained for soil groups with nothing added and with different doses of the antibiotic clarithromycin added after 8 and 42 days of its application are shown in Figures 1, 2, respectively. In general, the values observed for the two sampling times were quite similar. Therefore, for each soil type, the data obtained for un-treated and treated samples after 8 and 42 days of incubation were grouped together. Furthermore, in order to facilitate the interpretation of the results, the mean values of soil samples added with the 7 doses of clarithromycin were compared with the corresponding soil without antibiotic addition. In control S3 soil, total biomass showed values (mean values ±SE) of 35 ± 6 nmol g−1 and FungPLFA, BactPLFA, G−PLFA, G+PLFA, and ActPLFA values of 0.47 ± 0.16, 17.8 ± 3.1, 6.6 ± 0.8, 9.9 ± 2.1, and 2.7 ± 0.5 nmol g−1, respectively. Similar values were found in the samples treated with clarithromycin, in which TotalPLFA, FungPLFA, BactPLFA, G−PLFA, G+PLFA, and ActPLFA values were 37 ± 3, 0.52 ± 0.07, 18.4 ± 1.1, 7 ± 0.5, 10.2 ± 0.5, and 2.9 ± 0.6 nmol g−1, respectively. In S5, S10, and S12 soils, the magnitude levels of the total and specific biomass values were quite similar and much higher than those observed for S3 soil (Figures 1, 2). These results can be explained by the organic C content of the soils, which is found to be positively correlated with the biomass estimates (Díaz-Raviña et al., 1988; Díaz-Raviña et al., 1993; Leirós et al., 2000). In general, as a consequence of antibiotic addition, the values of total and specific biomass of the S5, S10, and S12 soils increased. Thus, TotalPLFA biomass in these soils ranged from 117 ± 20 and 168 ± 33 nmol g−1 in control samples and from 162 ± 30 and 224 ± 56 nmol g−1 in antibiotic treated samples. FungPLFA biomass showed the lowest values of the specific microbial groups, ranging from 1.31 ± 0.32 and 1.88 ± 0.56 nmol g−1 in control soils and from 1.49 ± 0.47 and 4.16 ± 3.5 nmol g−1 in the soils added with clarithromycin. In contrast, BactPLFA biomass showed the highest values of the specific groups ranging from 49.3 ± 8.6 and 80.8 ± 18.5 nmol g−1 in un-treated control soils, and from 70.3 ± 26.4 and 104.2 ± 24.8 nmol g−1 in antibiotic polluted soils. G−PLFA biomass values varied from 16 ± 2.3 and 31.2 ± 10.2 nmol g−1 in control soils and from 26.7 ± 14 and 35 ± 7.9 nmol g−1 in treated soils, while G+PLFA biomass ranged from 29.3 ± 5.8 and 40.3 ± 9.7 nmol g−1 in control soils and from 41.2 ± 11.5 and 64.15 ± 15.33 nmol g−1 in antibiotic polluted soils. Finally, ActPLFA biomass ranged from 10.9 ± 1.9 and 14.9 ± 3.2 nmol g−1 in un-treated control soils and from 14 ± 4.6 and 20 ± 5.1 nmol g−1 in antibiotic polluted soils.
[image: Figure 1]FIGURE 1 | Total and specific microbial biomass values (fungal, bacterial, actinobacteria, Gram-negative bacteria and Gram-positive bacterial) in four studied soils with nothing added (C) and with the different doses of clarithromycin after 8 days of incubation. Doses: 1 (0.49), 2 (1.95), 3 (7.81), 4 (31.25), (5) 125, 6 (500), and 7 (2000) mg kg−1 of soil.
[image: Figure 2]FIGURE 2 | Total and specific microbial biomass values (fungal, bacterial, actinobacteria, Gram-negative bacteria, and Gram-positive bacterial) in four studied soils with nothing added (C) and with the different doses of clarithromycin after 42 days of incubation. Doses: 1 (0.49), 2 (1.95), 3 (7.81), 4 (31.25), (5) 125, 6 (500), and 7 (2000) mg kg−1 of soil.
The total and specific biomass PLFA values in both the control studied soils and the corresponding soils added with clarithromycin, were within the reported range given for other soils of the same area added with other organic compounds such as atrazine (Mahía et al., 2011), tetracyclines, cyproflaxin, trimethoprim, and amoxicillin (Santás-Miguel et al., 2021; Rodríguez-González et al., 2022). Likewise, the relative importance of different specific groups (FungPLFA, BactPLFA, G−PLFA, G+PLFA, and ActPLFA) with respect to the TotalPLFA, as well as the ratios of Fung/Bact PLFA and Gr−/G+ PLFA, were similar to those reported in the mentioned studies. In agreement with a previous study, the lowest total and specific biomass values were exhibited by the soil with the lowest organic matter content (Rodríguez-González et al., 2022).
In four studied soils, after the incubation of the soils added with clarithromycin, the values of the total and specific biomass were generally similar (S3 soil) or higher (soils S5, S10, and S12 soils) than those in the equivalent control soils. Consequently, a positive effect of antibiotic addition, with increases up to 2 times the control value, was detected at medium- (8 incubation days) and long-term (42 days). Comparison of four soil trends at two sampling times showed slight differences among them, with increases slightly higher at 42 days for S3 and S5 soils while the opposite was observed for S10 and S12 soils. The higher biomass values, which were dose dependent, showed that fungal and Gram− bacterial groups are more favoured by the antibiotic addition than the bacterial and Gram+ bacterial groups. This trend was evidenced by the values of the Fung/Bact PLFA and Gram−/G+ PLFA, which is coincident with findings of other studies on this topic (Hammesfahr et al., 2008; Unger et al., 2012; Chen et al., 2013; Rodríguez-González et al., 2022). Inconsistent results were reported in the literature concerning the impact of veterinary and human antibiotics on biomass of soil microbial communities estimated by the PLFA method. According to the results of the present investigation, some authors showed that microbial biomass increased (Cordova-Kreylos and Scow, 2007) while other researchers observed that PLFA biomass values were unaffected or decreased as a consequence of the antibiotic presence (Thiele-Bruhn and Beck, 2005; Cui et al., 2014). The studies also showed that this variable response of microbial communities to the antibiotic addition depended on soil characteristics, type, and dose of antibiotic as well as time passed after its application (Cycón et al., 2019; Santás et al., 2020b; Santás et al., 2021; Rodríguez-González et al., 2022).
Figure 3 shows the results of the principal component analysis performed with the whole PLFA data set obtained for the four studied soils (S3, S5, S10, S12) with nothing added (control soil) and with different concentrations of clarithromycin added (0.49, 1.95, 7.81, 31.25, 125, 500 and 2,000 mg kg−1 of soil) after 8 and 42 days of incubation. The plane defined by the first and second component, accounting for the 43% of the variation, separated the soils independently of antibiotic addition and the time passed after its application. Samples of the same soil at two sampling times (8 and 42 days) and the antibiotic addition were grouped together and separated from the rest of the soils. S10 samples, having higher concentrations of i16:0, a17:0, 10Me18:0 and 10Me17:0 PLFAs, were located in the positive part of axis 1, S12 and S3 samples in the middle part and, finally, S5 samples, having higher concentrations of PLFAs 18:0, 16:0, cy19:0, 16:1ω9, and 18:1ω7, in the negative part. The axis 2 clearly separated S3 samples, having higher concentrations of PLFAs, at 17:0, 19:1a, 18:2ω6, 18:1, and 18:1ω9, from the rest of the soils (S5, S10, and S12), with higher values of 10Me16:0, 16:1ω5, i14:0, and i15:0. This axis also differentiated samples showing higher antibiotic concentrations, located in its negative part, which exhibited higher concentrations of PLFAs 18:2ω6 and 18:1ω9, indicative of fungi, and PLFA 19:1a, characteristic of G− bacteria. Likewise, for each soil, a slight separation of samples incubated for 8 and 42 days was observed along axis 1 as well as a more defined separation of samples according the antibiotic addition, particularly after 42 days of incubation at higher doses.
[image: Figure 3]FIGURE 3 | Principal component analysis ((A), variables; (B), samples) performed with the PFLA data set for the four studied soils with nothing added (C) and with the different doses of clarithromycin after 8 (open symbols) and 42 (filled symbols) days of incubation. Doses: 1 (0.49), 2 (1.95), 3 (7.81), 4 (31.25), (5) 125, 6 (500), and 7 (2000) mg kg−1 of soil.
To properly analyze the influence of the antibiotic addition on microbial community structure without the masking effect of time passed after its application, principal component analysis was made for each time separately (8 and 42 days after incubation) (Figure 4). Similar results were observed independently of sampling time (8 and 42 days of incubation). Again, the plane was defined by axis 1 and 2, accounting for 46% of the variation, samples of same soil were grouped together and separated from the other soils. Along axis 1, accounting for 23% of the variation, samples of S3 and S10 were located in the positive part of axis 1, while samples of S5 and S12 were situated in the negative part. The axis 2, accounting for 23% of the variation, clearly distinguished between samples with nothing added and those with an increasing dose of clarithromycin. Thus, in general, for all soils, independently of soil and sampling time, the highest effect of clarithromycin was observed at higher doses. It should be noted that, for all soils, the samples with higher doses of clarithromycin antibiotic had a relatively higher abundance of fungi, as indicated by PLFAs 18:2ω6 and 18:1ω9, and G− bacteria, as indicated by PLFAs 18:1ω7, 19:1a, 16:1ω7c, and cy19:0.
[image: Figure 4]FIGURE 4 | Principal component analysis performed with the PFLA data set for the four studied soils with nothing added (C) and with the different doses of clarithromycin after 8 (A,B) and 42 (C,D) days of incubation. Doses: 1 (0.49), 2 (1.95), 3 (7.81), 4 (31.25), (5) 125, 6 (500), and 7 (2000) mg kg−1 of soil.
Therefore, our data clearly demostrated that the main factor determining the source of variation of PLFA profiles among samples are soil characteristics followed by the incubation time and, to a lesser extent, the antibiotic dose. This is consistent with numerous field and laboratory studies concerning phospholipid fatty acid profiles performed with different soils following the impact of numerous stress agents (e.g., wildfire, prescribed fire, soil heating, fire retardants, post-fire rehabilitation treatments, vegetation type, soil management, climatic conditions, herbicide application, heavy metal pollution) which found that microbial communities of the same soil with different disturbances were grouped together and separated from microbial communities of other soils (Bossio et al., 1998; Díaz-Raviña et al., 2006, 2018; Fernández-Calviño et al., 2010; Mahía et al., 2011; Barreiro et al., 2015; Lombao et al., 2015). Likewise, a similar medium-term response of microbial communities was observed following the addition of antibiotics of both veterinary use such as tetracyclines (Santás-Miguel et al., 2021) and human use such as ciprofloxacin, trimethoprim, and amoxicillin (Rodríguez-González et al., 2022) to some soils of the same temperate humid zone.
The results of total and specific microbial biomass and microbial community structure determined by means of PLFA analysis were somehow coincident, showing that: a) the clarithromycin addition favoured fungi and G− bacteria more than bacteria and G+ bacterial and b) the effects observed short-term (8 days of incubation) changed very little at medium-term (42 days of indication). The PLFA pattern distinguished different microbial communities following the application of increasing concentrations of clarithromycin; however, this analysis does not allow us to determine if its impact is positive or negative. This information is derived from total and specific microbial biomass data which showed a positive influence on soil microbial communities. The results of a study of Díaz-Raviña et al. (1988) concerning the soil respiration and mineralization of soil organic matter (SOM) in soils with nothing added and with glucose added, located in the temperate humid zone, demonstrated that the C availability is the limiting factor of microbial community activity. Thus, the positive effect of clarithromycin on soil microorganisms can be explained by the use of the antibiotic as a source of C (Liao et al., 2016; Schofield, 2018) and/or the increase of C and nutrient availability derived from the death of non-target bacteria (bactericide effect) (Díaz-Raviña and Bååth, 1996; Rajapaksha et al., 2004). Likewise, an increased mineralization of the native SOM (priming effect) caused by trace concentrations of “tigger solutions” of original chlaritromycin and its secondary metabolites can not be discarded. The magnitude and the duration (8 and 42 days) of the increases of the microbial biomass seem to support the latter hypothesis. Our results are also in agreement with findings of other authors concerning the respiration or bacterial growth rate values following the addition of glucose, amino acids, root exudates (De Nobili et al., 2001), herbicides (Mahía et al., 2008), and antibiotics of veterinary or human origin (Rodríguez-González et al., 2022) to different soils. It should be noted that an increased biomass and bacterial growth rates cannot be necessarily related to an increase in the soil quality status, particularly in these acid soils with low C and nutrient availability where soil quality is closely related to quantity and quality of soil organic matter (SOM) (Carballas et al., 2015). Thus, for example, in soil S3 exhibiting the lowest SOM content and C/N ratio, an increased SOM over a prolonged time (more than 42 days) can provoke a decrease in SOM content and hence also in soil quality.
The values reported in the literature for half-lifes of clarithromycin in soils, estimated in laboratory experiments using labelled compounds, ranged from 8 days to almost no dissipation (Kodešová et al., 2016; Topp et al., 2016). This behavior can be explained by the characteristics and concentration of the clarithromycin, the soil properties, as well as the time passed after application. In general, the higher half-life values or long-term persistence of clarithromycin were observed in more polluted soils with high sorption capacity (Cycón et al., 2019). This is associated not only with clarithromycin affinity by soil and chemical properties such as pH and properties related to the effective cation exchange properties (Rodríguez-González et al., 2022), but also with the soil microbial properties. The latter hypothesis is confirmed by Kodešová et al. (2016) who found higher dissipation half-lives in soils of better quality and, hence, with better microbial conditions for biodegradation processes than in lower quality soils. The history of field exposure to clarithromycin also showed a great influence on the response of microbial communities to the recent application of this antibiotic to the same soil; thus, repeated annual exposure to the antibiotic provided selective pressure to provoke changes in microbial composition (increase of tolerant microorganisms and decrease of sensitive ones) and, hence, a faster dissipation of clarithromycin (Topp et al., 2016; Lau et al., 2020). Evidence for long-term exposure leading to accelerated biodegradation of organic compounds in soils was previously detected for herbicides (Barriuso and Houot, 1996; Mahía et al., 2011).
In a previous investigation, we examined the bacterial growth rates of soils S3, S5, S10, and S12 not added and added with the same increasing concentration of clarithromycin over time (1, 8, and 42 days) (Rodríguez-González et al., 2022); therefore, data can be properly compared with those obtained in this investigation. For all soils, an inhibitory effect of clarithromycin on bacterial growth was detected; however, this toxicity disappeared gradually with time (8 days) and was no longer found after 42 days. In fact, for soil S3 after 8 days and for all soils after 42 days of incubation, bacterial growth rates increased exponentially between 8 and 42 days at higher doses of the antibiotic. In the present work, a positive effect of antibiotic was shown on total and specific microbial biomass values after both 8 and 42 days, the amended soils reaching values 1.5–2 times higher than those in the corresponding unpolluted soil. Therefore, the data supported our initial hypothesis about the fact that changes in bacterial growth observed as a consequence of clarithromycin addition were accompanied by changes in both microbial community composition and total and specific microbial biomass.
CONCLUSION
In summary, the results of the present study clearly demonstrated residual effects on total and specific microbial biomass (shifts in the positive direction) in these agricultural acid soils as a consequence of the clarithromicyn addition after 42 days of application. Since these microbial PLFAbiomass changes are associated with shifts in the microbial composition (PLFA pattern), it is quite probable that clarithromycin can have also an impact on functional microbial diversity. Further investigations including the measurements of microbial parameters related to mass, activity, microbial community structure, and functional microbial diversity should be conducted in short-, medium- and long-term studies in order to gain a deeper understanding of the persistence period of clarythromycine in terrestrial ecosystems as well as its risk assessment in human health, which is associated with its potential negative impact on soil functioning.
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The increase in greenhouse gases (GHG) has been constant since the Industrial Revolution. For this reason, different international organizations have devoted special attention to GHG sinks such as terrestrial soils and ecosystems. However, the initially estimated balances did not include the carbon stock associated with ocean waters, coastal soils and sediments, known as blue carbon. Currently, blue carbon sinks are the subject of numerous studies due to the limited information available, especially on the Atlantic coast of the Iberian Peninsula. We studied the organic C stock present in soils and in Zostera marina biomass in the two main meadows in the Ría de Ferrol (O Baño and Castelo de San Felipe). The carbon stock associated with biomass was 0.37 Mg C ha−1, with 0.18 Mg C ha−1 corresponding to the epigeal portion and 0.19 Mg C ha−1 to the hypogeal portion. Soil carbon stock was much higher: 4.11 Mg C ha−1 at a depth of 5 cm and 82.14 Mg C ha−1 at a depth of 1 m. Together with carbon values in biomass, a stock of 82.5 Mg C ha−1 was obtained for the whole Ría de Ferrol. Z. marina accounted for 8.25% of total C in the Ría de Ferrol. These values were higher than those found in other regions. Isotope ratios (δ13C, δ15N) and C/N ratios indicated that the organic C stock in the O Baño soil may receive important organic matter inputs of terrestrial origin, while in San Felipe, it seems to have a marine origin.
Keywords: seagrass, biometric parameters, isotope ratios, carbon, nitrogen
HIGHLIGHTS

• Carbon stock in biomass was related to leaf length and shoot density of Z. marina.
• Carbon stock in soil was much higher than in biomass.
• Isotope and elemental ratios indicated the influence of allochthonous sources of soil carbon stock.
INTRODUCTION
Human-induced deforestation, whose beginnings date back from preindustrial times, along with fossil fuel burning and changes in land use, are leading to an exponential increase in carbon dioxide (CO2) and other greenhouse effect gases (Mcleod et al., 2011; IPCC, 2021). Thus, the preindustrial baseline atmospheric CO2 concentrations have multiplied by 1.5, going from 280 to 416.58 ppmv, at an annual increase rate of 2.31 ppmv (NOAA, 2021).
Ocean waters are the main carbon reservoir on the Earth’s surface, and coastal ecosystems with vascular plants play a key role as atmospheric CO2 sinks. Blue carbon is the proposed term to designate carbon stored by coastal marine ecosystems, particularly saltmarshes, mangroves, and seagrass meadows (Pendleton et al., 2012; Röhr et al., 2018). These ecosystems occupy only 0.2% of the ocean surface but store more than half the carbon present in terrestrial systems (green C) and 33% of the total carbon stored in oceans (Fourqurean et al., 2012). However, unlike green C, a highly relevant aspect for the study of carbon stocks is the long residence time of blue carbon. Green carbon can be retained for decades, while blue carbon can be stored for millennia due to the anaerobic conditions that are predominant in coastal sedimentary environments, along with other factors (e.g., refractance of organic compounds, toxicity associated with reduced Fe and S forms, etc.) that inhibit decomposition of organic matter (Fourqurean et al., 2012; Pendleton et al., 2012; Herr and Landis, 2016).
Seagrass meadows are formed by 60 phanerogam species included in the order Alismatales (Kuo and Den Hartog, 2001). They are among the most productive ecosystems worldwide, accounting for 15% of the ocean’s net primary production (Duarte and Chiscano, 1999). For this reason, they are considered an essential CO2 sink for climate change mitigation (Duarte et al., 2013). They currently occupy 30 million hectares (ha), but they are experiencing a sharp decline due to anthropogenic action and to the consequences of global change (Duarte et al., 2013). Estimates suggest that 29% of their area has already been lost and, if loss continues to occur at the current rates, 40% will have been lost 100 years from today (Pendleton et al., 2012; Claes, et al., 2022). Their disappearance entails the loss of an effective CO2 sink and the simultaneous release of CO2 and/or methane (CH4) into the atmosphere; the greenhouse effect of the latter gas is 23–25 times higher than that of CO2 (Short and Neckles, 1999; Pendleton et al., 2012; IPCC, 2021).
Despite the evidence supporting their importance in CO2 removal and retention, isotopy and elemental composition both of their biomass and soils are worth taking into account. The proportions of stable isotopes δ15N and δ13C, as well as C/N ratios, are a result of the origins of stored carbon (Prentice et al., 2020). The continental area can act as a carbon source; this has been observed in Zostera marina meadows in temperate areas (Prentice et al., 2020). Seagrass meadows are considered to be hotspots for allochthonous carbon sequestration, since isotopy has shown that only 50% of the carbon stock associated with these ecosystems is produced by phanerogam tissues. However, through the formation of meadows, phanerogams are able to remove particles from the water column and transfer them to the bottom (Kennedy et al., 2010).
Zostera marina is the most widely distributed species among marine phanerogams; in Galicia, it forms vast meadows in intertidal and shallow subtidal areas (Míguez, 2003; Cacabelos et al., 2015; García-Redondo et al., 2019). The Galician coastline features rias and inlets that provide optimal conditions for the growth of Zostera marina (García-Redondo et al., 2019).
The main objectives of this research were to quantify the total C stock (both associated with biomass and present in soils) in the two main Zostera marina meadows in the Ría de Ferrol; to study the variability in total C between the two main meadows in the Ría de Ferrol: O Baño and San Felipe; and to analyze whether said variability is related to plant biometry in meadows and/or to nutrient origin. To this end, the most relevant biometric parameters of Z. marina (i.e., epigeal and hypogeal biomass, leaf length and width), soil composition and properties, organic C content, and isotopic ratios (δ13C, δ15N) and organic C stock (Mg C ha−1) in Z. marina biomass and in soil were determined.
MATERIAL AND METHODS
Study Area
The study area covers the Ría de Ferrol (NW Iberian Peninsula, A Coruña). Its area is 21 km2, and its largest tributary is the Xubia River (Figure 1). Zostera marina occupies a total area of 11.42 ha in the Ría de Ferrol, divided among four meadows: O Baño (9.11 ha), Castelo de San Felipe (1.48 ha), O Segaño (0.66 ha), and San Felipe Núcleo (0.17 ha). The two main meadows have been sampled for this study: O Baño (43° 27′ 26.5″ N, 8° 16′ 0.6″ W) and Castelo de San Felipe (43° 27′ 51.1″ N, 8° 17′ 0.3″ W).
[image: Figure 1]FIGURE 1 | Seagrass meadows in the Ría de Ferrol.
The O Baño meadow is located in the intertidal area within an inlet that is relatively sheltered from marine currents; the granulometry of its substrate is silt. The Z. marina meadow in Castelo de San Felipe is located in the subtidal area, at a depth of 2 m at low tide. Exposure to marine currents is greater in Castelo de San Felipe, and substrate is mostly sandy, with abundant gravel.
Sample Collection
Zostera marina Sampling
Sampling was performed in September 2021 following the instructions in the Blue Carbon Manual (Howard et al., 2014) in order to use standardized methods, thus allowing for result comparison among studies. Ten sampling points were defined in the O Baño meadow, distributed across the meadow following a zigzag pattern. Samples were collected using metal squares with dimensions 30 cm × 30 cm and a depth of 10 cm to collect the epigeal and hypogeal portions, i.e., leaves and rhizomes, respectively. Samples were frozen at 3°C. In the Castelo de San Felipe meadow, six squares with the above described measurements were collected.
Soil Sampling
The same number of soil samples were collected in both meadows. Eighteen soil samples were collected, 10 of which were taken from within the meadows, next to each of the plots from which plant samples were taken; these soil samples were collected using 8 cm wide, 15 cm deep PVC cores. The remaining 8 samples were collected using 5 cm deep PVC cores; 4 of them were collected within the meadow, following the zig-zag method, while the remaining 4 were collected in adjacent areas, at 4 sites around the perimeter of the meadow and outside the meadow, to serve as control samples. pH, electrical conductivity, and redox potential (Eh) were measured in situ using a Hanna multiparameter probe. Samples were then kept at −20°C until analysis in the laboratory.
Sample Analysis
Flood Water Analysis
A Hanna multiparameter probe was used to measure pH, electrical conductivity, redox potential (Eh), and salinity in situ in flood water in the two main meadows.
Plant Analysis
Prior to analysis, Zostera marina samples were washed in distilled water to remove all adhered materials. For each square, the number of bundles was counted to determine density. Subsequently, 15 bundles were randomly selected within each plot and divided into their hypogeal and epigeal portions. The hypogeal portion of each bundle was measured, the number of leaves was counted, and leaves were divided by maturity status from the outside towards the inside of the bundle, where new leaves sprout from the central portion, sheathed in one another. The following measurements were taken for each leaf within the bundle:
1. Category: 1: whole mature leaf, 2: large (>20 cm) immature leaf, 3: small (<20 cm) immature leaf, 4: broken leaf.
2. Leaf length,
3. Length of the petiole or base of the leaf (present only in mature leaves)
4. Leaf width (mid-leaf).
Moreover, biomass was measured as dry weight (at 105°C) both for the epigeal and the hypogeal portion, as well as total biomass. To determine organic C content and to perform isotope and elemental analyses, they were divided in 5-bundle groups (pooled sample), separating the epigeal and hypogeal sections, to reach sufficient weight for the required analyses. Each pool was ground using a Retsch MM400 electrical mill. From each ground hypogeal portion sample, 0.5 g were used to measure carbonate content using a BD brand, LOGL model digital calcimeter. A 6M HCl dissolution was used to dissolve carbonates. Total carbon content in plants was measured by combustion using a LECO CN828 autoanalyzer. Organic C content in the hypogeal portion was determined as the difference between total C content and carbonate content, while for the epigeal portion, total C was considered as organic C. Carbonates were absent from the epigeal portion, contrasting with the presence of carbonates found in the hypogeal portion.
The C stock associated with Zostera marina was calculated by multiplying the three carbon reservoirs (epigeal, hypogeal, and total) times the % of organic carbon and times the area of the plot (900 m2). In order to obtain comparable results, they were expressed in Mg (Mg = metric ton) C ha−1. Total biomass and total organic C were calculated by averaging the values from the hypogeal and epigeal portions.
Isotope ratios for δ13C (‰ vs. VPDB) and δ15N (‰ vs. Air) were analyzed at the University of A Coruña’s Research Support Services (Servicios de apoyo a la investigación, SAI) using a FlashEA1112 autoanalyzer (Thermo Finnigan) coupled with a Deltaplus isotope ratio mass spectrometer (ThermoFinnigan). Nitrogen percentages were also analyzed at the SAI.
Soil Analysis
Out of the 18 soil samples collected at each site, 10 were selected for the following depths: 0–2, 2–4, 4–6, 6–10, and 10–15 cm, and subsequently dried. From each section, 10 g were weighed and sieved to determine the proportion of gravel (>2 mm), coarse sand (2–0.20 mm), fine sand (0.20–0.05 mm), and clay and silt (<0.05 mm). Carbonate content, total C content, organic C content, and δ13C and δ15N isotope ratios, as well as elemental ratios, were determined using the same method as for plants. The remaining 8 samples from each site, 4 from control areas and 4 from meadows, were used to analyze soil bulk density [SBD (g cm−3) = Mass of dry soil (g)/volume (cm3)]. To this end, their height and width were measured, and they were weighed after drying at 105°C. In the 4 control samples, the percentages of carbonates, total C, and organic C present were also measured, along with isotopy and elemental ratios.
To obtain C stock in soil (SCS; Eq. 2), soil C density was first calculated (SCD; Eq. 1) (Howard et al., 2014).
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The mean %CO value for the first three sections of the 15 cm deep cores and the apparent density value of 5 cm deep cores were used to calculate the SCS value for the upper 5 cm.
To calculate total SCS in the Ría de Ferrol, SCS values from the Z. marina meadows in the O Segaño and San Felipe Núcleo sites were also included. The values for these two meadows were estimated based on the data obtained for Castelo de San Felipe, which is the closest meadow and shows similar environmental parameters.
Statistical Analysis
A t-Student test was used for biometric parameters of Z. marina, except for those that did not follow a normal distribution, for which a Mann-Whitney test was used. In the case of soil, granulometric data were analyzed using a t-Student test, while C stock data were analyzed using a one-way Anova.
RESULTS
Flood Water Parameters
Flood water from both sites was characterized by similar pH values between sites, as well as similar to seawater (pH ∼8.2; Table 1), and a high ion concentration resulting in a high electrical conductivity (54–55 mS cm−1) and salinity (Table 1), similar to seawater, which suggests a low influence of continental freshwater. Redox potential (Eh) showed mean values over 500 mV, which is typical of oxic environments.
TABLE 1 | Physicochemical properties of flood water.
[image: Table 1]Characterization of Soils of Z. marina Meadows
Soils from the O Baño meadow were characterized by mean pH values close to neutral (pH: 7.2 ± 0.1; Table 2), redox potential values typical of suboxic sedimentary environments (Eh 247 ± 70 mV), and electrical conductivity values notably lower than those of flood water (16 ± 4.3 mS cm−1). Granulometric composition was dominated by the sandy fraction, with an average proportion of 79.4%, which showed high contents of biogenic carbonates (21.0 ± 0.2%; mostly shells), and organic C content was 0.73 ± 0.24%.
TABLE 2 | Geochemical characterization and composition of the soils on which Zostera marina grows in the ría de Ferrol.
[image: Table 2]Soils from the Zostera marina meadow of Castelo San Felipe showed differences with respect to those from the O Baño population. pH (7.9 ± 0.2) and redox potential (Eh: 439 ± 18 mV) were higher, defining an environment with oxic conditions, consistently with their granulometric composition with a greater proportion of sand and lower organic C contents. Another substantial difference was the lower concentration of salts in soils from Castelo San Felipe than in those from O Baño.
Variability in Biometric Parameters of Zostera marina
Significant differences were observed in terms of shoot density (O Baño 351.1 ± 131 shoots m−2; Castelo San Felipe 139 ± 65.1 shoots m−2), leaf width (cm) (O Baño 0.51 ± 0.06 cm; Castelo San Felipe 0.60 ± 0.15 cm), petiole length (cm) (O Baño 9.13 ± 2.12; Castelo San Felipe 14.3 ± 4.77 cm), and leaf category, with category 3 as the predominant one in O Baño and category 4 in Castelo San Felipe. Conversely, no significant differences were found either in the number of leaves (O Baño 5.05 ± 0.44 shoots; Castelo San Felipe 5.16 ± 0.50 shoots), in their length (cm) (O Baño 22.2 ± 6.29; Castelo San Felipe 26.9 ± 8.9 cm; Table 3), or in rhizome length (cm) (O Baño 8.27 ± 1.57; Castelo San Felipe 7.35 ± 0.24 cm). Similarly, no differences were found for epigeal biomass (O Baño 49.4 ± 27.0; Castelo San Felipe 48.1 ± 33.4 g m−2), hypogeal biomass (O Baño 60.2 ± 33.9; Castelo San Felipe 41.5 ± 16.2 g m−2; Table 3), or total biomass (O Baño 109.6 ± 59.1; Castelo San Felipe 89.5 ± 46.3 g m−2; Table 3).
TABLE 3 | Biometric characterization of Zostera marina in the two main meadows of the ría de Ferrol. Different letters indicate significant differences between meadows.
[image: Table 3]Carbon Stock in Plant Biomass and in Soils
The C stock associated with Z. marina biomass did not show significant differences either for epigeal (O Baño 0.18 ± 0.12; San Felipe 0.17 ± 0.13 Mg C ha−1), hypogeal (O Baño 0.21 ± 0.12; Castelo San Felipe 0.12 ± 0.05 Mg C ha−1), or total carbon (O Baño 0.39 ± 0.23; Castelo San Felipe 0.30 ± 0.17 Mg C ha−1) (Figure 2).
[image: Figure 2]FIGURE 2 | Mean organic C ± SD (Mg C ha−1) in each location. (A) Organic C in leaves, (B) in rhizomes, and (C) total.
Carbon stock in soil (Figure 3) was significantly higher in the O Baño Z. marina meadow (4.58 ± 1.46 Mg C ha−1) than in the Castelo San Felipe one (2.27 ± 1.69 Mg C ha−1; t = 3.76; p-value = 0.005). Significant differences were also observed between O Baño and the Castelo San Felipe control site (0.30 ± 0.1 Mg C ha−1; t = 5.26; p-value <0.001). However, no significant differences were observed between the O Baño control site (2.51 ± 0.40 Mg C ha−1) and the Castelo San Felipe meadow (t = 0.29; p-value = 0.78). No significant differences were observed between the control sites (t = 2.27; p-value = 0.06) or between control sites and their corresponding meadows (O Baño t = 2.55; p-value = 0.07; Castelo San Felipe t = 2.42; p-value = 0.07) (Figure 3).
[image: Figure 3]FIGURE 3 | Mean organic C ± SD (Mg C ha−1) in each location.
Isotope Ratio (δ13C, δ15N) in Plants and in Soils
No significant differences in terms of δ13C content were observed in any of the sites, either for the epigeal (δ13C: O Baño −8.67 ± 0.51‰; Castelo San Felipe −8.87 ± 1.32‰) or the hypogeal portion of plants (δ13C: O Baño −10.00 ± 0.82‰; Castelo San Felipe −9.83 ± 0.95‰). Likewise, no significant differences in terms of δ15N content were observed for the epigeal (δ5N: O Baño 5.83 ± 0.80‰; San Felipe 6.43 ± 0.49‰) or the hypogeal portion of plants (δ5N: O Baño 5.57 ± 0.31‰; Castelo San Felipe 6.43 ± 0.50‰).
As for soils, δ13C did not show any significant differences between meadows and their matched control sites (δ13C: O Baño −22.25 ± 1.71‰ and O Baño control site −22.17 ± 0.47‰; Castelo San Felipe −5.40 ± 5.41‰ and Castelo San Felipe control site −6.60 ± 2.66‰). However, there were differences between both meadows (δ13C: O Baño −22.25 ± 1.71‰; Castelo San Felipe −5.40 ± 5.41‰). A similar situation was found for δ15N: there were no differences between soils from each meadow and their matched control site, but differences were observed between the two meadows (δ15N: O Baño 5.32 ± 0.075‰ and O Baño control site 5.10 ± 0.27‰; Castelo San Felipe 5.73 ± 0.39‰ and Castelo San Felipe control site 5.57 ± 0.15‰).
DISCUSSION
C Stock in Zostera marina Biomass
Considering the area occupied by each one of the four meadows present in the Ría de Ferrol, blue carbon associated with Z. marina in the Ría de Ferrol was 4.25 Mg C, with the highest values found in the O Baño meadow, with 3.56 Mg C, followed by Castelo de San Felipe (0.44 Mg C), O Segaño (0.20 Mg C), and San Felipe Núcleo (0.05 Mg C). Carbon stocks in the O Segaño and San Felipe Núcleo meadows were estimated from the values obtained for the closest meadow: Castelo de San Felipe. The value obtained for biomass-associated carbon, 0.37 Mg C ha−1, was lower than the value observed in the Eastern Atlantic by Röhr et al., 2018 (1.29 Mg C ha−1; Table 4), who recorded C stock data for a wide range of Z. marina meadows across its entire distribution area. Mean density in the Ría de Ferrol was found to be much lower than the expected values for Western Atlantic Zostera marina meadows (774 ± 275 shoots m−2). These values were closer to those established for the Mediterranean Sea, Western Pacific, and the Korean coast (Kim et al., 2022; Table 4), the areas with the lowest density values. Epigeal biomass is much lower than any values described by said authors (Table 4). However, hypogeal biomass values were similar to previously detected, although they were at the lowest end of the range.
TABLE 4 | Biometric parameters and organic C stock in soils from different geographic sites with Zostera marina in relation with meadows of the Ría de Ferrol.
[image: Table 4]As for leaf category, petiole length, and rhizome length, no detailed studies have been found. Our results allowed inferring that Castelo San Felipe showed more mature leaves (petiole length: 14.3 cm; category 4) than O Baño (petiole length: 9.13 cm; category 3). Moreover, our results showed a high biometric variability between both meadows, consistently with previous studies (Samper-Villarreal et al., 2016; García-Redondo et al., 2019). Said variability is common in the studied species due to its phenotypic plasticity, enhanced by spatial and seasonal variations (Samper-Villarreal et al., 2016; Bertelli et al., 2021), which makes data extrapolation difficult.
In our case, biometric variables have been observed to relate to plant biomass and to its C stock. Leaf length, which did not show any significant differences between the two meadows, appears to be a good predictor for epigeal biomass, as well as for epigeal and total carbon stock (Figure 4). Shoot density was highly correlated with hypogeal and total carbon stock (Figure 4). Therefore, correlations were obtained between biometric variables and carbon content in plants, as observed in other studies (Kennedy et al., 2010; Samper-Villarreal et al., 2016).
[image: Figure 4]FIGURE 4 | Individual relationships between (A) total and leaf carbon content (Mg C ha−1) and leaf length (cm); (B) total biomass (g m−2) and leaf length; and, (C) total and rhizome carbon content and shoot density (m−2).
Conversely, no correlation has been observed between biometric parameters and soil C stock. Kennedy et al. (2010) observed that carbon inputs from seagrass meadows into soils accounts for around 50% of total C. Nevertheless, other authors obtained lower estimates. Samper-Villarreal et al. (2016) observed that the meadow’s carbon contribution to the substrate depended on the environment’s physical characteristics (e.g., water turbidity and depth), ranging from 11.4% to 44.5%, while Röhr et al. (2016) observed that inputs from Z. marina explained 10.9% of variations in the substrate’s carbon stock.
Blue Carbon in Seagrass Meadow Soils
Carbon stock values in soils of Z. marina meadows were 41.7 Mg C in O Baño, 3.36 Mg C in Castelo San Felipe, 1.45 Mg C in Segaño, and 0.39 Mg C in San Felipe Núcleo, which adds up to a total 46.9 Mg C for the whole ria, or 4.11 Mg C ha−1 when expressed per unit of area, taking into account the upper 5 cm of the soil layer. Extrapolating to a soil depth of 100 cm and based on the assumption of homogeneous carbon, thus allowing for result standardization (Lavery et al., 2013; Howard et al., 2014; Röhr et al., 2018; Prentice, et al., 2020; Kim et al., 2022), carbon stock was estimated at 82.14 Mg C ha−1.
Soil carbon stock was higher than expected for Eastern Atlantic meadows, as well as for meadows in the Western Atlantic and in most areas of the world (Table 4). The sum of carbon contained in Z. marina biomass and the carbon stock in soil was 4.48 Mg C ha−1 for the upper 5 cm and 82.5 Mg C ha−1 for the upper 100 cm, which suggests that the plant portion accounted for 8.25% of total C, a value within the ranges described by other authors (Kennedy et al., 2010; Röhr et al., 2016; Samper-Villarreal et al., 2016).
Our results show great differences between carbon stock in soil and in meadows, suggesting that organic carbon in the substrate can have other origins besides the meadows themselves. The origin of organic carbon in soil can be inferred based on different proxies, such as isotope ratios (δ13C and δ15N) or the C/N ratio; based on these ratios, the marine or continental origin of organic matter in soils and sediments can be inferred (for additional details, see García Moya, 2014; Lamb et al., 2006; Kennedy et al., 2010; Röhr et al., 2018; and Samper-Villarreal et al., 2016; Figure 5). According to these ratios, organic carbon in the O Baño meadow could receive continental inputs of organic matter, while in Castelo San Felipe, organic matter seems to have an oceanic origin.
[image: Figure 5]FIGURE 5 | Typical δ13C and C/N ranges for organic matter inputs to coastal environments, together with data obtained from leaves, rhizomes, and soil in both meadows and in control sites. Data compiled from: Lamb et al. (2006), García Moya (2014), and Fourqurean, et al. (1997).
In the O Baño site, the low value obtained for δ13C (−22.25‰) and the high C/N ratio (18.58) were similar to those observed for C3 terrestrial plants, while in Castelo San Felipe, the higher values for δ13C (−5.40‰) and the lower C/N ratio (8.49) seem to suggest a marine source of organic matter (Kennedy et al., 2010) (Figure 5). Previous studies have observed that, due to the scarcity of nitrogen and to the fact that the light isotope does not tend to remain, the values of δ15N tend to be higher in sheltered meadows than in exposed ones (Fourqurean et al., 1997; Kennedy et al., 2010; Samper-Villarreal et al., 2016). In our case, the variability observed was minimal, and the correlation was not found, given that values in O Baño (5.3‰) were lower than in Castelo San Felipe (5.7‰).
Finally, it is worth noting that the difference in C/N ratios between O Baño and Castelo San Felipe may also be influenced by their location (Fourqurean et al., 1997). Since O Baño is located towards the innermost area, terrestrial matter tends to be deposited, and its low nitrogen contents (due to the presence of lignin and cellulose) result in high C/N ratios (Fourqurean et al., 1997). The low exposure levels lead to a bottom with a silt-clay granulometry, which promotes a higher degree of recalcitrance, in addition to favoring organic matter stabilization and retention, which could lead to a greater carbon stock. In Castelo San Felipe, the values obtained for the C/N ratio could be influenced by horizontal export processes due to exposure (Lamb et al., 2006; Röhr et al., 2016).
CONCLUSION
Blue carbon associated with Zostera marina biomass in the Ría de Ferrol (0.37 Mg C ha−1) was much lower than soil carbon stock (4.11 Mg C ha−1) and clearly lower than values observed in meadows of this species. However, soil carbon stock in the Ría de Ferrol for the upper 100 cm (82.1 Mg C ha−1) was higher than the data described by other authors for most meadows worldwide, likely as a consequence of inputs of organic matter of terrestrial origin received at some sites, as isotope ratios and C/N ratios seem to suggest. However, a more detailed characterization of the composition of organic matter (e.g., by NMR or pyrolysis) could help more accurately confirming its origin.
A high spatial variability was observed between both sites in terms of carbon stock in the substrate, which is related to the characteristics of the environment in which the meadows grow (e.g., degree of exposure to marine currents or content of silt).
Finally, the high correlation observed between certain biometric parameters of the plants, such as leaf length, and biomass carbon stock in meadows can constitute a good predictor to estimate the blue carbon globally associated with Z. marina meadows. Further studies in different geographical areas and during different seasons could provide additional data that are essential to develop models for a more accurate estimation of global carbon content in seagrass meadows.
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Common name Chemical structure Chemical formula Molecular weight Log Kow PKa Water solubility

(g mol™") (mg L™)
Amoxiailln® m ] CigH1oN:0sS 3654 087 323-7.22 3430
Amoxicillin 0)\ o
Azithromycin® CaeHraN:012 7490 402 12.53-9.57 237

“Solliec et al. (2016), Ghirardini et al. (2020).
bGhirardini et al. (2020), Talaiekhozani et al. (2020).





OPS/images/sjss-12-10438/sjss-12-10438-t002.jpg
Amoxicillin

pH 4.0
pH 55
pH 7.2

Adithromycin

pH 4.0
pH 55
pH 7.2

k()

0.0791 + 0.0037
0.0701 + 0.0008
0.0900 + 0.0026

0.0028 + 0.0002
0.0015 + 0.0001
0.0016 + 0.0002

ty2 (h)

8.8
9.8
Tz

250.2
455.9
440.7

R?

0.995
0.999
0.993

0.983
0913
0.928
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Parameter

Density (Shoot m™?)
Number leaves

Leaves length (cm)
Leaves width (cm)

Petiole length (cm)
Rhizome length (cm)
Leat biomass (g m™?)
Rhizome biomass (g m?)
Total biomass (g m™)

0 Bafio

3511 £1313a
5.06 +0.44 a
222+629a
0.51+0.06a
9.13+212a
827 +157a
494 +270a
602+339a
109.6 £ 59.1 a

Castelo san Felipe

1389+ 65.1b
516+050a
269+89a
0.60+0.15b
143+477b
736x124a
48.1+334a
415+162a
89.5+463a
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Sites

Baltic sea

Black sea

Eastern Alantic
Western Atiantic
Eastern Pacific
Western Pacific
Kattegat-Skagerrak
Mediterranean Sea

South Korean Coast
East Korean Coast
West Korean Coast
Ria Ferrol

Density Leaf biomass Rhizome biomass Organic C leaf & rhizome Soil 0.C stock
Shoot m2 gm? gm= Mg C ha™ Mg C ha™'
397 + 63 118+ 17 102 £ 19 0.79 231
736 + 459 120 + 56 72232 063 29
774 £ 275 78+ 10 264 + 134 129 55.4
381+ 202 183 + 46 180 = 41 1.00 54
549 + 316 232 + 61 111 £ 47 107 69.4
287 + 80 194 + 58 56+ 16 0.86 9.7
319+ 35 129+ 15 125+ 26 08 1945
228555 7314 144 £ 40 062 351.7
154 £ 22.0 303 + 43.5 Tt 8 = 491
219+30.2 3718857 672124 - 585
265 + 16.1 3314211 45.15 £ 6.7 = 73
D45 + OR D 488 + 300 50.9 + 950 037 a0 14
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Fe
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Cu
Cr
Co
Ni
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Pb

Pseudo-total concentration,
mg kg™

83
1.0
6.1
11
23
0.03
0.32
0.006
1.0

DTPA extractable concentration,
mg kg™

0.077
0.0085
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0.0098
0.011
0.0004
0.0036
0.0001
0.0007

Mehlich-3 extractable concentration,
mg kg™

0.345
0.044
0.216
0.044
0.0061
0.0013
0.014
0.0003
0.034

0.01 M CaCl, extractable
concentration, yg kg™

245
0.36
201
0.45
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0.0080
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0.0016
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Lithological GRL (edaphogeochemical Lithological GRL Risk-based GRL Risk-based GRL Average concentration
background) (edaphogeochemical background) for slate soils in the earth crust
for slate soils

Fe, mg kg™ 50,000
Mn, mg kg™" 850 850

Zn, mg kg™ 100 300

Cu, mg kg™' 45 50

Cr, mg kg™ 80 8 80 85

Co, mg kg™' 40 40

Ni, mg kg™' 65 80 75 80

Cd, mg kg™ 0.25 2

Pbmg kg™’ 56

100
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Chemical classification

Organophosphate insecticides,
fungicides and herbicides

Carbamate insecticides, fungicides
and herbicides

Inorganic fungicides and insecticides
Conazole fungicides
Pyrethroid insecticides

Dithiocarbamate fungicides
Organochiorine insecticides and
acaricides

Sulfonylurea herbicides

Amide fungicides and herbicides
Triazine herbicides

Benzoylurea insecticides

Urea herbicides
Chioroacetanilide herbicides

Soll steriizers

Active substances (mode of action)

Authorized

Dimethoate (), Fenamiphos (), Chiorpyrios (), Malathion (),
Methyl chlorpyrifos (), Ethoprophos (), Pyrimiphos-methyl (1),
Glyphosate (H), Sulfosate (H), Fosetyl (F)

Pirimicarb (), Iprovalicarb (F)

Inorganic sulphur (F), Calcium oxide powder (F), Bordeaux
mixture (F), Copper oxychloride (F)
Tebuconazole (F), Difenoconazole (F), Penconazole (F)

Detamethrin (), Teflutrin (), Lambda cyhalothrin (),
Cypermethrin ()
Metiram (F), Ziram (F)

lodosuifuron (H), lodosulfuron-methyl-sodium (H),
Mesosulfuron-methyl (H), Nicosulfuron (H)
Metalaxyl (), Metalaxyl-M (), Zoxamida (F)
Terbuthylazine (H)

Diuron (H), Linuron (H)
S-Metolachlor (H)
Metam-sodium (S), Metam-potassium (S)

Mode of action: |, insecticide; A, acaricide: H, herbicide: F, fungicide; S, soil sterilizer.

Not authorized

Parathion (I), Methy! parathion (1), Trichlorfon(), Demethon (O +
S) ()

Fenthion (), Demethon-S-methyl (), Phosalone (1), Methidathion (),
Aziniphos-methyl (1), Foxime (1), Vamidothion (1), Diazinone (1),
Acephate (), Heptenophos (), Ethion (), Fenitrothion (),
Methamidophos (), Phosmet (), Glufosinate (H)

Carbaryl (), Propoxur (), Ethiofencarb ()

Carbofuran (), Aldicarb (), Asulam (), Methiocarb (),
Fenoxycarb ()

Lead arsenate (), Barium polysuiphate (F), Sodium arsenite (),
Carbon disuiphide (), Potassium suiphide (F), Carbon powder (F)
Triadimefon (F), Bitertanol (F), Hexaconazole (F), Triadimenol (F),
Cyproconazole (F)

Cyfluthin (), Fenvalerate (),

Permethrin ()

Zineb (), Mancozeb (F), Thiram (F), Propineb (F), Maneb (F)
Hexachlorobenzene (), HCH (), DDT (), Lindane (gamma-HCH) (),
Heptachior (), Endosulfan (), Tetradifon (&)

Triasufuron (H)

Dimenthenamide (H), Benalaxyl (F)

Anilzine (H), Simazine (H), Atrazine (H), Terbutryn (H)
Flufenoxuron (), Difiubenzuron (), Triflumuron (), Lufenuron ()
Metabenzthiazuron (H), Isoproturon (H)

Alachlor (H), Metolachlor (H), Acetochior (H)
1,3-Dichloropropene (DD) (), Methyl bromide (S)
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Soil 3 5 10 12

pHw 56 57 52 5.1
PHoi 48 49 47 45

C (%) 11 48 32 68

N (%) 0.18 0.40 0.41 059
CN 6.1 120 78 15
eCEC (cmol. kg™ ') 6.0 174 4.1 55
OC (mg kg™) 2431 3329 327.1 3184
sand (%) 44 58 55 34

Silt (%) 33 20 28 38
Clay (%) 23 22 17 28
Texture loam  Sandy clayloam  Sandyloam  Clay loam
Feo (g kg ™) 22 238 89 89
Al (g kg™) 1.0 53 31 87

pHy is pH measured in water; pHc is pH measured in 0.1 M KCI; C is total carbon;
6CECis Cationic Exchange Capacity; OC s organic carbon; Al Fe,: Aland Fe extracted
A I,
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Fe
Mn
Zn
Cu
Cr
Co
Ni
Cd
Pb

Different letters denote significant differences (p < 0.05) among depths.

0-5cm

-1.01 £ 0.29
-0.71 £1.03
-0.88 + 0.68
-1.70 + 0.89
-1.02 £ 0.39
-212+£0.70
-201 £ 0.65
0.03 +0.81%
-292+0.78

5-10cm

-094 +0.26
-0.88 + 0.94
-092 + 0.562
-1.70 + 0.96
-0.95 + 0.34
-2.07 + 0.63
-192 + 0.56
0.05 + 0.90*
-291+0.68

10-20 cm

-1.01 035
-1.06 +1.02
-1.21£077
-1.82£1.01
-0.94 + 0.49
-2.16 0,60
-1.79 £ 0.63
-0.44 + 0.82°
-2.92+0.82

20-40 cm

-093 +0.26
-094 094
-1.16 £ 0.67
-1.83+ 1.06
-078 + 0.51
-1.99£ 0,63
-1.53+0.70
-0.89 + 1.19°
-3.20 £ 0.87
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Metal, units

Fe, mg kg™
Mn, mg kg™'
Zn, mg kg ™'
Cu, mg kg~
Cr, ug k™'

Co, mg kg™
Ni, mg kg™

Cd, ug k™!
Pb, mg kg™'

n.

not significant.

Equation

y=-7.529 + 0859 x
y=0418+ 0911
y = -0.283 + 0.925 x
y =0.223 + 0.463 x

y =0.062 + 0.484 x
y=0.078 + 1.170 x
y =5.028 + 0.938 x
y =0.224 + 0.633 x

2

0.789
0.933
0.950
0.590

0.754
0.881
0.878
0.593

Significance

<0.001
<0.001
<0.001
<0.001
ns.
<0.001
<0.001
<0.001
<0.001
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Metal Equation
Fe y = 110.205 + 0.333 x
Mn y = 10871 +0.009 x
Zn

Cu ¥ =059 +0.210
Cr y=14.831 + 3.650 x
Co y=0.106 + 0.011 x
Ni y =0.368 + 0,016 x
cd

2

0.094
0.371

0.663
0.121
0.165
0.078

Significance

<0.01
<0.001
ns.
<0.001
<0.01
<0.001
<0.05
ns.

The units are mg kg™ for DTPA extraction and ug kg™ for CaCl, extraction, excepting

Cr, where units are ug kg~ for both extractions. n.s.

ot significant.
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Mn
Zn
Cu
Cr
Co
Ni
Cd
Pb

Different letters denote significant differences (p < 0.05) among depihe.

0-5cm

1567 +£1.10
116+ 0.41
0.70 + 0.35
095 + 0.16
049 + 0.18
042 £ 0.12°
237+ 158
0.30+0.16

5-10cm

1.34 +0.88
1.10 £ 0.32
0.72 £ 0.37
1.00 £0.18
0.50 + 0.16
0.45 +0.11°
246 + 1.74
0.30 £ 0.17

10-20 cm

129 +1.20
0.98 + 0.52
0.73 £ 0.58
1.03 027
0.49 + 0.24
051  0.22%
1.73+1.32
0.31 £0.17

20-40 cm

1.31 £ 097
1.01 £ 053
0.71 + 0.50
1.16 £ 0.35
0.56 + 0.22
0.62 + 0.26°
152+ 147
0.26 + 0.17
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Profile Horizon

FL (e

AC
2A
2AC
2BC
3BC
3C

MF A
Bhs

Bs
2cB

3C

RV A
B

2A

2AB

2B

2C

°n is the number of samples for each soil horizon.
®bH,, and pHy are soil pH in water and in saline solution.

Depth
cm

0-10
10-30
30-50
50-60
60-74
74-90

90-150
160-185

0-38
38-48
48-68

68-100
100-190

0-43
43-75
75-95

95-110
110-140
140-155

°C, is the pyrophosphate-extracted C.

9BS is the sum of base cations (Ca, Mg, Na, K) and Alx is the exchangeable Al.

ON SN ® WO a N

SRS

oH,,

4.7
4.8
5.1
4.8
4.7
4.7
46
4.9

4.8
5.0
5.0
5.1
52

4.8
4.8
4.7
4.7
4.8
4.8

PHk

43
39
41
42
43
4.4
45
44

36
43
44
45
43

42
45
44
45
43
4.0

c s 9BS Al
cmol, kg™

208 103 15 005 59 13
1.3 74 07 005 13 65
50 43 03 002 03 43
57 5.1 03 001 03 37
45 22 02 001 02 40
32 29 0.1 001 02 1.9
24 15 0.1 001 02 1.8
06 00 00 000 02 07
109 59 06 003 16 52
3.0 1.7 0.1 0.01 0.2 21
39 32 02 0.01 0.3 241
16 1.0 01 000 02 13
0.6 0.1 0.0 0.00 0.4 1.2
77 57 05 003 06 42
45 39 03 002 04 18
3.1 22 02 001 04 17
1.2 09 0.1 001 04 1.4
03 0.1 00 001 04 15
0.1 00 00 001 03 18
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AC
2A
2AC
2BC
3BC
3C

MF A
Bhs
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2B
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2C

°n is the number of samples for each soil horizon.

Depth “n Al Al SAL: "Fe, Fe, PFey “Hgr °YHGrres
cm gkg™ ug kg™ mg m*
0-10 1 47 4.8 52 4.9 58 74 169 8.6
10-30 2 44 47 58 47 65 69 17 202
30-50 2 46 55 57 4.9 49 6.3 44 7.0
50-60 1 86 100 107 7.4 9.0 29 79 66
60-74 1 89 9.8 12.8 53 6.4 73 a1 10.0
74-90 1 68 99 106 24 25 38 a7 7.0
90-150 3 6.3 93 16.2 1.2 w 1.7 36 226
150-185 3 22 30 17.5 06 08 27 15 57
0-38 3 44 52 59 48 7.4 88 139 293
38-48 1 67 7.7 102 46 8.1 9.4 52 35
48-68 1 1.3 133 18.9 28 37 68 3 1.3
68-100 2 47 20 93 16 22 48 40 99
100-190 6 24 44 18.3 15 1.9 60 22 125
0-43 4 9.4 100 1.9 73 75 125 113 29.0
4375 6 90 150 16.2 7.2 86 14.2 129 325
75-95 3 57 100 148 34 39 75 88 133
95-110 2 27 57 13.7 12 16 40 28 30
110-140 2 13 28 16.7 0.8 12 31 15 4.1
140-155 1 07 1.4 17.5 04 06 27 9 15

460.4
199.0
725
135.3
137.3
83.4
58.2
204

59.4
446
233
13.7
9.4

32
5.0
23
04
-0.5
-06

Al (Fe,), Al (Feo), Al and Fe are Al (Fe) extracted with Na-pyrophosphate (p), ammonium oxalate-oxalic acid (0), Al extracted with Na hydroxide (n) and Fe extracted with Na-dithionite-

citrate (), respectively.

°Hgr and Hg,es are total mercury content and the mass of total Hg in areal basis for each whole horizon.
.4 are the mass transfer coefficients of Hg for each whole horizon.
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PC1—PC4: components.

PC1

0.97
0.96
0.92
0.91
0.90
0.84
0.83
0.78
074
-0.69
-0.10
0.12
0.15
-0.09
0.47
-0.39
0.30
0.29
0.16
-0.35
0.12
-0.56
-0.10
-028
86
35.6

PC2

0.18
021
0.01
0.21
-0.18
0.07
0.43
0.22
0.26
0.33
0.93
0.93
0.91
0.89
0.76
-0.76
0.72
0.70
0.63
0.51
0.31
-0.07
0.29
-0.45
T4
29.6

PC3

0.09
0.14
0.33
0.01
-0.15
0.45
0.26
0563
0.54
-0.53
-0.19
0.12
o1
-0.01
032
-0.31
0.30
0.46
017
-0.48
0.70
-0.57
-0.34
0.08
3.0
127

PC4

0.01
-0.01
-0.07

0.08
-0.01
-0.09

0.08
-0.12
-0.13

0.02

0.1

0.15
-0.06

0.26
-0.09

0.15

0.49

0.42

0.72

0.01

0.04

0.31

0.84

0.49

22

91

Com

0.98
0.98
0.96
0.89
0.86
0.93
0.96
0.96
0.93
0.87
0.93
0.92
0.86
0.86
0.90
0.84
0.94
0.95
0.97
0.62
0.60
0.76
0.91
0.53

Com: communality, proportion of the variance of each parameter explained by the.
extracted components.

Eigy: eigenvale.

Var: percentage of variance explained by each component.
Soi properties determining each principal component (PC) appear in bold.





OPS/images/sjss-13-11192/math_qu1.gif
Hgpeu a=HgrxByxlyx (1 -C)





OPS/images/sjss-13-11192/math_qu2.gif





OPS/images/sjss-13-11192/sjss-13-11192-g001.gif





OPS/images/sjss-13-11192/sjss-13-11192-g002.gif
TR T






OPS/images/sjss-13-11192/crossmark.jpg
©

|





OPS/images/sjss-13-11192/math_1.gif
Hgpeq = 705+ 36.1°PC1 + 28.9°PC2 + 13.1"PC4 (1)





OPS/images/back-cover.jpg
The Spanish Journal of Soil Science is a peer-reviewed journal
with open access for the publication of Soil Science research.

Discover more of
our Special Issues






OPS/images/sjss-13-11197/sjss-13-11197-g003.gif
VORGSR e e e sam e e sew






OPS/images/sjss-13-11197/sjss-13-11197-g004.gif





OPS/images/sjss-13-11197/sjss-13-11197-g005.gif
D Conszoles £ Suponyhuess F Trszines

G Orgmaptosphites . Oraavochlorines 1 Chiooscetmilides






OPS/images/sjss-13-11197/inline_3.gif
T (MA or coyCul;





OPS/images/sjss-13-11197/math_1.gif
AUounerco, = Y (Sl x Toarcoenl) (1)





OPS/images/sjss-13-11197/sjss-13-11197-g001.gif





OPS/images/sjss-13-11197/sjss-13-11197-g002.gif





OPS/images/sjss-13-11197/crossmark.jpg
©

|





OPS/images/sjss-13-11197/inline_1.gif
AUMAorco);





OPS/images/sjss-13-11197/inline_2.gif





OPS/images/title.jpg





OPS/images/sjss-13-10799/sjss-13-10799-g004.gif





OPS/images/sjss-13-11108/crossmark.jpg
©

|





OPS/images/sjss-13-10799/math_1.gif





OPS/images/sjss-13-10799/sjss-13-10799-g001.gif





OPS/images/sjss-13-10799/sjss-13-10799-g002.gif
o’





OPS/images/sjss-13-10799/sjss-13-10799-g003.gif
ol

$ ael

.

W






OPS/images/sjss-12-10741/sjss-12-10741-t004.jpg
Mixtures Spring

RM1 - Mixture 1
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RM4 — Mixture 3

Mixtures Autumn

RM1 - Mixture 1
RM1 — Mixture 2
RM1 — Mixture 3
RM2 — Mixture 1
RM4 — Mixture 1
RM4 — Mixture 2
RM4 — Mixture 3
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pH (KC)
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Clay (%)
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Al emol kg™
eCEG cmol kg™
Al (%)

P mgkg™

C (%)

OM (%)

N (%)

CN

Fe ox (mg kg ™)
Fe pir (mg kg ™)
Al ox (mg kg™')
Al pir (mg kg™")

Soil under com

RM1

7.90 + 0.10c
7.67 = 0.07d
53.95 + 3.90b
28.53 + 3.890
17.52 + 3.29a
47.28 + 5.80c
3.06 + 0.86b
0.70 + 0.30b
1.38 + 0.67b
002 +0.01a
52.43 + 6.990
005 +0.02a
181.89 + 27.47¢
7.56 + 1.54b
13.04 £ 2.66b
0.55 + 0.15¢
14.07 £ 1.39b
4,929 + 133%b
2,552 + 585b
7235 + 2552a
3,392 + 1012b

RM2

5.32 + 0.28a
4.71 £0.18a
46.24 + 5.41a
32.99 + 6.06¢c
20.77 + 1.69ab
5.30 + 0.84a
1.04 + 0.09a
0.20 + 0.05a
0.19 + 0.03a
0.51 +0.35¢
723 +0.75a
7.23 +4.92¢
16.09 + 1.85a
353 +0.21a
6.08 + 0.36a
0.36 + 0.03b
9.85 +0.51a
8,161 + 2030d
3,362 + 319¢
1,632 + 11702
1,400 = 140a

Soil under vineyard

RM4

553 + 0.42a
5.29 + 0.50b
49.16 + 6.64ab
28.36 + 3.34b
2248 + 4.45b
8.85 + 5.47ab
0.88 + 0.35a
0.05 + 0.05a
0.42 + 0.20a
0.26 + 0.24b
10.46 + 5.83a
3.50 + 3.48b
5209 = 12.27b
356 + 1.55a
6.13 + 2.67a
0.34 + 0.12ab
10.26 + 0.70a
6010 + 646¢
3,281 + 224¢
4,561 + 23420
3,189 + 1135b

RM4

7.01+0.130
6.45 + 0.19¢
67.73 + 2.34c
1563 + 2.41a
16.64 + 2.90a
11.01 +2.77b
0.88 +0.31a
015 +0.11a
047 +0.16a
003 + 0.01a
12.54 + 3.16a
027 +0.27a
25.33 + 9.99a
390 +0.83a
6.72 = 1.44a
0.24 + 0.06a
16.66 + 1.48¢
2,450 + 4882
1,396 + 267a
4,126 + 948b
2,548 + 633b
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Reference Nutrient criteria
05-1.0mg TN L™
100pg TPL; 27 mg TN L'
1.63mg TN L™ (71-4.19), 32 g SRP L™ (18-68)
1.79mg N L' (1.02-4.04), 40 ug L™ (19-78)
10-12 g TPL™!
1.0-25mgN L

Gamargo and Alonso (2006)
Carleton et al. (2009)
Poikane et al. (2021)

Stevenson et al. (2008)
de Vries et al. (2013)

TP. Total phosphorus: SRP. soluble phospharus: TN, total nitrogen.

Approach for establishing criteria

Protect aquatic ecosystems from eutrophication and acidification
Prevent nuisance level of periphyton and cyanobacteria

Good moderate ciass boundary low alkalinity lowland rivers

Good moderate class boundary low alkalinity upland rivers

Protect high-quality biological conditions in streams (Mid-Atiantic Highlands)
Protect aquatic ecosystems from eutrophication and acidification
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Variable Mann-Kendall test

NOs™ (kg ha™" year™") -120
TP (kg ha™' year™) 0.33
PP (kg ha™' year™) 0.00
DP (kg ha™" year™") -0.11
NO5™ (mg L™) -099
TP (g L) 055
PP (ug L™") 055
DP (ug L") 0.88

Sen’s slope

-0.485
0.001
0.001
0.000

-0.018
0277
0.176
0.154

A positive Sen's slope reveals increasing values, whereas a negative siope indicates

decreasing vaiues.
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NO3 ™ PP

Variable Sen’s slope Sen’s slope Sen’s slope
Autumn -1.86" -0.400 -1.31 0.003 -1.42 -0.002
Winter 077 0.194 099 0003 153 0002
Spring -033 0040 000 0.000 033 0.000
Summer -1.09 -0.052 000 0.000 000 0.000
October -219* -114.638 -1.42 -0.582 -1.42 -0.540
November -153 ~199.571 -164 -1.773 -1.86" -1376
December -1.64 -372.652 -1.09 -2.275 -1.09 -0.628
January 055 72,032 131 1.558 099 1.253
February 088 104815 131 1.963 153 2,083
March 044 80.935 044 0.486 033 0224
Apri -0.22 28,660 099 1.038 055 0243
May 142 -63.505 -077 -0.349 -1.09 -0.289
June -0.83 -47.283 -0.44 -0.092 -0.83 -0.172
July -0.66 -32.810 -0.66 -0.156 -0.66 -0.072
August -1.09 16,652 -0.99 -0.074 -0.33 -0.022
Septermber 186 -34.130 -1.86° 0114 153 -0.044

A posilive Sen's slope reveak increasing values, whereas a nagative slpe indicates decreasing values. Significance levet * 0.05: *: 0.1.
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Variable

Autumn
Winter
Spring
Summer
October
November
Decernber
January
February
March
Apri

May

June

July
August
Septermber

NO3- PP
Sen’s slope Sen’s slope Sen’s slope Sen’s slope
-1.31 -0.080 -0.33 -0.136 -055 -0.342 022 0093
o1 0007 2.30* 1.006 153 0.832 077 0.168
-022 -0.003 044 0228 -0.11 -0.023 1.53 0.150
0.00 0006 142 0393 131 0.202 -022 -0.056
-153 -0.088 -077 -0.855 -1.20 -1.135 -022 -0.137
-1.75 -0.124 -066 -0.873 -1.09 -1.239 0.00 -0.024
-066 -0.084 077 0458 0.11 0.173 1.31 0285
033 0011 131 1659 0.77 0.872 0.00 -0.012
000 -0011 120 0939 0.99 0.696 0.66 0.165
0.00 0002 000 -0.076 -0.33 -0.269 1.42 0244
-120 -0031 011 0.144 0.1 0.128 1.31 0.165
-022 -0.007 033 0.129 -033 -0.320 1.42 0251
-022 -0013 022 0209 0.00 -0.005 175 0.136
055 0014 022 0215 0.00 0016 -022 -0.031
0.44 0033 066 0.208 142 0.284 -033 -0.064
0.44 0017 1.31 0.196 0.88 0.133 077 0220
A posilive Sen's slope reveak increasing values, whereas a nagative slpe indicates decreasing values. Significance levet * 0.05: *: 0.1.
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